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Abstract 
Water resource management operations have significantly modified river flow regimes globally, 
prompting widespread lotic ecosystem responses. There is a growing need to better understand how 
increasingly prevalent hydrological alterations to riverine systems will affect biota dependent on 
specific elements of river flow regimes. This thesis examines macroinvertebrate community responses 
to river flow regimes modified by various water resource management operations across southwest 
England though four detailed investigations. The first study examines the influence of river 
impoundments and how macroinvertebrate communities differ between regulated and non-regulated 
sections of river. Findings from this investigation highlight that flow regulation alters the structure and 
function of faunal assemblages due to significant changes to the flow regime, rather than stream 
temperature modifications associated with the reservoirs. The second study focusses on groundwater 
dominated headwater streams transitioning from temporary (i.e. reaches periodically drying – 
positioned furthest upstream) to perennial flow conditions which are subjected to variable groundwater 
abstraction intensities. The results indicate that macroinvertebrate communities respond significantly 
to the duration of antecedent flowing conditions and the spatial proximity of sampling sites to perennial 
sources; but faunal assemblages are not sensitive to groundwater abstraction. The third study examines 
how communities inhabiting different organic and mineralogical lotic habitats (biotopes) responded to 
multiple river flow properties (hydrological indices, anthropogenic flow alteration measures and 
hydraulic variables) in perennial, groundwater dominated systems. The findings highlight that faunal 
assemblages are most responsive to local hydraulic conditions measured at the point of sampling, rather 
than antecedent hydrological conditions. The influence of hydraulic properties on communities differs 
between lotic habitats, highlighting that mineralogical and organic characteristics of riverbeds strongly 
mediate how biota respond to flow. The final study presents the results of a long-term (1995-2016), 
region-wide (spanning Dorset, Hampshire and Wiltshire) examination of macroinvertebrate 
communities inhabiting groundwater dominated rivers and their responses to hydrological variability 
(including extreme low- and high-flow events) and anthropogenic flow alterations. The results indicate 
that indices characterising the proportion of discharge added to (through effluent water returns and low-
flow alleviation strategies) or removed from the river (via groundwater abstraction) exert profound 
effects on faunal assemblages over long-term periods. These results provide empirical evidence that 
reductions in river discharges via groundwater abstraction of approximately 15% have no perceptible 
negative ecological effects on macroinvertebrate communities. The results from the four detailed 
investigations are used to develop conceptual models to illustrate how research undertaken within this 
thesis can be applied more widely. The findings and study designs presented within this thesis could 
inform surface and groundwater water resource management operations and underpin the development 
of environmental flow methodologies required to conserve riverine ecosystems globally. 
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Chapter 1. Introduction 
1.1. Research context 
Natural river flow regimes are driven by climatic conditions (e.g. precipitation and air temperature) and 
drainage basin properties (geology, land use and hillslope gradient). While hydrological variability has 
been historically characterised by simplistic summaries of flow magnitudes (e.g. minimum volume of 
discharge), it has become increasingly evident over the last 30 years that river hydrographs can be 
characterised into different ecologically relevant components (Poff, 2017); namely the magnitude, 
frequency, duration, timing, predictability and rate of change of specific hydrological conditions 
(Richter et al., 1996; 1997). These hydrological properties underpin the ‘Natural flow paradigm’ 
concept (sensu Poff et al., 1997), which outlines and illustrates how riverine ecosystems are adapted to 
the flow regimes they have been exposed to within natural environmental settings. This is because flora 
and fauna inhabiting fluvial environments have adapted to hydrological variations through the 
development of traits over evolutionary time scales (Lytle and Poff, 2004). River flow regimes have 
been globally demonstrated to shape aquatic food webs (e.g. Power et al., 2008) and individual trophic 
groups, including phytoplankton (e.g. Bode et al., 2017), macroinvertebrate (e.g. Solans and García de 
Jalón, 2016) and fish communities (e.g. Mims and Olden, 2012). As such, the flow regime is widely 
considered to be the “master” variable shaping riverine ecosystems (Power et al., 1995).  
Within the ‘Anthropocene’ epoch, human activities have drastically modified river flow regimes 
globally (van Loon et al., 2016; Arthington et al., 2018). This stems from various activities including 
land use changes from natural vegetated landscapes to impermeable urban surfaces, which facilitates 
rapid runoff events following heavy rainfall (e.g. Taulbee et al., 2009); as well as climatic changes 
linked to past (or present-day - Schaller et al., 2014; Hannaford, 2015) and future projected (Döll and 
Schamied, 2012) hydrological conditions. In addition, water resource management operations are 
widespread globally and exert profound effects on river flow regimes. These changes include the 
proliferation of reservoirs constructed along watercourses and the subsequent regulation of flows, which 
drastically alters the hydrological variability within fluvial environments (Nilsson et al., 2005; Lehner 
et al., 2011); as well as groundwater abstraction which threatens surface and subsurface water 
ecosystems dependent on subterranean resources which are being severely depleted globally (Gleeson 
et al., 2012a; 2012b; Bradley et al., 2017). Evidence is mounting worldwide regarding how riverine 
flora and fauna have failed or only partially adapted to modified flow regimes and the potential 
consequences of this for wider aquatic ecosystems (Vörösmarty et al., 2010).  
The plethora of services that riverine ecosystems provide to society are being increasingly recognised 
(Arthington et al., 2010; Datry et al., 2018). This has prompted widespread efforts to manage river flow 
regimes in order to mitigate the potential negative ecological effects of hydrological alterations globally, 
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particularly since the start of the 21st century (Poff et al., 2017). Evidence of this has increased with 
research centred around the theme of ‘environmental flows’. This growing area of research highlights 
how water resources not directly used for anthropogenic purposes can be managed within riverine 
environments to simultaneously meet ecosystem and societal water demands (Arthington et al., 2010). 
However, ecological benefits of environmental flow methodologies have proven to be highly variable 
(Olden et al., 2014; Gillespie et al., 2015b). This has been attributed to various factors, including 
inappropriate infrastructure being unable to convey ecologically beneficial hydrological conditions 
(Acreman et al., 2009); simplistic flow releases which do not reflect the natural variability of flows 
within fluvial environments (Bradford et al., 2011); spatially variable water management operations 
precluding transferrable findings between watercourses (Chen and Olden, 2017b); taxon specific (as 
opposed to community wide) responses to hydrological conditions (Thompson et al., 2017) and a lack 
of baseline ecological and hydrological information (Acreman et al., 2014), especially prior to the onset 
of flow alterations (Davies et al., 2014). As such, there is a growing need for practitioners and scientists 
to quantify how riverine ecosystems respond to flow controls (‘flow-ecology’ relationships) and 
hydrological alterations (‘flow alteration-ecology’ relationships) in order to guide water resource 
management operations and the development of environmental flows (Acreman et al., 2014; Poff, 
2017).  
This thesis examines how macroinvertebrate communities, a key component of aquatic ecosystems and 
food webs (macroinvertebrate communities), are influenced by hydrological controls within river 
systems subjected to a variety of water resource management operations. This thesis presents a series 
of novel research investigations which contribute to existing scientific understanding within the field of 
environmental flows, while also providing robust quantitative results to inform the management of 
regional water resource management operations. As such, the research presented within this thesis 
addresses both pure and applied aspects of managing water resources to conserve freshwater 
ecosystems. The research presented in the thesis provides a bridge between the traditionally separate 
scientific disciplines of hydrology and freshwater ecology (Hannah et al., 2004; 2007), as well as 
academic and industrial approaches to the management of river flows required to inform ecologically 
effective environmental flow strategies (Acreman et al., 2014).  
1.2. Aims and research objectives 
The primary aim of this thesis is to examine how flow regimes altered by water management operations 
(surface water and groundwater resources) influence instream macroinvertebrate communities. The 
thesis will utilise both primary and secondary data to quantify community responses to antecedent flow 
conditions subjected to different forms of anthropogenic modifications (e.g. flow regulation and 
groundwater abstraction). The research presented in this thesis spans various spatial (habitat patch to 
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regional) and temporal (seasonal to decadal) scales. Specifically, the research objectives of this thesis 
are to:  
1) Examine community responses to hydrological and stream temperature variability within 
regulated (impounded by dams) and non-regulated river systems (Chapter 4) 
2) Utilise a regional groundwater model to quantify anthropogenic flow alterations associated with 
subsurface (e.g. groundwater abstraction) and surface water (e.g. effluent water returns) 
management activities (Chapters 5, 6 and 7) 
3) Examine macroinvertebrate community responses to hydrological variability and flow 
alterations across intermittent and perennial headwater streams (Chapter 5) 
4) Quantify macroinvertebrate community responses to antecedent hydrological variability, 
anthropogenic flow alterations and hydraulic conditions across distinct lotic habitats (Chapter 
6) 
5) Examine long-term (>20 years) macroinvertebrate community responses to the hydrological 
variability and anthropogenic flow alterations (Chapter 7) 
 
1.3. Thesis structure 
This thesis is structured into 8 chapters to address its aims and objectives (Figure 1.1). Chapter 2 
provides a detailed review of the current published literature on biotic dependencies on the natural 
regime flow variability in riverine environments; ecological responses to anthropogenically altered 
hydrological regimes; global evidence outlining how specific ecological attribute(s) respond to 
hydrological controls (i.e. flow-ecology associations) and a synthesis of the current state of knowledge 
underpinning the research presented in the thesis results chapters (4-7). Chapter 3 introduces the study 
region and methods adopted throughout the thesis. Specifically, it presents the geographical setting, 
water management operations and ecological and hydrological monitoring undertaken by the regional 
water company (Wessex Water plc.). Chapter 4 examines macroinvertebrate community responses to 
flow and stream temperature variability across three pairs of regulated and non-regulated river systems. 
The chapter examines a range of structural and functional community responses to a suite of indices 
characterising hydrological and stream temperature variability. Chapter 5 considers macroinvertebrate 
community responses to observed hydrological controls and modelled groundwater abstraction 
influences within temporary and perennial headwater streams. This research integrated 
macroinvertebrate community data with long-term hydrological mapping techniques and regional 
groundwater model outputs to determine if any effects of groundwater abstraction could be detected. 
Chapter 6 utilises primary data to explore the responses of macroinvertebrate community compositions 
to antecedent hydrological variability, anthropogenic flow alterations and local hydraulic conditions. It 
specifically examines whether these statistical relationships differ between distinct lotic habitats (e.g. 
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coarse substrates, fine sediments and a regionally prevelant fine-leaved macrophyte – Ranunculus sp.). 
Chapter 7 examines long-term (1995-2016) community responses to hydrological variability within 
groundwater dominated river systems. It quantifies the most ecologically influential indices 
characterising antecedent hydrological variability and anthropogenic flow alterations, as well as the 
influences of major low- and high-flow events on community compositions. The final chapter (8) 
synthesises the key findings of the thesis and considers the central themes and implications of the 
research presented; develops various conceptual models characterising how ecological responses to 
flow properties can be quantified in order to guide water resource management activities; and considers 
how future research could build on the work of this thesis to underpin the development of future 
environmental flow strategies.  
 
Figure 1.1 – The structure of this thesis.  The objectives presented correspond directly to with those 
outlined in Chapter 1.2.  
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Chapter 2.  Riverine ecosystem responses to flow 
regime variability and hydrological alterations 
2.1 Introduction 
This chapter provides a review of the existing literature examining the influences of river flow regimes 
on riverine biota. It summarises different research designs examining ecological responses to different 
aspects of river flow regimes and outlines key findings from studies carried out worldwide. The chapter 
subsequently discusses the implications of different water resource management activities and provides 
concentrated syntheses of existing research which has been undertaken globally on the key topics 
studied within Chapters 4-7 (comprising the research outputs presented within the thesis).  
Much of the literature reviewed within this chapter focusses on instream fish and macroinvertebrate 
community responses to flow regimes. Fish assemblages have proven to be highly responsive to various 
measures of flow variability, including hydrological (Mims and Olden, 2012; 2013; Chen and Olden, 
2017b; Wheeler et al., 2017) and hydraulic controls (Armstrong et al., 2003; Moir et al., 2005; Malcolm 
et al., 2012; Lamouroux et al., 2015). In addition, the socio-economic importance of fish populations 
has been a key driver behind river conservation and flow management strategies globally (Gillespie et 
al., 2015b; Poff et al., 2017) and the ecological success of anthropogenic flow manipulations is 
frequently appraised by examining fish assemblage responses (Olden et al., 2014; Gillespie et al., 
2015b). Similarly, macroinvertebrate communities have also been shown to respond profoundly to flow 
regime variability (Monk et al., 2006; 2017; Armanini et al., 2014; Ruhi et al., 2018), which can have 
significant implications on the wider riverine ecosystem due to their intermediate position in food chains 
(Power et al., 2008; Ledger et al., 2013; Greenwood and Booker, 2015). As such, the influences of river 
flow regimes on macroinvertebrate communities have been extensively studied worldwide, which has 
provided key evidence regarding how water resources available to fluvial environments can be managed 
in order to conserve riverine ecosystems (Dewson et al., 2007a; Acreman et al., 2008; Poff and 
Zimmerman, 2010; Leigh et al., 2016b). In addition, macroinvertebrate communities are also widely 
sampled during routine biomonitoring sampling undertaken by environmental regulators (Vaughan and 
Ormerod, 2012; Buss et al., 2015; Cuffney and Kennen, 2017), which has provided unique perspectives 
on how riverine biota are responding to flow regime variability across large spatial and temporal scales 
(Monk et al., 2006; 2008; Durance and Ormerod, 2009; Booker et al., 2015). Due to these reasons, 
macroinvertebrate communities are used as an indicator group of ecological responses to flow 
variability within this thesis to address its research objectives (see Chapter 1.2).  
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2.2 Flow regime controls on lotic ecosystems 
2.2.1 Defining river ‘flow’ 
Scientists have historically conceptualised the ‘flow’ of lotic environments in different ways depending 
on the spatial scale in which it is considered (Biggs et al., 2005; Monk et al., 2007a). At the habitat 
scale (≤ c. 1 metre – Frissell et al 1986; Figure 2.1), flow has been widely characterised as the hydraulic 
properties which biota are exposed to within lotic environments, including shear stress, turbulence, as 
well as horizontal, vertical and longitudinal flow velocities (m s-1; e.g. Statzner and Higler, 1986; 
Lancaster and Hildrew, 1993). Flow at the reach-scale (c. 10 metres - Frissell et al., 1986; Figure 2.1) 
is often viewed by scientists as the variability of hydraulic influences across the river channel and how 
this is shaped by river discharges (m3 s-1; e.g. Emery et al., 2003; Booker and Dunbar, 2004; see Poff 
et al., 2010). As such, conceptualisations of flow across at the reach-scale represents the transition 
between hydraulic characteristics and larger scale hydrological processes, such as how localised shear 
stresses respond to extreme hydrological conditions (e.g. major flood events). The spatial heterogeneity 
of hydraulic influences (e.g. maximum flow velocity) can vary significantly between fluvial 
environments comprising differing physical templates (Emery et al., 2003; Moir et al., 2006). As such, 
scientists now widely recognise the need to consider reach-scale morphological controls (e.g. channel 
planform, degree of channelisation) on smaller-scale hydraulic properties (see Poff et al., 2010). At 
coarser spatial scales (river segment to region-wide - ≥ c. 102 metres – Frissell et al., 1986; Poff et al., 
2010), flow conceptualisations shift from the amount of water flowing within a cross section, through 
to river discharges flowing through entire drainage networks and neighbouring river basins, thus 
characterising the hydrological variability within fluvial environments (Arthington et al., 2006; 2010; 
Poff et al., 2010; Poff, 2017).  
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Figure 2.1 – How scientists have historically conceptualised the influence of flow across different 
spatial scales. Adapted from Figure 2 in Frissell et al (1986; pp. 202).  
Several seminal publications emerged during the mid-late 1990s highlighting the profound influence of 
hydrological variability on riverine ecosystems. Richter et al (1996) characterised anthropogenic 
alterations to river discharges through five key facets of the flow regime bearing high ecological 
significance: ‘magnitude’, ‘frequency’, ‘duration’, ‘timing’ and ‘rate of change’. The authors developed 
a suite of indices centred on these components of the flow regime collectively termed the ‘Indicators of 
Hydrological Alteration’ (IHA). Subsequently, Poff et al (1997) formulated the ‘The Natural Flow 
Paradigm’ outlining the ecological significance of each facet of the flow regime and articulated how 
riverine biota have adapted to typical intra- and inter-annual hydrological variations. Richter et al (1997) 
utilised the IHA indices to develop the ‘Range of Variability Approach’ (RVA) methodology, which 
defines and characterises how anthropogenic alterations to river discharges could be limited in order to 
conserve riverine ecosystems. Within this paper, the authors stated that: 
“Hydrological variation plays a major part in structuring the biotic diversity within river 
ecosystems as it controls key habitat conditions [including flow depth and velocity, 
temperature, substrate size distributions, oxygen content] within the river channel, the 
floodplain and the hyporheic…zone” (Richter et al., 1997. pp. 232-233).  
As such, these globally influential papers widely advocated and promoted the flow regime as the 
“master” variable (sensu Power et al., 1995) shaping riverine ecosystems through a plethora of direct 
(e.g. stream drying extirpating aquatic organisms, discharge controls on hydraulic properties exposed 
to biota) and indirect (e.g. the dilution of pollutants, sediment entrainment and deposition) controls. The 
role of flow is still recognised by scientists as a primary variable shaping lotic ecosystems worldwide 
(see Poff, 2017).  
Hydrological processes (i.e. 
total volume of water) 
Hydraulic processes (i.e. 
localised water forces) 
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2.2.2 Ecological responses to the five facets of the flow regime 
The five facets of the flow regime (magnitude, frequency, duration, timing and rate of change) can vary 
significantly between river basins due to various natural (e.g. climate, geology) and anthropogenic (e.g. 
water resource management operations, land use) controls (Puckridge et al., 1998; Olden and Poff, 
2003; Kennard et al., 2010; Tavassoli et al., 2014). This is illustrated in Figure 2.2, which displays the 
annual variations in discharges within the River Lambourn (UK) and the Athabasca River (Canada). 
The former is typical of a groundwater dominated system in a temperate environment (Figure 2.2a; see 
Sear et al., 1999), while the latter is characteristic of a glacially controlled system in a snow dominated 
environment (Figure 2.2b; see Peters et al., 2014). The strong groundwater influence of the Lambourn 
facilitates a highly buffered and steady (rate of change) hydrological response to rainfall, with peak 
discharges (magnitude) typically occurring during late winter to early spring (February-March -  
timing). Heavy precipitation occasionally prompts short-term, infrequent spikes in flow (frequency). 
The onset of a drought in the Lambourn towards the end of 2010 due to antecedent rainfall deficiencies 
prompted a sustained low-flow period (duration; Kendon et al., 2013). Conversely, the Athabasca 
experiences long periods of low discharges (duration) during the winter (timing) when ice cover is 
extensive. Freshet initiations occur during the spring in response to snow and ice ablation, which 
prompts rapid increases in discharge (rate of change). The greatest volumes of flow (magnitude; c. 100 
times greater than peak discharges in the Lambourn) occur when ice and snow cover is minimal during 
the summer and autumn months, with frequent rapid rises in discharges arising following high rainfall 
events (frequency; Peters et al., 2014).  
  
Figure 2.2 – The five facets of the flow regime occurring in differing fluvial environments. a) a 
groundwater dominated system in a temperate environment (Source: Centre for Ecology and 
Hydrology, 2014) and (b) a snow-melt dominated system (Source: Environment Canada, 2014). 
The magnitude component of the flow regime at its most basic level represents the total volume of water 
measured at a given point and often reflects the severity of hydrological disturbances (e.g. droughts and 
floods – Lytle and Poff, 2004; Zimmerman et al., 2017). Ecological responses to the magnitude of flow 
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conditions has received the most scientific attention compared to any other facet of the flow regime (see 
Poff and Zimmerman, 2010). This is in part due to the volume of water regulating key environmental 
properties shaping biotic communities, such as stream temperature (Dewson et al., 2007a; Jackson et 
al., 2016) and pollutant concentrations (Monk et al., 2006; McIsaac et al., 2016). The magnitude of 
flow also directly influences riverine biota, such as instream community responses to the absence of 
flowing conditions (either through reduced discharges facilitating instream ponding, or further 
decreases in magnitude prompting complete streambed drying - Hill and Milner., 2018; this is discussed 
further in Chapter 2.6). Lotic flora and fauna also respond significantly to flow magnitudes due to the 
inherent link between river discharges and hydraulic properties (Turner and Stewardson, 2014; 
Rosenfeld, 2017). For example, filter-feeding invertebrates depend on high discharges and flow 
velocities capable of delivering sufficient quantities of detrital food sources (Lancaster and Downes, 
2010). The survival of riverine biota during extreme flow magnitudes is typically dependent on the 
resistance capabilities of species (their ability to survive in situ and withstand adverse environmental 
conditions). For example, the larvae of species within the Heptageniidae family (Order: Ephemeroptera) 
are dorsoventrally flattened, have a well-rounded head, a gradually widening thorax and a narrowing 
abdomen which minimises fluid drag and enhances the chances of survival during high flow events; 
while the Gastropod Anclyus fluviatilis can survive high shear stresses caused by high discharges as 
they firmly attach to coarse substrates through its broad foot (Statzner and Holm, 1982; Statzner, 2008).  
The magnitude and frequency of hydrological events are inversely related, as the most extreme river 
discharge events possess low recurrence intervals (Poff et al., 1997). Intermediate discharges arising 
frequently have significant ecological implications, such as through the maintenance of key lotic 
habitats (Biggs et al., 2005), as well as fine sediments being regularly flushed out from the interstices 
of coarser grain substrates, which is ecologically beneficial to various aquatic taxa (e.g. different 
salmonid species - Acreman and Ferguson, 2010). The frequency of extreme hydrological conditions 
has significant implications for riverine communities. The “intermediate disturbance hypothesis” posits 
that maximum biodiversity will occur at disturbances which recur intermediately because competitively 
superior taxa dominate systems exhibiting infrequent disturbances, while few species can colonise 
waterbodies within limited timeframes between frequent hydrological disturbances (Ward and Stanford, 
1983a). Townsend et al (1997) explored instream macroinvertebrate community responses to the 
frequency of hydrological disturbances and their findings supported the intermediate disturbance 
hypothesis within fluvial environments. Biotic adaptations to the frequency of hydrological events often 
reflect the resilience strategies of taxa (their ability to recover after a disturbance; Cauvy‐Fraunié et al., 
2014). For example, the amphipod Gammarus pulex displays a high resilience to extreme low-flows 
and regularly seek refuge within the hyporheic zone (Wood et al., 2010) and comparable observations 
have been noted for the gastropod Potamopyrgus sp. during high-flow conditions (Holomuzki and 
Biggs, 2000).  
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The duration of flow events can have varying ecological effects on riverine biota depending on whether 
specific hydrological conditions are beneficial or detrimental to taxa at different life-cycle stages. For 
example, Closs and Lake (1996) demonstrated that Salmo trutta (a non-native species) were sensitive 
to prolonged low flows and often could not survive within ponded water bodies possessing low 
dissolved oxygen concentrations and higher water temperatures. In contrast, the same study found that 
the indigenous taxa, Galaxius olidus, was able to survive for longer periods within instream pools. 
During adverse hydrological conditions, flow duration can govern the survival of biota as biological 
limitations (e.g. energy levels, respiratory capabilities) may reduce the effectiveness of resistance and 
resilience strategies as environmental stresses accumulate over time. For example, the survival of G. 
pulex inhabiting the hyporheic zone during period of low discharge (see above) strongly decreases with 
the duration they reside within saturated subsurface sediments as the environmental suitability declines 
(Vadher et al., 2018). Prolonged flood conditions have been shown to reduce the body size of fish 
species as larger individuals expend greater energy levels to maintain their position in the water column 
and hunt prey (Luz-Agostinho et al, 2009). As such, the duration of specific flow conditions can have 
significant influences on riverine biota. 
The timing of hydrological events and its intra- and inter-annual predictability has significant 
implications for riverine ecosystems depending on when life-cycle stages undertaken by biota occur in 
relation to specific flow conditions. For example, the Ephemeropteran Baetis sp. carry out adult 
oviposition activities when spring flows are receding and rocks protruding from the water surface are 
targeted by adults (Peckarsky et al, 2000). The timing of different salmonid life-cycle stages in 
accordance with hydrological conditions have also been widely studied, such as alevin emergence and 
adult spawning which occur during predictable seasonal variations in the flow regime (Beechie et al, 
2006). Lytle and Poff (2004) highlighted that biota residing within fluvial environments with seasonally 
consistent and stable flow regimes synchronise their life-cycles with typical hydrological conditions. 
As such, changes to the timing of different flow events (e.g. high, low or intermediate discharges) can 
induce significant mortality to individual populations (Lytle and Poff, 2004; Robinson and Uehlinger, 
2008).  
The rate of change between hydrological events influences biotic assemblages depending on how 
quickly flora and fauna can respond to changing flow conditions. Various Trichopteran species have 
been found to respond slowly to changes in discharge due to their lack of mobility, with more gradual 
hydrological transitions providing a greater opportunity for such fauna to locate and migrate to refuges 
(Peterson et al, 2001). Such behavioural mechanisms are critical to biotic survival during rapid 
hydrological changes, with the stranding of organisms being widely associated with the rate of change 
between flow conditions (Perry and Perry, 1986; Richter et al, 1996). Vowles et al (2014) highlighted 
that abrupt hydrological transitions delayed the downstream migration of juvenile Chinook salmon 
(Oncorhynchus tshawytscha) by up to 8 times. Altering the rate of change between flow conditions has 
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been shown to exert detrimental effects on different salmonid species (e.g. Moir et al, 2006; Enders et 
al, 2012). For example, Halleraker et al (2003) found a significant rise in the number of juvenile brown 
trout (Salmo trutta) being stranded by doubling the speed of dewatering caused by hydropeaking 
activities.  
While each facet of the flow regime has profound implications for riverine ecosystems, their effects 
rarely act independently and are often contingent on other aspects of the hydrological variability. In a 
study experimentally examining the effects of drought on instream communities, Ledger et al (2011) 
stated: 
“In our view, many more systematic experimental studies are now needed to tease out the 
relationships between flow regime and [ecosystem] processes” (pp. 2296). 
Table 2.1 summarises a range of studies experimentally testing ecological responses to different facets 
of the flow regime. This includes the influence of anthropogenic flow management trials (e.g. flow 
releases below an impoundment) on riverine biota (e.g. Robinson and Uehlinger, 2008; Marty et al., 
2009). Such studies often occur across large spatial and temporal scales compared to other experimental 
designs (see Table 2.1), but typically focus on single, discrete events (Olden et al., 2014) and results 
may be confounded by ecological responses to extraneous or non-measured environmental stressors 
(Ledger et al., 2009). Alternatively, whole stream flow manipulations (whereby volumes of water are 
experimentally added to or removed from a section of river - e.g. Dewson et al., 2007b; Verdonschot et 
al., 2015) are typically undertaken at the reach-scale to examine the influence of discharge alterations 
within a natural physical setting (e.g. morphology, refugia). Similarly, various observational studies 
have artificially simulated hydrological disturbances or flow conditions to examine ecological 
responses to hypothetical discharge influences. For example, Lake et al (1989) manually disrupted 
sediments to assess the influences of high-flow disturbances on instream communities; Langhans and 
Tockner (2006) experimentally observed the rate of leaf litter decomposition on a river floodplain 
exposed to various treatments exhibiting differing inundation frequencies and durations; while Vadher 
et al (2018) examined the mortality of G.pulex placed within saturated subsurface sediments for varying 
flow durations (1 to 3 weeks). Such experimental studies are typically carried out at habitat- or reach- 
scales so that experimental areas can be compared to nearby treatments to minimise the effect of 
environmental gradients occurring across greater spatial scales. Alternatively, many studies have 
utilised mesocosms to examine the responses of riverine biota in highly controlled experimental 
conditions away from nature (but reflective of field conditions) to examine specific elements of the flow 
regime (e.g. Bond and Downes, 2003; Aspin et al., 2018). The spatial scale of mesocosms examining 
the influence of flow variability can range from those exhibiting comparable sizes to those of streams 
(e.g. Ledger et al., 2011) through to experimental designs which allow ecological processes operating 
at the habitat scale to be characterised and quantified (e.g. Vadher et al., 2017).  
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Mesocosm research designs examining ecological responses to hydrological controls exhibit a great 
deal of control and replicability, while removing extraneous environmental influences and facilitating 
a greater understanding of underlying causal mechanism driving ecological responses as water volumes 
are controlled according to the study aim(s) (see Ledger et al., 2009; Lancaster and Downes, 2010; Rice 
et al., 2010; Stewart et al., 2013). However, such studies can be hindered by limited replication and a 
lack realism compared to natural environmental settings (Carpenter, 1996; Schindler, 1998; but see 
Harris et al., 2007; Ledger et al., 2009; Rice et al., 2010), as well as spanning limited spatial and 
temporal scales and typically focussing on single components of the flow regime (see Table 2.1). 
Bertrand et al (2009) found that the influences of flood events on riverine ecosystems differed between 
field and experimental research designs. The authors highlighted that instream community responses to 
flow controls within mesocosms were difficult to extrapolate over coarser spatial scales and apply to 
field conditions which exhibit increased morphological (e.g. physical dimensions, habitat 
heterogeneity) and biological (e.g. biotic interactions) complexities.  
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Table 2.1 – Experimental studies examining ecological responses to different facets of the flow regime. For the research design, EF = experimental flow release, 
WS = whole-stream flow manipulation, AH = artificial hydrological event emulation and ME = mesocosm study. The spatial scale of the study corresponds 
with the classification outlined by Frissell et al (1986; see Figure 2.1).  
Research 
design 
Spatial scale Temporal scale Flow regime 
components 
Reference Key scientific finding(s) 
ME Reach 18 months Magnitude Aspin et al (2018) Drought magnitude causes a structural and functional 
turnover in invertebrate assemblages 
ME Reach 65 days Magnitude, Frequency Bertrand et al (2009) Flood frequency reduced invertebrate densities 
EF Reach 9 days (for each 
experiment) 
Magnitude Cambray et al (1997) Experimental flood pulses triggered the spawning activity 
of Barbus capensis (Cyprinidae).  
EF Segment 3 years  Magnitude Cross et al (2011) Invertebrate biomass and secondary production declined 
significantly following an experimental flow release 
WS Reach 1 month Magnitude Dewson et al (2007b) Reducing discharges decreased the available area of 
habitats which increased invertebrate densities  
ME Habitat 2 days Magnitude Flinders and Hart (2009) Increased flow led to a decrease in chlorophyll a, but the 
percentage of organic matter decreased.  
ME Reach 16 minutes Magnitude Holomuzki and Biggs (2000) Macroinvertebrate behavioural responses to increased 
simulated flood magnitudes were taxon-specific 
ME, WS Reach 3-31 days Magnitude James et al (2008) Reduced discharges prompted increased drift rates of 
various macroinvertebrate species  
ME Reach 2 months Magnitude, Duration James and Suren (2009) Invertebrate responses to differing flow reduction 
magnitudes and durations was taxon specific 
AH Habitat 20 days Magnitude, Frequency Lake et al (1989) The frequency of emulated hydrological disturbances did 
not affect biotic recovery 
EF Reach 9 years Magnitude Lamouroux et al (2006) Increasing the minimum flows released altered fish 
community compositions 
ME Reach 3 hours Magnitude Lancaster (1999) Macroinvertebrate behavioural responses to a simulated 
flood was taxon-specific 
ME Reach 8 minutes Magnitude Lancaster et al (2006) Movement and drift of Potamophlax latipennis (Order: 
Trichoptera) changed with increasing flood magnitudes  
AH Reach 6 months  Frequency, Duration, 
Timing 
Langhans and Tockner (2006) The duration of flow inundation was the primary influence 
controlling leaf breakdown rates on a river floodplain 
ME Reach 2 years Magnitude, Frequency Ledger et al (2008) The frequency of streambed drying reduced the dominance 
of the green encrusting alga Gongrosira incrustans 
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ME Reach 2 years Magnitude Ledger et al (2011) Streambed drying reduced the structural and functional 
diversity of instream ecosystems 
ME Reach 2 years Magnitude Ledger et al (2013) Streambed drying reduced the structural complexity of 
instream food webs 
EF Catchment 4 years Magnitude, Frequency, 
Duration, Timing, Rate 
of change 
Marty et al (2009) Unrestricted ramping rates of flows released below a 
hydroelectric dam reduced the length of the food web by 
the equivalent of one trophic level.   
ME Reach 66 days Magnitude Murdock et al (2010) The presence of large-bodied consumers (various fish and 
crayfish species) altered ecosystem recovery to drought by 
decreasing algal and macroinvertebrate biomass 
EF Reach 8 years Magnitude Robinson and Uehlinger (2008) Experimental flood releases altered river ecosystems by 
displacing taxa sensitive to high flows with species which 
are resistant and resilient to hydrological extremes  
ME Reach 96 days Magnitude, Duration,      
Rate of change 
Taulbee et al (2009) Changes in hydrological responses to rainfall caused by 
urbanisation alters stream ecosystem structure and function 
predominantly through fine sediment accumulation 
AH Habitat 21 days Duration Vadher et al (2018) Subsurface survival of Gammarus pulex (Order: 
Amphipoda) decreased with drying duration 
ME Habitat 5 hours Magnitude Vadher et al (2017) Macroinvertebrate behavioural responses to simulated 
streambed drying events are taxon-specific 
WS Reach 2 months Magnitude Verdonschot et al (2015) Stagnating river flows had a mild negative effect on the 
biodiversity of macroinvertebrates. Discharge reductions 
to instream pools initially increased the community 
abundance and richness, but this decreased over time 
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2.2.3 Flow-ecology relationships 
It has been widely advocated that statistical associations between riverine biota and different 
components of the flow regime should be established across distinct ‘regions’ – areas considered as 
discrete management units defined by scientists or practitioners encompassing relevant natural (e.g. 
climate, geology) and anthropogenic (e.g. water management operational boundaries) factors (see 
Arthington et al., 2006; Poff et al., 2010). As such, experimental approaches conducted across small 
spatial scales and focussing on individual flow properties may not characterise region-wide ecological 
responses to flow controls (e.g. Bertrand et al., 2009). An alternative technique is to establish a 
statistical association between an ecological response and a hydrological metric characterising a specific 
aspect of the flow regime -  recognised globally as ‘flow-ecology’ relationships (see Poff et al., 2010; 
Acreman et al., 2014; Davies et al., 2014; Poff, 2017). Flow-ecology relationships typically rely on 
integrating river discharge data (derived from flow gauges or hydrological models) with ecological 
information, which can be collected across different spatial and temporal scales (this is discussed further 
in Chapter 2.8) compared to experimental approaches (see Table 2.2). The IHA methodology provided 
a global foundation for quantifying ecological responses to hydrological indices characterising different 
aspects of river flow regimes and have been widely utilised within studies quantifying flow-ecology 
relationships (e.g. Monk et al., 2006; 2007b; Belmar et al., 2013; Armanini et al., 2014; Worrall et al., 
2014; Solans and García de Jalón 2016). The IHA framework prompted the development and 
examination of over 200 ‘ecologically relevant’ hydrological indices centred on the five facets of the 
flow regime (Olden and Poff, 2003; Monk et al., 2007b) which have underpinned flow-ecology 
relationships constructed globally (Table 2.2).  
Flow-ecology relationships established within riverine environments minimally influenced by 
anthropogenic activities have been used to provide a key understanding of how riverine biota depend 
on hydrological variations within ‘reference’ (or minimally modified) conditions (e.g. Monk et al., 
2006; 2008; Mims and Olden, 2012). Alternatively, flow-ecology relationships established within 
fluvial systems exposed to major hydrological alterations, including river impoundments (e.g. Armanini 
et al., 2014) and groundwater abstraction (e.g. Kennen et al., 2014) can highlight key hydrological 
controls driving significant ecological responses which could be addressed within flow management 
strategies. 
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Table 2.2 – Summary of selected literature constructing flow-ecology relationships.  
Spatial scale Temporal scale Flow regime components Reference Primary scientific finding(s) 
Catchment 4 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Armanini et al (2014) A metric designed to monitor macroinvertebrate community responses to 
flow variability responded significantly to flow regulation 
Regional 26 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Belmar et al (2013) Perennial streams were characterised by flow sensitive taxa (e.g. 
Ephemeroptera, Plecoptera and Trichoptera), while temporary systems were 
dominated by resilient taxa (e.g. Coleoptera, Heteroptera and Diptera). 
Catchment 17 years Magnitude, Duration, Timing Bickerton (1995) Discharges during April and summer low-flows exerted the greatest 
influence on macroinvertebrate communities 
National 13 years Magnitude, Frequency, Timing, 
Rate of change 
Booker et al (2015) Hydrological controls on macroinvertebrate communities are distinct from 
alternative abiotic controls. 
Regional 10 years Magnitude, Frequency, Timing, 
Rate of change 
Bowlby and Gibson (2015) The survival of juvenile Atlantic salmon (Salmo salar) was contingent on 
hydrological variability, particularly the frequency of low-flow events 
National 9 years Magnitude, Duration Cattanéo (2005) Species responses to hydrological variability depended on their functional 
(and specifically reproductive) traits 
Regional 27 years Magnitude, Duration, Timing, 
Rate of change 
Chen and Olden (2017b) The spatial transferability of flow-ecology relationships was greater between 
free-flowing river environments compared to regulated systems 
National 1-5 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Clausen and Biggs (1997) The frequency of flood events had a significant influence on periphyton 
(negative effect) and macroinvertebrate (unimodal effect) communities 
Regional-
National 
5-19 years Magnitude Dunbar et al (2010a) A metric characterising the flow velocity preferences of macroinvertebrate 
communities was positively correlated with antecedent discharges. This 
relationship was modified by the degree of morphological alterations  
National 16 years Magnitude Dunbar et al (2010b) A metric characterising the flow velocity preferences of macroinvertebrate 
communities was positively correlated with antecedent discharges in upland 
rivers. This association was modified by morphological alterations 
Regional 1 year Magnitude, Frequency, Duration, 
Rate of change 
Englund and Malmqvist 
(1996) 
Large and rapid changes in flood magnitudes reduced the abundance and 
diversity of macroinvertebrate communities 
National 10 years Magnitude, Duration, Rate of 
change 
Extence et al (1999) An ecological metric based on macroinvertebrate flow velocity preferences 
responded significantly to various hydrological indices.  
Catchment 4 years Magnitude, Timing Freeman et al (2001) Hydrological variability altered by flow regulation prompted changes in 
native ‘young of year’ fish communities via changes to river habitats 
Regional 14 years Magnitude, Frequency Gibbins et al (2001) Macroinvertebrate communities responded to flow regime variability and 
particularly the frequency of flood events 
National 22 years Magnitude, Frequency, Duration Greenwood and Booker 
(2015) 
Invertebrate diversity and abundance responded positively over time 
following a major flood event 
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Regional 3 years Magnitude, Frequency, Duration, 
Rate of change 
Growns and Growns 
(2001) 
Flow regulation alters periphyton and macroinvertebrate community 
compositions. Macroinvertebrate taxonomic richness were negatively 
affected by flow regulation in pool-rock and riffle habitats. 
Regional 3 years Magnitude, Frequency, Duration, 
Rate of change 
Growns and James (2005) Australian bass (Macquaria novemaculeata) numbers responded positively 
to the median discharge and the frequency and duration of high flow events 
National 1 month Magnitude Jowett and Duncan (1990) Ecological responses to flow variability differed between periphyton, 
invertebrate and fish communities samples 
Regional 10 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Kennen et al (2010) Hydrological variability (and particularly the mean flow in April) 
significantly influenced macroinvertebrate communities. The taxonomic 
richness was positively associated with the frequency of high-flow events 
Regional 1 year Magnitude, Duration Kennen et al (2014) Various macroinvertebrate community metrics responded unimodally to 
different flow controls, which was used to quantify the influences of 
groundwater abstraction on instream communities. 
Regional 15 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Konrad et al (2008) The structure of macroinvertebrate communities were highly responsive to 
hydrological variability 
National 14 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Mims and Olden (2012) Life history adaptations of fish primarily governs their adaptations to natural 
(or minimally modified) flow regimes  
National 14 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Mims and Olden (2013) Hydrological alterations caused by dams filtered fish communities 
depending on taxon-specific life-history strategies  
National 11 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Monk et al (2006) Macroinvertebrate responses to hydrological controls differ between rivers 
with distinct flow regimes. Indices characterising the magnitude of 
hydrological conditions exerted the highest ecological influence 
National 11 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Monk et al (2008) A metric characterising the flow velocity preferences of macroinvertebrate 
communities responded positively correlated with high-flow years and 
negatively in low-flow years 
Regional 20 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Monk et al (2012) Macroinvertebrate communities resolved to species-level were more 
responsive to hydrological controls compared to family-level data 
Regional 30 years Magnitude, Frequency, Duration, 
Timing 
Poff and Allan (1995) Hydrological variability shapes the structure and function of fish 
communities 
Regional 3 years Magnitude, Frequency, Duration, 
Rate of change 
Sheldon and Thoms (2006) Macroinvertebrate responses to hydrological controls differed between 
rivers exhibiting distinct flow regimes  
Regional 4 years Magnitude, Frequency, Duration, 
Timing 
Solans and García de Jalón 
(2016) 
Macroinvertebrate community responses to hydrological controls differed 
between hydroclimatic regions   
Regional 14-18 years Magnitude, Duration, Timing, 
Rate of change 
Stewart-Koster et al (2014) Functional linear models highlighted robust fish community responses to 
antecedent hydrogical conditions 
Catchment 5 years Magnitude, Timing Wheeler et al (2017) Temporal changes in community responses provided a greater level of detail 
on how hydrological controls influence community demographics.  
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Catchment 8 years Magnitude, Duration, Timing Wood and Armitage 
(2004) 
The biodiversity of macroinvertebrate communities responded negatively to 
extreme low-flow conditions 
Catchment 6 years Magnitude, Duration, Timing Wood et al (2000) Hydrological variability (particularly antecedent high-flow events) 
significantly influenced macroinvertebrate communities  
Catchment 6 years Magnitude, Duration, Timing Wood et al (2001) Macroinvertebrate communities differed significantly between different 
flow regime typologies 
Regional 20 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Worrall et al (2014) Hydrological controls shaped macroinvertebrate communities, although this 
accounted for low amounts of statistical variation 
Catchment 35 years Magnitude, Frequency, Duration, 
Timing, Rate of change 
Yang et al (2008) The magnitude and timing of low flows increased fish abundances and 
diversity, respectively. High rates of change enhance fish biodiversity.  
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2.3 Environmental flows 
The term “environmental flows” (e-flows) has been widely used within scientific literature referring to 
how water volumes not used directly by humans can be managed within fluvial environments to enhance 
the ecological and societal values of riverine systems (see Arthington et al., 2010). A significant step 
for promoting the global scientific standpoint on e-flows was the ‘International Environmental Flows 
Conference’ held in Brisbane (Australia) in September 2007 (Arthington et al., 2010). An outcome of 
this was the ‘Brisbane Declaration’, which outlined a global action agenda addressing the urgent need 
to protect rivers from anthropogenic flow regime alterations (Brisbane Declaration, 2007) and was an 
integral step underpinning the current state of e-flow science (Poff, 2017). The Brisbane Declaration 
defined e-flows as: 
“…the quantity, timing and quality of water flows required to sustain freshwater and estuarine 
ecosystems and the human livelihoods and well-being that depend upon these ecosystems” 
(Brisbane Declaration, 2007).  
The implementation of e-flows can be traced back to the 1940s, whereby threatened cold-water fishes 
in snowmelt streams received environmental protection (Poff et al., 2017). However, it was not until 
the 1990s that the number of e-flow methodologies being researched by scientists and implemented by 
practitioners began to proliferate (Poff et al., 2017). Tharme (2003) conducted a global review on e-
flow methodologies practised globally and highlighted that 207 separate techniques existed. Tharme 
(2003) grouped all e-flow methodologies into one of four categories: ‘hydrological’, ‘hydraulic rating’, 
‘habitat simulation’ and ‘holistic’, which are still relevant to e-flow science today (although the 
techniques within these categories have evolved over the 21st century - Poff et al., 2017). Hydrological 
methods assume that maintaining specific water volumes within the river will conserve ecological 
asset(s), which is often based on expert opinion, rather than empirical data (e.g. Acreman et al., 2008). 
Such techniques have evolved from purely sustaining a minimum flow volume to mimicking elements 
of the flow regime bearing ecological relevance (Petts, 2009; Richter et al., 2012; Gleeson and Richter, 
2018). Hydraulic rating techniques rely on simplistic physical measurements (e.g. average flow 
velocity, wetted perimeter, maximum depth) across varying discharges which depict the habitat 
properties assumed to be a limiting factor for a target organism (Tharme, 2003; Poff et al., 2017). Such 
techniques are rarely utilised in isolation in modern day e-flow research and are often used as a single 
component within a habitat simulation e-flow methodology, which encompasses detailed analyses of 
the area of suitable habitats typically available to a target species under varying flow volumes (Tharme, 
2003). Such techniques are often underpinned by detailed hydrological, hydraulic and ecological 
information which requires exhaustive field surveys and often focus on individual taxa (often iconic 
fish species), rather than being tailored towards the wider ecosystem functionality (Poff et al., 2017). 
However, there have been a number of instances where habitat simulation methodologies have been 
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applied to biotic communities (e.g. Gore et al., 1998) or species occupying the same ecological guilds 
(e.g. Vadas and Orth, 2001) and these approaches have increased in recent years (Poff et al., 2017). 
Holistic (or ‘whole ecosystem’) approaches move beyond examining isolated waterbodies and 
individual taxa, to integrating ideas of how entire ecosystems (including connected aquatic 
environments, such as groundwaters, rivers and wetlands) respond to the flow regime variability 
(Acreman and Dunbar, 2004). Such ideas originally emerged from an increased scientific understanding 
of flow-ecology relationships and how riverine biota depend on the different elements of the flow 
regime; as well as a need to understand how the variability of river discharges can be managed to 
conserve the structure and function of entire ecosystems which society are dependent on (Poff et al., 
2017).  
Thus far, this chapter has reviewed the global literature and introduced key scientific conceptualisations 
around river flow regimes, how this shapes riverine ecosystems and the ecological implications of 
hydrological alterations. The following sub-sections of this chapter provides more focussed literature 
reviews reflecting the specific research presented in Chapters 4-7.  
2.4 Alterations to flow regimes via river impoundments  
Impoundments are now ubiquitous features along watercourses globally, with Lehner et al (2011) 
approximating that 16.7 million reservoirs (occupying an area greater than 0.01 hectares) exist and 
affect 7.6% of the world’s rivers with average discharges greater than 1m3/s. Typically, global estimates 
do not account for smaller reservoirs (with dam walls below 15m), although Wisser et al (2010) 
highlighted that such impoundments affected c. 40% of river basins examined worldwide and reduced 
annual discharges by an average of 18%. River impoundments have been constructed for numerous 
purposes, including flood control, hydroelectric power and water supply, which have variable 
influences on downstream hydrological variability (Richter and Thomas, 2007). For example, flood 
control dams typically reduce the magnitude of high flows which is subsequently released during low 
flow periods (Richter et al., 1996). The hydrological implications of hydroelectric dams can vary 
depending on their structure, with ‘run-of-river’ dams minimally altering river flows as only a 
proportion of the discharge is diverted into a secondary channel before being returned to the main 
channel further downstream (Bilotta et al., 2017). Conversely, large hydropower dams with a 
substantial storage capacity can store peak discharges for later use, specifically to generate societal 
energy demands (Richter and Thomas, 2007), potentially leading to significant hydropeaking events 
(Kennedy et al., 2016). Similarly, water supply dams can hold large water volumes and release flows 
in accordance with public water demands, although receiving waters downstream of such reservoirs 
typically do not convey significant diurnal discharge variations which are released below hydroelectric 
generation structures (Richter and Thomas, 2007). 
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Two major ecological implications manifesting from the construction of river impoundments are the 
longitudinal fragmentation of fluvial systems and the regulation of flows (Nilsson et al., 2005; Grill et 
al., 2015). Disruptions to the longitudinal continuity of fluvial ecosystems has been widely recognised 
by ecologists, particularly since the advancement of the ‘Serial Discontinuity Concept’ (sensu Ward 
and Stanford 1983b; see also Stanford and Ward, 2001; Ellis and Jones, 2016). Barriers along river 
systems often prevent the migration of lotic fauna including migratory fish populations (Pelicice et al., 
2015) and in some instances macroinvertebrates (Satake and Ueno, 2013). Impoundments constructed 
along watercourses also compromise the biotic integrity of rivers by restricting the downstream 
transport of sediments and trophic resources (Growns and Growns, 2001; Katano et al., 2009), which 
disrupts downstream channel morphologies (Carling, 1988; Wohl et al., 2015). The storage of flows 
can transform the physico-chemical properties of impounded waters subsequently released downstream, 
such as cold, anoxic waters from hypolimnetic flow releases (Nürnberg, 2002; Casado et al., 2013). 
Flow regulation can directly influence ecological processes in numerous ways, including the cessation 
of downstream flowing conditions (Bradford et al., 2011), modifying the availability of habitats utilised 
by riverine biota (Kennedy et al., 2016) or through rapid changes in hydrological conditions which 
leaves insufficient time for lotic flora and fauna to locate refuges (Marty et al., 2009; Armanini et al., 
2014). The modification of river flow regimes downstream of dams can also indirectly impact riverine 
ecosystems, such as reduced discharges prompting widespread fine sediment deposits (Wohl et al., 
2015) or elevating stream temperatures (Webb and Walling, 1996).  
Ecological responses to flow regulation have been widely studied compared to other forms of 
hydrological modification (e.g. groundwater abstraction – see below; Poff and Zimmerman, 2010). 
However, the influences of flow regulation on riverine biota have been inconsistent globally (Poff and 
Zimmerman, 2010; Olden et al., 2014), which can be attributed to numerous reasons including most 
studies focussing on the magnitude of discharges altered by flow regulation and ignoring other facets 
of the flow regime (Poff and Zimmerman, 2010; Gillespie et al., 2015b), as well as other key 
environmental controls (e.g. stream temperature – Olden and Naiman, 2010); concentrating on target 
organisms rather than wider ecosystem responses (Olden et al., 2014; Gillespie et al., 2015b); 
examining ecological responses to single, discrete flow events (Olden et al., 2014); geographical bias 
towards developed countries (Gillespie et al., 2015b) and difference in management operations between 
reservoirs prompting significant differences in key environmental controls on riverine ecosystems  (e.g. 
water temperature, nutrient levels, downstream morphology - Mims and Olden, 2013; Gillespie et al., 
2015b; Chen and Olden, 2017b).  
The scientific themes and global literature introduced in this sub-chapter underpinned the research 
design of Chapter 4, which examines how flow regulation via water supply reservoirs influences faunal 
assemblages. Specifically, macroinvertebrate community responses to hydrological and stream 
temperature variability are examined over multiple years (2003-2011) in regulated and non-regulated 
systems across the Wessex Water plc. region.  
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2.5 Alterations to flow regimes via groundwater abstraction 
The over exploitation of subterranean water resources via groundwater abstraction is globally pervasive, 
with 1.7 billion people inhabiting regions with threatened groundwater resources and ecosystems 
(Gleeson et al., 2012b). de Graaf et al (2014) approximated that groundwater abstraction practices have 
lowered river discharges by approximately 10% worldwide. Quantifying the influences of groundwater 
pumping on surface waters requires detailed knowledge and sophisticated modelling practices that 
incorporates the complexity of climatological, hydrological and geological interactions (Soley et al., 
2012a; 2012b; Gleeson et al., 2012b). Groundwater abstraction influences on surface waters can vary 
from days to centuries depending on numerous natural and anthropogenic factors (Gleeson et al., 
2012a); most notably the transmissivity of the underlying aquifer, the rate of groundwater pumping and 
the distance that the abstraction point is positioned away from surface water bodies (see Figure 2.3; 
Gleeson and Richter, 2018). Groundwater abstraction lowers the water table around the abstraction well 
locally, which is known as a “cone of depression” and streamflow depletions occurs when this extends 
laterally towards the river (Gleeson and Richter, 2018).  
 
Figure 2.3 – The spatial and temporal implications of groundwater abstraction on subsurface water 
levels and river discharges. Adapted from Figure 2 in Gleeson and Richter (2018. pp. 86).  
Difficulties modelling the influences of groundwater abstraction on subsurface flows and surface waters 
has resulted in its ecological implications being sparsely examined relative to other forms of water 
resource management operations (e.g. flow regulation - Poff and Zimmerman, 2010). However, notable 
exceptions exist, such as Stumpp and Hose (2013) who examined how stygofauna responded to 
fluctuating water levels proximal to a groundwater pumping well. While not testing for the influences 
of groundwater abstraction explicitly, Vander Vorste (2016) demonstrated experimentally that 
increasing the depth of the water table below surface waters affected the ability of the freshwater 
amphipod G. pulex to access subsurface refugia during low flow conditions. Other studies have 
examined the ecological implications of groundwater abstraction within river systems by matching 
surface water biotic information together with groundwater information and model outputs (e.g. Bradley 
et al., 2014; 2017; Streetly et al., 2014; Kennen et al., 2014; Kath et al., 2016). Such examples 
demonstrate that the reduction of both subsurface and surface flows, as well as the degree of interaction 
between the two,can have significant implications for various aquatic ecosystems. Given that 
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groundwater abstraction routinely lowers subsurface water levels and surface water flows (Boulton and 
Hancock, 2006; Vu et al., 2017), there is a pressing need to better understand the ecological implications 
of groundwater abstraction.  
Within this thesis, Chapters 5 to 7 examine instream macroinvertebrate community responses to the 
effects of groundwater abstraction (in addition to other water resource management operations) within 
river systems underlain by chalk and greensand lithologies (groundwater dominated environments) 
across the Wessex Water region. The next three sub-sections of the chapter introduce specific 
environmental contexts and research designs utilised within this thesis to examine the influences of 
groundwater abstraction on macroinvertebrate communities.  
2.6 Temporary rivers 
Temporary rivers are fluvial systems which dry periodically (Leigh et al., 2016b). Based on 
hydrological statistics reported globally, Datry et al (2014b) conservatively estimated that over half the 
global river network recurrently dries. Anthropogenic influences (such as water resource management 
operations) are significantly contributing to the increasing prevalence of temporary rivers worldwide 
(Wada et al., 2013; de Graaf et al., 2014; Datry et al., 2014b). Furthermore, climate change projections 
have forecasted that the magnitude, frequency and duration of future river drying events will increase 
globally (Döll and Schmied, 2012; Jaeger et al., 2014). This has significant implications for riverine 
biota depending on how they have adapted to specific hydrological conditions and whether they possess 
specialist resistance and/or resilience strategies to survive streambed drying events of varying 
intensities, frequencies and durations (Lytle and Poff, 2004; Leigh et al., 2016b; Stubbington et al., 
2017).  
Although temporary rivers have historically received limited research attention, the number of studies 
conducted within such environments has dramatically increased in recent years (Leigh et al., 2016b), 
reflecting an increasing awareness of the landscape-scale biodiversity they support and ecosystem 
services they provide (Williams, 2006; Acuña et al., 2014; Stubbington et al., 2017). The hydrological 
variability within temporary rivers can vary significantly. Various authors have attempted to classify 
temporary watercourses based on the duration and inter-annual predictability of flowing conditions (e.g. 
Punchard and House, 2009; Stubbington et al., 2009; Levick et al., 2018; see Williams, 2006 and Figure 
2.4). However, it is widely recognised that temporary rivers can be broadly classified into two 
categories: those conveying intermittent flows, with seasonally consistent wet and dry periods being 
facilitated by variations in subsurface water levels; and those exhibiting ephemeral flows with 
infrequent flow events being driven by storm run-off events while water tables remain below the channel 
bed (Williams, 2006; Katz et al., 2012; Leigh et al., 2016b).  
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Figure 2.4 – Example of a classification scheme for temporary waterbodies (Source: Figure 1.5 in 
Williams, 2006. pp. 8).  
 
Aquatic communities supported by temporary environments are often nested subsets of the overall 
species pool supported by connected perennial systems, as many taxa cannot survive completely dry 
conditions (Datry, 2012; Hill and Milner, 2018). However, various aquatic biota can survive flow 
cessation events through different resistance and resilience mechanisms (Fritz and Dodds, 2004; 
Strachan et al., 2015), which allow them to survive in sporadic dry conditions. Such temporary water 
specialists are often outcompeted within permanent waterbodies can produce contrasting community 
compositions between temporary and perennial sections of river (Wright et al., 1984; Bogan et al., 
2013; Aspin et al., 2018). The resistance and resilience strategies of aquatic biota to drying events have 
been most widely demonstrated for macroinvertebrate taxa (Leigh et al., 2016a; see Table 2.3), but have 
also been highlighted for certain macrophyte (Westwood et al., 2006) and fish species (Berra and Allen, 
1989). 
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Table 2.3 – Examples of resistance and resilience strategies adopted by macroinvertebrate taxa during flow cessation events.  1 
 2 
 3 
Strategy 
type 
Trait Species Order Reference 
Resistance Eggs entering diapause until flows resume Paraleptophlebia werneri  Ephemeroptera Wright et al (1984) 
Eggs entering diapause until flows resume Nemoura lacustris Plecoptera Armitage and Bass (2013) 
Eggs entering diapause until flows resume and possess 
a gelatinous coating resisting the dry phase 
Nemoura cinereal Plecoptera Berrie and Wright (1984) 
The aestivation of larvae until flows resume Lectrides varians Trichoptera Wickson et al (2012) 
The aestivation of larvae until flows resume Hydrobaenus saetheri Diptera Cañedo-Argüelles et al (2016) 
The aestivation of larvae until flows resume Polypedilum vanderplanki Diptera Cañedo-Argüelles et al (2016) 
Retaining moisture within cases Limnephilus coenosus Trichoptera Zamora‐Muñoz and Svensson (1996) 
Closing the operculum to withstand dry conditions  Viviparus viviparus Gastropoda Poznańska et al (2015) 
Closing the operculum to withstand dry conditions  Bithynia tentaculata Gastropoda Poznańska et al (2015) 
Resilience Burrowing into moist subsurface sediments Gammarus pulex Amphipoda Vadher et al (2017) 
Burrowing into moist subsurface sediments Asellus aquaticus Isopoda Vadher et al (2017) 
Burrowing into moist subsurface sediments Nemoura cinereal Plecoptera Vadher et al (2017) 
Burrowing into deep substrates below the riverbed Mesocapnia arizonensis Plecoptera Bogan (2017) 
Extended adult flight periods during dry conditions Limnephilus centralis Trichoptera Wood et al (2005) 
Extended adult flight periods during dry conditions Micropterna lateralis Trichoptera Wood et al (2005) 
Extended adult flight periods during dry conditions Micropterna sequax Trichoptera Wood et al (2005) 
‘Bet-hedging’ phased cohort emergence Streptocephalus vitreus Anostracha Hildrew (1985) 
‘Bet-hedging’ phased cohort emergence Dinocras cephalotes Plecoptera Frutiger (1996) 
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Riverine biotic communities can also differ between various forms of temporary streams, including 
ephemeral and intermittent systems, due to differences in the flow regime variability (e.g. duration of 
flow conditions, hydrological response rates to rainfall - Anna et al., 2009; Stubbington et al., 2009; 
Katz et al., 2012; Cañedo-Argüelles et al., 2016). In addition, Lake (2003) conceptualised various types 
of intermittent rivers based on their longitudinal drying patterns (see Figure 2.5), which also has 
profound influences on the spatial distribution of lotic flora and fauna and how they interact. For 
example, within rivers drying outwards from the mid-reaches, taxa from upstream perennial sources 
can rapidly colonise downstream environments once flows resume, while this process takes 
substantially longer within rivers drying longitudinally from the headwaters (Storey and Quinn, 2008; 
see Appendix C).  
 
 
Figure 2.5 – Different longitudinal drying patterns within river systems. (Source: Fig. 3 in Lake, 2003. 
pp. 1164).  
The introduction of temporary rivers and the biotic communities they support is further developed and 
extended within Chapter 5 of the thesis, which specifically examines macroinvertebrate community 
responses to hydrological controls and groundwater abstraction influences within temporary and 
perennial systems. This research was undertaken within headwater streams underlain by a chalk 
lithology within the Hampshire Avon (see Chapter 3.1), which is of high conservation value as it 
supports various nationally rare flora and fauna (Punchard and House, 2009). The studied intermittent 
rivers exhibit strong intra-annual flow patterns due to the strong influence of chalk facilitating stable 
and lagged responses to seasonal changes in rainfall (Sear et al., 1999). 
2.7 Ecological responses to flow controls at the habitat-scale  
Ecological responses to flow can be characterised across various spatial scales (Figure 2.2). Even at the 
habitat scale, the influence of flow can be characterised and quantified from channel areas defined by 
hydraulic properties (such as pools and riffles – e.g. Negishi et al., 2002) to the complexity of 
microhabitats (e.g. crevices ingrained onto a single substrate clast – e.g. Lancaster, 1999). Within 
habitat simulation e-flow methodologies, coarser scale habitats defined by depth-velocity profiles are 
frequently utilised as they have proven to have a significant influence on the abundance and spatial 
distribution of various salmonid fish species (e.g. Armstrong et al., 2003; Lamouroux and Olivier, 
2015). This is demonstrated within the ‘Physical Habitat Simulation’ (PHABSIM) methodology which 
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has been utilised globally (Tharme, 2003; Poff et al., 2017) and is underpinned by various hydraulic 
measurements (e.g. stream width, depth, velocity), although this technique also incorporates measures 
of substrate compositions (e.g, Gore et al., 1998; Strevens, 1999; Gibbins et al., 2002; Moir et al., 2005). 
However, few e-flow methodologies account for ecological responses to flow controls across the suite 
habitat patches occurring at smaller spatial scales than those defined by depth-velocity relationships 
(e.g. pools, riffles), despite their mediating effect on how biota interact with flow. For example, Demars 
et al (2012) examined the structure and function of macroinvertebrate communities supported by river 
‘biotopes’, which represent habitats comprising various types of mineralogical coverings (e.g. gravel 
and sand substrate patches) and organic habitats (e.g. macroalgae and macrophyte stands) arising 
through hydrological, hydraulic and geomorphological forces (Armitage et al., 1995; White et al., 
2017). The identity and heterogeneity of such habitats have been found to create differing communities 
at localised spatial scales which are subsets of the wider species pool governed by wider environmental 
‘filters’ (sensu Poff, 1997) operating at coarse spatial scales (e.g. flow regime variability). In addition, 
biotopes provide various ecological functions which taxa utilise in response to varying flow conditions 
(see Table 2.4). Although biotopes were originally used as a tool to guide river managers on how 
channel morphologies can be physically manipulated to enhance instream ecosystem health (Kemp et 
al., 1999), other studies have utilised biotopes as a basis to examine invertebrate responses to flow 
regime alterations (e.g. Armitage and Pardo, 1995; Storey and Lynas, 2007).  
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Table 2.4 – Different biotopes occurring in lotic environments and how they are utilised by taxa 
during different flow conditions. Adapted from Table 1 in Kemp et al (1999. pp. 160).  
Habitat group Biotope Examples of habitat-specific taxa responses to flow 
Coarse substrate Boulder Regions of low velocities behind large clasts (Gosselin et al., 2010) 
Stable refuge during high flows (McMullen and Lytle, 2012) 
Clast interstices provide access to refuge during low flows (Vadher et al., 2017) 
Cobble 
Gravel 
Fine sediment Sand Supports taxa resistant/resilient to flow disturbance (Townsend and Hildrew, 1994) 
Clog interstices restricting access to refuge during low flows (Vadher et al., 2017) Silt 
Macrophytes Marginal  Taxa utilising marginal plants when water levels are high (Chadd et al., 2017) 
Macrophytes stabilise sediments during floods (McMullen and Lytle, 2012) 
Macrophyte beds enhance river depths in low-flows (Hearne and Armitage, 1993) 
Macrophyte strands provide a platform resist hydrological extremes and consume 
passing detritus (Wharton et al., 2006) 
Provides cover from predators when reduced discharges concentrates biotic 
communities (Heck and Crowder, 1991) 
Emergent 
Floating-
leaved 
Submerged, 
fine-leaved 
Submerged, 
broad-leaved 
Tree material Tree roots Fauna cling to tree material during high flows (Palmer et al., 1996) 
Organic tree material provide moisture along dry riverbeds (Inkley et al., 2008) 
Woody debris provides areas of reduced flow velocities which are utilised by taxa 
during high flows (Crook and Robertson, 1999)  
Organic material accumulation along dry riverbeds is widely colonised by 
organisms when flows resume (Corti and Datry, 2012) 
Tree 
branches 
Woody 
debris 
Leaf litter 
Mosses Mosses Mosses frequently exposed during water levels support biotic communities with 
lower resilience to fluctuating flows (Cattaneo et al., 2004) 
Macroalgae Macroalgae Invertebrate take refuge in macroalgae during high flows (Dudley et al., 1986) 
The regulatory effect of small-scale habitats (biotopes) considered within this sub-section is discussed 
further and examined in the research undertaken within Chapter 6; which specifically examines the 
influence of different flow properties (hydrological, anthropogenic flow alterations and hydraulics) on 
macroinvertebrate communities inhabiting different lotic habitats within perennial, groundwater 
environments across the Hampshire Avon. 
2.8 Establishing long-term flow-ecology relationships 
The need to establish flow-ecology relationships across large temporal (inter-annual to decadal) and 
spatial (regional) scales has been widely advocated to guide the development of effective e-flow 
strategies (e.g. Poff et al., 2010; Acreman et al., 2014; Daufresne et al., 2015; Poff, 2017; Visser et al., 
2017). Long-term river discharge time series data are widely available globally, particularly in more 
economically developed nations (Hannah et al., 2011; Ruhi et al., 2018). However, logistical issues 
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maintaining flow gauges (see Wilby et al., 2017) and the financial implications associated with this has 
reduced the recording of hydrological data globally in recent years, even within industrialised regions 
(notably in upland/headwater environments - Hannah et al., 2011; Ruhi et al., 2018). Long-term 
hydrological datasets are required to place historical flow variability and extreme hydrological events 
within a temporally relevant and appropriate context. Many authors advocate 20-years as a benchmark 
time-period for reliably characterising the variability of river flow regimes (e.g. Richter et al., 1997; 
Puckridge et al., 1998; Monk et al., 2008). Establishing the ‘typical’ flow regime variability exhibited 
on an intra- and inter-annual basis is key for guiding e-flow development given that many riverine biota 
synchronise life-cycle stages with these hydrological conditions (Lytle and Poff, 2004; see Chapter 
2.1.1).  
Long-term ecological datasets continue to be far more limited compared to hydrological time-series 
(Monk et al., 2008; Vaughan et al., 2009; Wilby et al., 2017). Flow-ecology relationships underpinned 
by community data sampled over long-term periods have been historically sparse (Davies et al., 2014). 
Obtaining ecological information collected during routine biomonitoring can provide a reliable tool for 
understanding long-term community responses to hydrological controls (Monk et al., 2006; Durance 
and Ormerod, 2009; Cuffney and Kennen, 2017). Such ecological data is often not targeted towards 
specific hydrological conditions, such as when surveyors are unable to sample during high flow events 
or when limited financial resources during droughts means water security practices take precedent over 
biomonitoring. However, where rigorous data screening processes are applied, biomonitoring data can 
provide reliable ecological information underpinning long-term flow-ecology relationships (e.g.  Monk 
et al., 2006; Durance and Ormerod, 2009; Dunbar et al., 2010a; Worrall et al., 2014 ; Greenwood and 
Booker, 2015). Such information can facilitate an inter-annual understanding of community responses 
to flow regime variability and hydrological extremes (e.g. Monk et al., 2008). In addition, long-term 
ecological and hydrological data can potentially provide data ‘before’ and ‘after’ significant ecosystem 
disturbances which may modify the nature of flow-ecology relationships (e.g. droughts – see Lynch et 
al., 2018) and have thus far been sparsely explored within e-flow research (Arthington et al., 2010).   
Collating ecological and hydrological information simultaneously which captures the transition from 
‘reference’ (i.e. pre-anthropogenic disturbance) through to present day conditions has the potential to 
provide a greater causal basis for understanding how communities are responding to flow alterations 
(Arthington et al., 2010; Wheeler et al., 2017). For example, the IHA methodology was designed to 
quantify changes to key hydrological properties shaping lotic ecosystems (see Chapter 2.1.1 and Richter 
et al., 1996). However, even when long-term ecological data is available, few studies have considered 
flow-ecology relationships prior to the introduction of anthropogenic hydrological alterations due to the 
long-standing presence of human flow modifications upon fluvial environments (Arthington et al., 
2010; Poff et al., 2010). To address this, scientists and river managers regularly adopt a ‘space-time’ 
substitution, whereby flow-ecology relationships across similar river typologies are constructed within 
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a distinct user-defined ‘region’, typically bound by natural (e.g. comparable climates and geologies) 
and anthropogenic (e.g. operational boundaries of environmental regulators) factors (see Arthington et 
al., 2006; Poff et al., 2010) and the influences of hydrological alterations are inferred from this. Such 
principles are employed as river discharges respond congruently to climatic controls regionally (Monk 
et al., 2008; De Luca et al., 2017), which produces comparable hydraulic conditions between 
watercourses and neighbouring river basins (Rosenfeld, 2017). In addition, spatially transferrable flow-
ecology relationships have been advocated as the most scientifically robust means of guiding e-flows 
due to limited resources precluding detailed ecological and hydrological information from being 
collected on a site by site (or even a river by river) basis (Poff et al., 2010; Chen and Olden, 2017b).  
The need for long-term flow-ecology relationships to guide environmental flow methodologies globally 
has been clearly recognised within this sub-section. The use of long-term ecological 
(macroinvertebrate) and flow information underpins the research undertaken within Chapter 7 of this 
thesis. This region-wide study (spanning the Hampshire, Wiltshire and Dorset counties of England) 
examined macroinvertebrate community responses to hydrological controls and anthropogenic flow 
alterations over a 21-year period (1995-2016) characterised by periods of extreme low- and high-flow 
flow conditions within perennial, groundwater dominated environments.  
2.9 Summary  
This chapter has demonstrated the importance of river flow regimes on riverine biota and how 
hydrological alterations occurring in fluvial systems affect the ecosystems they support globally. 
Experimental approaches examining ecological responses to flow controls have been widely adopted to 
provide a detailed, causal understanding on how riverine ecosystems respond to specific hydrological 
conditions. However, such approaches often do not explore multiple facets of the flow regime and are 
conducted over limited spatial coverages and time spans. Alternatively, observational studies 
establishing flow-ecology studies can be performed across greater spatial and temporal scales, which 
could guide the management of water resource operations and environmental flow strategies in order to 
conserve riverine ecosystems.  
This chapter also introduced global literature underpinning the research designs undertaken within 
Chapters 4 to 7 within this thesis. For this, the global prevalence of flow regulation activities along 
watercourses was introduced and numerous limitations hindering the establishment of ecologically 
effective environmental flow strategies were discussed. The first research objective of the thesis 
addresses a significant research gap within this subject area by examining the influences of both flow 
and stream temperature variability on macroinvertebrate communities across regulated and non-
regulated river systems (see Chapter 1.2). Conversely, studies examining riverine ecosystem responses 
to groundwater abstraction have been sparsely examined worldwide due to complexities combining 
subsurface hydrological processes with surface water flows and ecosystems, which was discussed in 
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this chapter and is directly addressed within the second research objective of this thesis (see Chapter 
1.2). Subsequently, this chapter also provided detailed overviews of ecological responses to flow 
controls across specific fluvial environments (i.e. temporary and perennial watercourses – research 
objective 3, Chapter 5) and spatial scales (habitat – research objective 4, Chapter 6; through to region-
wide – research objective 5, Chapter 7) examined within the thesis. The ecological implications of river 
flow regimes across these environmental contexts are further discussed within each respective research 
chapter, which provide different perspectives on understanding how instream communities are 
responding to groundwater abstraction (as well as other water resource management operations; see 
Chapter 1.2).  
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Chapter 3.  Study region and methods 
3.1 Introduction 
This chapter outlines the study region of the thesis, describes the ecological and hydrological 
information utilised within multiple research designs and introduces various forms of statistical analyses 
employed within Chapters 4-7. Each respective research chapter contains more detailed information on 
the methods and analyses undertaken to address the objectives of the thesis (see Chapter 1.2).  
3.2 Wessex Water 
All research presented within this thesis was undertaken within the operating boundaries of Wessex 
Water plc. (Figure 3.1). Wessex Water are situated in southwest England (UK) bounded latitudinally 
by the northern extent of the Wiltshire boundary and the south English coastline, and longitudinally by 
the western Somerset boundary and the eastern boundary of Wiltshire and the New Forest. Wessex 
Water treat water (effluent waste) for approximately 2.8 million inhabitants and supply water to 
approximately 1.5 million customers (Wessex Water, 2018). Their water resource management 
operations alter river flow regime variability across this region, such as various activities which 
artificially elevate river discharges during certain time periods. This includes water releases from 10 
reservoirs (via compensation flows and spill weirs when water levels surpass a certain value) across 
Somerset (situated in the west of the study region, see Figure 3.1); 410 effluent water returns (with 212 
being situated across the thesis study region) and 18 low-flow alleviation strategies (with 9 being located 
within the study region examined in this thesis), which utilise groundwater to augment discharge into 
specific river channels when they fall below a critical low-flow (discharge) value.  
Water abstraction practices operated across the thesis study region artificially reduce river discharges, 
although anthropogenic water demands across the region have declined since 1995 due to infrastructural 
improvements reducing leakages and a rise in the use of water meters (Bowles and Henderson, 2012; 
Wessex Water, 2014). Approximately 25% of the total water abstracted is harvested from reservoirs 
located along surface water fed streams in Somerset (the focus of Chapter 4 – Figure 3.1; Wessex Water, 
2014). The remaining 75% of the water supplied in the region is derived from groundwater supplies. 
This is predominantly withdrawn from the Cretaceous chalk lithology (a white, fine-grained limestone) 
spanning the eastern and southern parts of the thesis study region (the focus of Chapter 7 - Figure 3.1). 
The chalk aquifer of England supports more groundwater abstraction than any other aquifer in the UK 
(Soley et al., 2012b). Wessex Water operate 72 groundwater public water supply sources across the 
region, with 21 of these being situated within the Hampshire Avon (located in the east of the region and 
the focus of Chapters 5 and 6 – Figure 3.1; please refer to Figure 7.1, page 133, for the geographical 
distribution of different water resource operations). The Hampshire Avon is internationally recognised 
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for its high ecological value and has been designated as a Special Area of Conservation (SAC) under 
the EU Habitats Directives (92/43/EEC) due to the diverse range of flora and fauna supported by the 
chalk rivers within the catchment.  
In recognition of the biological importance of rivers across the region and the ecosystem services they 
support, Wessex Water invested c. £5 million between 1995 and 2010 (over 3 Asset Management Plan 
– AMP - periods) to detect and monitor the influences of hydrological alterations on river ecosystems 
(Bowles and Henderson, 2012). A team of environmental scientists are employed by Wessex Water to 
supplement routine ecological records and assessments collected by the Environment Agency (the 
environmental regulator within England and Wales) and expand its biomonitoring network. This 
provides an extensive volume of ecological information from across the region to guide water resource 
management operations, which can be used in association with existing Environment Agency databases 
given that identical sampling procedures have been utilised (see section 3.3).  
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Figure 3.1 – Thesis study region. Thick solid line = Wessex Water boundary; Dotted line = Somerset 
region (in the west of the study region, incorporating the Parrett, Tone and Yeo basins examined in 
Chapter 4); Dashed line = Hampshire Avon (in the east of the study region, examined in Chapters 4 and 
5) and solid (thin) line = groundwater dominated environments in the south-east region of Wessex 
Water (spanning across Dorset, Hampshire and Wiltshire and incorporating the Frome, Hampshire 
Avon and Stour basins examined in Chapter 6). Colours indicate storage capacity of the underlying 
bedrock (white = high capacity through to dark grey = no storage capacity). Classifications were based 
on UK hydrogeological classifications (BGS, 2018).  
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3.3 Wessex basin groundwater model 
The ‘Wessex Basin’ regional groundwater model is utilised by Wessex Water to characterise the 
hydrological variability of groundwater dominated river systems across the study region. The model 
divides the Wessex Water region underlain by Cretaceous chalk and upper greensand into 250×250m 
grid cells, with stream cells being positioned along the valley floors. Two discharge time series are 
outputted from each stream cell at daily intervals: (i) ‘historic’ (modelled discharge time series, which 
account for anthropogenic flow alterations, including groundwater abstraction) and (ii) naturalised 
(modelled discharges subject to no hydrological alterations). Flow alterations are derived from the 
percentage difference between the naturalised and historic discharge time series. The Wessex Basin 
groundwater model has been adapted from the ‘Modular Three-Dimensional Finite-Difference Ground-
Water Flow Model’ (MODFLOW) model (McDonald and Harraugh, 1988), which calculates the 
movement of water through aquifers. It accounts for the three-dimensional hydraulic conductivity and 
the storage capacity of the bedrock. Negative volumetric flux values within the MODFLOW algorithm 
allows for groundwater abstraction influences to be modelled when estimating subterranean water flows 
(McDonald and Harraugh, 1988). The interaction between stream cells and groundwater levels are 
calculated at c. 10-day intervals (3 modelled outputs per month). The Wessex Basin model applies these 
principles to the hydrogeological properties of the study region and combines this with outputs from a 
4R (Rainfall, Recharge and Runoff Routing) hydrological model (see Heathcote et al., 2004) to provide 
an estimate of total daily discharge conveyed by each stream cell. Incorporating the 4R component 
allows any surface water alterations, (e.g. effluent water returns and low flow alleviation strategies) to 
be modelled. The groundwater model has been independently reviewed by the Environment Agency 
who have determined that it accurately models the hydrological variability across the region (ENTEC, 
2015). The Wessex Basin model is utilised within Chapters 5, 6 and 7 of the thesis.  
3.4 Invertebrate sampling and biomonitoring strategies 
The Environment Agency has collected a wealth of ecological data for >25 years across the Wessex 
Water region during routine biomonitoring. Wessex Water has supplemented such records since 2001 
when a designated team of environmental scientists was first established. Secondary macroinvertebrate 
community data used within the thesis (Chapters 4, 5 and 7) were obtained from the ‘BIOSYS’ database 
collated by the Environment Agency (which contains invertebrate information from approximately 
27,000 sites - Durance and Ormerod, 2009) and samples also collected by Wessex Water. Surveyors 
from both organisations adopt a standardised kick-sampling procedure, whereby all habitats spanning 
a river cross-section (e.g. gravels, macrophytes) are proportionally sampled over a 3-minute period, in 
addition to a 1-minute hand search of larger objects (e.g. woody debris, boulders - see Murray-Bligh, 
1999; Everall et al., 2017). Kick-samples represent a semi-quantitative procedure for which the 
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sampling effort (time) is standardised, but the area covered during sampling is unknown. However, kick 
sampling has proven to yield comparable ecological results to samples derived from quantitative 
methods, including Surber samples (used in Chapter 6; see Everall et al., 2017). Samples in the BIOSYS 
database have been subjected to quality assurance (QA) schemes since 1995, whereby 10% of samples 
were re-inspected and 20 samples were randomly selected for re-inspection annually by an independent 
auditor (Centre for Ecology and Hydrology, Dorset – from 2014, external assessments were replaced 
with additional internal taxonomic appraisals). Wessex Water samples were subjected to the same QA 
procedures as in the BIOSYS database and additional samples were also re-examined by an alternative 
independent auditor (Freshwater Biological Association, Dorset). Within the UK, the ecological status 
of macroinvertebrate communities (as well as other trophic groups) are characterised through 
biomonitoring indices depicting the community preferences and tolerances to specific environmental 
conditions and potential stressors (see Mathers et al., 2016; Appendix C). Biomonitoring indices have 
been found to reliably characterise and track community responses to specific environmental controls 
and gradients (e.g. Extence et al., 1999; 2013; Clews and Ormerod, 2009; Armanini et al., 2014; Chadd 
et al., 2017). The Lotic-Invertebrate index for Flow Evaluation (LIFE; Extence et al., 1999) is routinely 
used by UK regulatory bodies to set water abstraction licence conditions and monitor invertebrate 
responses to flow regime variability (Monk et al., 2006; Appendix C). LIFE is based on 
macroinvertebrate preferences towards stream flow velocity ranges and can be processed at both 
species- and family-level taxonomic resolutions. LIFE scores have been found to accurately reflect 
changes in antecedent hydrological variability (e.g. Monk et al., 2006; 2008; Dunbar et al., 2010) and 
hydrological alterations (Bradley et al., 2014; 2017; Gillespie et al., 2015a). The LIFE score is used in 
Chapters 4 and 7 of the thesis and was calculated using ‘Species Diversity and Richness IV’ program 
(Pisces Conservation Ltd., 2008).  
In addition, numerous diversity metrics characterising the structure and function of macroinvertebrate 
communities are utilised throughout the thesis, all of which have been calculated and processed within 
R studio (operated within R version 3.3.1; R Development Core Team, 2014). Structural measures are 
derived from taxonomic compositions (i.e. community abundances) and denotes the organisation of 
faunal assemblages based on the number of taxa and individuals within a sample. The structural 
properties of macroinvertebrate communities are characterised in multiple research chapters by the 
taxonomic richness, taxonomic diversity (accounting for richness and evenness of samples), Berger-
Parker and %EPT (see Table 3.1). The functional diversity of biotic communities represents the 
variability of faunal biological properties and characteristics (Mason et al., 2005), which can link 
directly to wider ecosystem functionality (depicting a suite of processes controlling fluxes of energy 
and matter across food-webs - von Schiller et al., 2017). The functional diversity metrics utilised within 
this thesis were calculated from a European functional trait database developed by Tachet et al (2010), 
which provides faunal trait information typically at genus or species level. The database utilises a 
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‘fuzzy-coding’ approach, whereby macroinvertebrate affinities for individual traits range from zero 
(indicating no affinity) to three or five (indicating strong affinity – the maximum value depending on 
the level of information available in existing literature – see Chevene et al., 1994; Tachet et al., 2010). 
Functional traits can be partitioned into their ‘grouping features’ and ‘traits’ (see Schmera et al., 2015). 
Grouping features represent a functional trait category (e.g. ‘maximum body size’ and ‘feeding 
groups’), while traits represent the modalities occurring within these (e.g. maximum body size - 
‘≤0.25cm’, ‘≥8cm’; feeding groups – ‘filter-feeder’, ‘predator’) and this nomenclature is used here to 
describe the processing of functional trait values.  
Functional traits are utilised within Chapters 4, 6 and 7 of the thesis, with 3 metrics being processed 
within multiple chapters (Table 3.1). For this, 15 grouping features comprising 82 traits (Table 3.2) 
were used. To calculate functional diversity metrics, trait values underwent a series of data processing 
stages prior to statistical analyses, which is presented schematically in Figure 3.2:  
1. Taxa that do not occur within the UK (guided by Davies and Edwards, 2011) were removed 
from the analyses (sensu Demars et al., 2012), as were certain taxa based on qualifying criteria 
specific to individual research chapters. 
2. Trait values were standardised for each sample so that all grouping features summed to 1 (to 
ensure trait affinities had equal weighting between taxa).   
3. Trait values were averaged across each macroinvertebrate family (only in Chapters 4 and 7 – 
due to the taxonomic resolution of the underpinning data).  
4. Values were standardised (as above) to account for taxa expressing no affinity for all traits 
within a specific grouping feature (only in Chapters 4 and 7). 
5. Community abundances were ln(x+1) transformed (only in Chapters 4 and 6 due to the format 
of the taxonomic data; see Schmera et al., 2014) before creating a trait × taxa array. 
6. Values of each trait were then averaged across all taxa.  
7. Values were standardised across each grouping feature (as above) to account for spatial and 
temporal differences in community abundances (Gayraud et al., 2003). 
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 1 
Figure 3.2 – A flow chart depicting the calculation of functional traits within this thesis.   2 
 3 
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Table 3.1 – Community diversity response metrics characterising the structure and function of faunal assemblages utilised within multiple thesis chapters.  4 
Dependent 
variable 
Description Specialised statistical functions Rationale Chapters examining 
each response metric Function Package 
‘Community 
abundance’ 
The total number of specimens 
within a sample 
Calculated manually Measures depicting the structural composition of 
samples and the biodiversity of invertebrate 
communities may directly influence the delivery of 
ecosystem services (see Vörösmarty et al., 2010). 
Such indices have proven to be responsive to 
hydrological controls, including major drought 
(e.g. Wood and Armitage, 2004) and flood (e.g. 
Booker et al., 2015) events, as well as 
anthropogenic flow alterations (Kennen et al., 
2014; Tupinambás et al., 2014).  
5, 7 
Taxonomic 
richness – 
‘TaxRic’ 
 
The total number of taxa sampled. specnumber Vegan 
Oksanen et al (2018) 
5, 6, 7 
Simpson’s 
taxonomic 
diversity – 
‘TaxDiv’ 
The probability that two randomly 
selected individuals from a single 
sample belong to the different 
taxa and incorporates the richness 
and evenness of communities.  
diversity  
(‘invsimp’ 
measure) 
Vegan 
Oksanen et al (2018) 
For further information, see 
Oksanen (2017) 
5, 6, 7 
‘Berger-
Parker’ 
Dominance 
index 
The proportion of the most 
dominant species compared to 
the abundance of the entire 
sample.  
Calculated manually:  
𝐵𝑒𝑟𝑔𝑒𝑟 − 𝑃𝑎𝑟𝑘𝑒𝑟 =
𝑁𝑚𝑎𝑥
𝑁
 
(N = total number of individuals and  
Nmax = number of individuals of the most 
abundant taxa; Seaby and Henderson, 2007) 
5, 6, 7 
%EPT The percentage of the taxa in a 
sample belonging to the 
Ephemeroptera, Plecoptera and 
Trichoptera orders.  
Calculated manually Taxa comprising EPT orders are widely regarded 
as indicators of good water quality (Mathers et 
al., 2016) and provide a key ecosystem service as 
iconic fish species in the region prey upon them 
(Riley et al., 2013).  Various species are 
dependent upon hydrological controls, such as 
Baetis sp. which rely on high spring discharges 
(Kennen et al., 2010).  
5, 6, 7 
Functional 
diversity –  
‘FuncDiv’ 
Derived from the Simpson’s 
diversity index on functional trait 
compositions. Using this metric 
accounts for a lack of 
independence between traits 
(Larsen and Ormerod, 2010; 
diversity 
(‘invsimp’ 
measure) 
Vegan 
Oksanen et al (2018) 
For further information, see 
Oksanen (2017) 
Examining the functional properties of instream 
communities responding to hydrological controls 
can offer various benefits to traditional taxonomic 
measures, including: (i) more spatially 
transferrable flow-ecology measures; (ii) enhanced 
statistical power and (iii) a greater understanding 
6, 7 
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White et al., 2017; also see ‘trait 
syndromes’ in Poff et al, 2006). 
of the underlying causal mechanisms (Statzner and 
Beche, 2010; Poff, 2017). Each functional 
diversity metric may reflect different community 
responses to hydrological controls (see Schriever 
et al., 2015). 
Functional 
richness – 
‘FRic’ 
Calculated from taxonomic 
compositions distributed in a 
multidimensional functional 
space (derived from standardised 
trait values - step 2 in Chapter 6 
and step 4 in Chapters 4 and 7). 
FRic represents the minimum 
convex hull volume contain all 
species. FEve calculates the 
regularity of species abundances 
in functional trait space.  
dbFD – using 
a Bray-Curtis 
dissimilarity 
matrix on 
community 
abundances 
FD 
Laliberté et al (2015) 
For further information, see 
Villeger et al (2008) and 
Laliberté and Legendre 
(2010) 
6, 7 
Functional 
evenness – 
‘FEve’ 
6, 7 
 5 
 6 
 7 
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Grouping feature Trait Code Grouping feature Trait Code 
Maximum potential size 
 
 
 
 
 
 
Life-cycle duration 
 
Voltinism 
 
 
Aquatic stages 
 
 
 
Reproduction strategy 
 
 
 
 
 
 
 
Dispersal strategy  
 
 
 
Resistance form 
 
 
 
 
Locomotion and substrate 
relation 
 
≤0.25cm 
>0.25- 0.5cm 
>0.5- 1cm 
>1- 2cm 
>2- 4 cm 
>4- 8cm 
>8cm 
≤1 year 
>1 year 
<1  
1  
>1  
Egg 
Larva 
Nymph 
Adult 
Ovoviviparity 
Isolated, free eggs 
Isolated, cemented eggs 
Clutches, cemented 
Clutches, free 
Clutches, in vegetation 
Clutches, terrestrial 
Asexual 
Aquatic passive 
Aquatic active 
Aerial passive 
Aerial active 
Eggs/statoblasts 
Cocoons 
Housings against desiccation 
Diapause / dormancy 
None 
Flier 
Surface swimmer 
Full water swimmer 
Size.1 
Size.2 
Size.3 
Size.4 
Size.5 
Size.6 
Size.7 
Life-cycle.1 
Life-cycle.2 
Voltinism.1 
Voltinism.2 
Voltinism.3 
Stage.1 
Stage.2 
Stage.3 
Stage.4 
Reproduction.1 
Reproduction.2 
Reproduction.3 
Reproduction.4 
Reproduction.5 
Reproduction.6 
Reproduction.7 
Reproduction.8 
Dispersal.1 
Dispersal.2 
Dispersal.3 
Dispersal.4 
Resistance.1 
Resistance.2 
Resistance.3 
Resistance.4 
Resistance.5 
Locomotion.1 
Locomotion.2 
Locomotion.3 
Respiration method 
 
 
 
 
Food consumed 
 
 
 
 
 
 
 
 
Feeding group 
 
 
 
 
 
 
 
Substrate preference 
 
 
 
 
 
 
 
 
Velocity preference 
 
 
 
Trophic status 
Gill 
Plastron 
Spiracle 
Hydrostatic vesicle 
Tegument 
Microorganisms 
Detritus <1mm 
Dead plant ≥1mm 
Living microphytes 
Living macrophtyes 
Dead animal ≥1mm 
Living microinvertebrates 
Living macroinvertebrates 
Vertebrates 
Absorber 
Deposit feeder 
Shredder 
Scraper 
Filter-feeder 
Piercer 
Predator 
Parasite 
Coarse substrates 
Gravel 
Sand 
Silt 
Macrophytes 
Microphytes 
Twigs/roots 
Organic detritus 
Mud 
Null 
Slow 
Medium 
Fast 
Oligotrophic 
Respiration.1 
Respiration.2 
Respiration.3 
Respiration.4 
Respiration.5 
Food.1 
Food.2 
Food.3 
Food.4 
Food.5 
Food.6 
Food.7 
Food.8 
Food.9 
Feeding.1 
Feeding.2 
Feeding.3 
Feeding.4 
Feeding.5 
Feeding.6 
Feeding.7 
Feeding.8 
Substrate.1 
Substrate.2 
Substrate.3 
Substrate.4 
Substrate.5 
Substrate.6 
Substrate.7 
Substrate.8 
Substrate.9 
Velocity.1 
Velocity.2 
Velocity.3 
Velocity.4 
Trophic.1 
Table 3.2 – Functional traits utilised within this thesis from the Tachet et al (2010) database. Italicised values depict ‘ecological’ traits used exclusively in Chapter 4.  
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Crawler 
Burrower 
Interstitial 
Temporarily attached 
Permanently attached 
Locomotion.4 
Locomotion.5 
Locomotion.6 
Locomotion.7 
Locomotion.8 
 
 
Thermal tolerance 
Mesotrophic 
Eutrophic 
Psychrophilic 
Thermophilic 
Eurythermic 
Trophic.2 
Trophic.3 
Thermal.1 
Thermal.2 
Thermal.3 
57 
 
3.5 Data analyses 
All analyses conducted throughout the thesis were performed within R studio (operated within R version 
3.3.1; R Development Core Team, 2014). Within the following research chapters, numerous statistical 
techniques have been used to quantify invertebrate responses (dependent variables) with different 
environmental controls (e.g. hydrological and anthropogenic flow alteration indices – independent 
variables). Statistical models used within each chapter have been guided by the specific research 
questions and the structure of underpinning data. Throughout the thesis, a consistent data exploration 
protocol approach has been undertaken which included: inspection for outliers through visual inspection 
of Cook’s distance (Zuur et al., 2010) and Pearson residual versus fitted value plots (Bolker et al., 2009) 
or statistically derived criteria; homogeneity of statistical variances were inspected through residual 
versus fitted plots (Zuur et al., 2010 - or Pearson residuals for mixed-effect models, see Bolker et al., 
2009) and select dependent variables underwent transformation techniques (logarithmic or other 
appropriate transformations) to satisfy this assumption; tests for normality were also checked using 
Quantile-Quantile plots (Zuur et al., 2010) and correlation between covariates was tested by calculating 
variance inflation factor (VIF) scores (Zuur et al., 2010). Further details regarding the statistical 
analyses performed can be found within each specific research chapter.  
3.6 Summary  
This chapter has outlined the thesis study region and provided geographical and hydrological contexts 
for the lotic environments examined. The methods used to collect invertebrate data during routine 
biomonitoring and subsequent data processing and analytical techniques employed within multiple 
research chapters have been described. Each of the subsequent research chapters provides a specific 
description of how information described in this chapter has been utilised. 
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Chapter 4.  macroinvertebrate community responses 
to hydrological and stream temperature variability 
within regulated and non-regulated systems 
4.1 Introduction 
The ecological implications of flow regulation within impounded rivers has been widely researched 
compared to various other forms of hydrological alterations (Poff and Zimmerman, 2010). This is in 
part due to the profound influence impoundments exert on multiple environmental controls within 
fluvial environments (e.g. hydrological variability, stream temperature, sediment transport) which has 
proven to drastically alter riverine ecosystems (Ward and Stanford, 1983b; Ellis and Jones, 2013; 
Gillespie et al., 2015b – see Chapter 2.4). Despite this, research quantifying the long-term ecological 
responses to flow regulation has typically focussed on individual abiotic controls, such as changes in 
discharge magnitude (Poff and Zimmerman, 2010; Olden et al., 2014; Gillespie et al., 2015b). River 
flow and stream temperature regimes are key environmental controls on lotic ecosystems (Durance and 
Ormerod, 2009; Pyne and Poff, 2017) and are often altered drastically by flow regulation (Richter et 
al., 1996; Olden and Naiman, 2010). For example, hydrological and thermal modifications driven by 
impoundments have proven to persist over greater longitudinal distances compared to other 
environmental variables (e.g. changes in substrate compositions – see Ellis and Jones, 2016). However, 
studies examining ecological responses to both flow and stream temperature regimes modified by flow 
regulation have been limited (notable exceptions being Jackson et al., 2007; Macnaughton et al., 2016). 
The influences of flow regulation on the hydrological variability of fluvial environments threatens the 
integrity of riverine ecosystems globally (Nilsson et al., 2005; Poff and Zimmerman, 2010; Armanini 
et al., 2014; Gillespie et al., 2015b). For example, hydropeaking has proven to extirpate taxa with egg-
laying strategies dependant on shallow river margins (including various Ephemeroptera species - 
Kennedy et al., 2016), while reduced low-flow variability can also negatively impact instream 
communities (e.g. Tonkin et al., 2017). Environmental flow (e-flow – see Chapter 2.3) strategies centred 
on impoundments have historically emphasised the volume of water available to the environment and 
focus on sustaining a minimum discharge capable of supporting targeted species (Petts et al., 2009). 
However, there is increasing awareness that e-flow methodologies should incorporate the full range of 
hydrological variations conveyed within fluvial environments (Poff et al., 2017). There is also 
increasing acknowledgement that e-flow methodologies should consider stream temperature variability 
within lotic systems (e.g. Olden and Naiman 2010). Recent research has illustrated this through the 
exploration of stream temperature variability occurring across the five facets that comprise the natural 
flow regime (Chu et al., 2010; Casado et al., 2013), implying that both thermal and hydrological indices 
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share significant ecological relevance. Considering and quantifying ecological responses to both flow 
and stream temperature variability has the potential to provide a greater understanding of what 
mechanisms are driving instream community responses to river regulation, but this has seldom been 
explored to date (but see Jackson et al., 2007).  
The functional traits (biological properties and ecological preferences) of macroinvertebrate 
communities are being increasingly utilised by scientists and practitioners to provide a greater causal 
understanding of biotic responses to a range of anthropogenic stressors (see Statzner and Beche, 2010), 
including hydrological alterations (Tupinambás et al., 2014; Dolédec et al., 2015). However, the 
examination of taxonomic compositions may provide additional insights into how individual taxa 
respond to hydrological modifications, including non-native organisms which frequently proliferate in 
systems with modified flow regimes (Bunn and Arthington, 2002). In addition, a number of routine 
biomonitoring indices based on faunal preferences and tolerance ranges to different environmental 
properties have been used to quantify macroinvertebrate community responses to flow regulation (e.g. 
Armanini et al., 2014; Gillespie et al., 2015a). Evidently, ecological information can be processed in 
various forms, but these may not respond consistently to the construction of impoundments and few 
studies have quantified their relative sensitivity to flow regulation (but see Tupinambás et al., 2014).  
This chapter examines the medium-term (2003-2011) macroinvertebrate community responses to 
antecedent hydrological and stream temperature variability across paired regulated and non-regulated 
(control) sites associated with three reservoirs (addressing Objective 1 of the thesis – see Chapter 1.2). 
The aims of the chapter are to: (i) assess how reservoirs with comparable operational regimes influence 
hydrological and stream temperature variability; (ii) examine how impoundments have modified the 
macroinvertebrate communities (community abundances, functional traits and biomonitoring indices) 
compared to non-regulated systems; and (iii) quantify macroinvertebrate responses to hydrological and 
stream temperature variability across paired regulated and non-regulated sampling sites over multiple 
years.  
4.2 Methodology 
4.2.1 Study area  
Six sampling sites proximal to three impoundments (Clatworthy, Durleigh, and Sutton Bingham 
reservoirs) were examined between 2003-2011 (the study period of this chapter). Paired non-regulated 
and regulated sampling sites were located <2km upstream and downstream of the impounding 
structures, respectively. The reservoirs studied displayed differing trophic statuses and physical 
properties (Table 4.1), but were selected for comparison due to: (i) their geographical proximity within 
the same region (all sites experience a comparable climate and overlay similar geologies); (ii) the 
availability of ecological (macroinvertebrate) and antecedent abiotic (hydrological and stream 
temperature) information from paired non-regulated and regulated sampling sites across multiple years 
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and (iii) all reservoirs possessing comparable reservoir operational regimes. Each impoundment 
releases a continuous compensation flow downstream and possess spill weirs that facilitate rapid 
increases in discharge when water levels reach maximum capacity. In addition, all of the reservoirs 
operate continuous aeration systems that prevent thermal stratification throughout the year. 
Table 4.1 – Environmental characteristics of the reservoirs examined in this chapter.  
Reservoir Trophic state* Altitude (m aod) Max depth (m) Area (km2) 
Clatworthy Mesotrophic (26.1) 255 29.3 0.49 
Sutton Bingham Eutrophic (94.97) 20 12.2 0.53 
Durleigh Hyper-eutrophic (466.13) 53 7.9 0.33 
  *Average total phosphorus (µg l-1) between 2005 and 2011. N.B. Classification based on OECD (1982). 
 
Figure 4.1 – Location of study sites within this chapter (circles = reservoirs, triangles = BADC air 
stations).  
4.2.2 Data collection 
4.2.2.1 Macroinvertebrate data 
Macroinvertebrate communities were collected via a standard kick-sample technique by Wessex Water 
and the Environment Agency during routine biomonitoring (see Chapter 3.3). Specimens were 
subsequently identified to family-level, except for Hydracarina, Microtubelleria, Nematoda, Ostracoda, 
Oligochaeta which were identified as such. Ecological data included in this study was screened so that 
for a given year, only samples taken in both spring and autumn from respective pairs of non-regulated 
and regulated sampling sites were included for analysis (n = 44). 
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4.2.2.2 Hydrological and temperature data 
Hydrological variability at regulated sampling sites was derived from gauged discharges measured at 
each of the reservoir outflows which provided average daily discharge values (m3/s). River discharges 
at all non-regulated sampling sites were derived via surface water hydrological models (mass-balance 
or area-runoff) developed by Wessex Water. The models output an average weekly discharge value and 
have been approved as accurately representing the hydrological variability in non-regulated 
environments by the Environment Agency (Wessex Water, 2013). Stream temperature records were 
collected at each sampling site at 15-minute intervals using ‘Tinytag’ temperature loggers for a 
minimum of 12 months between 2011-2012. For the purpose of extending stream temperature time-
series across the study period, daily maximum air temperatures were obtained from the ‘British 
Atmospheric Data Centre’ for Yeovilton and Nettlecombe weather stations (Figure 4.1), which were 
located within 25km of the three impounding structures.  
4.2.3 Data analysis 
The data analysis conducted within this chapter is sub-divided into three sections to outline the statistical 
techniques used to address each of the chapter aims and is presented schematically in Figure 4.2. 
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Figure 4.2 – A flow chart depicting the analytical framework adopted within this chapter. Rectangles 
with dashed lines represent outputs corresponding to each of the specific study aims. Italicised text 
represents the statistical techniques used.  
4.2.3.1 Hydrological and temperature time series 
Discharge, air and stream temperature time series were initially screened so that any missing values 
accounted for <10% of the total record (Monk et al., 2006). Missing values were subsequently 
interpolated using the ‘na.approx’ function within the ‘zoo’ package (Zeileis et al., 2015 – performed 
within R studio, which was used for subsequent analyses, see Chapter 3.4). The hydrological models 
used for non-regulated discharges output an average weekly value. As such, gauged discharges 
(measured in regulated sites), air and stream temperature time series were aggregated to average weekly 
values to ensure equivalent temporal resolutions were used for all hydrological and thermal datasets. 
Air temperatures were converted using the environmental lapse rate to account for differences in 
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sampling site altitudes following the approach outlined in Durance and Ormerod (2007). Air 
temperatures were subsequently plotted against stream temperatures, whereby non-linear relationships 
were evident due to asymptotic relationships arising at extreme temperatures (see Mohseni and Stefan, 
1999). As such, ‘Generalized Additive Models’ were constructed between air and stream temperatures 
within the ‘mgcv’ package (Wood, 2018). These models accounted for 91.6-96.6% of the variation 
between air and stream temperature time series and were highly significant (all p-values ≤ 2×10-16), 
which allowed stream temperature values to be reconstructed for all periods when air temperature data 
was available.  
Although both discharge and stream temperature time series were available across the whole study 
period for a subset of the six sampling sites, this abiotic information was only obtainable for all sampling 
sites between 2005 and 2011. Subsequently, across this time period, pairwise linear models were 
constructed between discharge time series obtained from each of the six study sites, and this process 
was repeated for stream temperature time series. As Quantile-Quantile (QQ) plots highlighted that 
model residuals were not normally distributed, a Spearman’s rank correlation coefficient (r) was used 
as a measure of association between hydrological and stream temperature time series between all pair 
combinations of study sites. Differences in hydrological and stream temperature time series exhibited 
by regulated and non-regulated sampling sites were tested using a Kruskal-Wallis test (a non-parametric 
one-way ANOVA), using ‘site position’ (i.e. upstream – non-regulated and downstream – regulated) as 
a primary factor. 
4.2.3.2 Macroinvertebrate community responses 
Differences in relative community abundances (‘relative’ due to kick samples representing a semi-
quantitative approach – see Chapter 3.4), functional traits and biomonitoring indices (denoting the 
extent of different abiotic stressors based on faunal communities) of macroinvertebrate samples were 
explored between regulated and non-regulated sites. Procedures for processing functional trait values 
are outlined in Chapter 3.3. Three biomonitoring indices used widely in the UK were explored to 
summarise the sensitivity of macroinvertebrate communities to abiotic variables potentially influenced 
by flow regulation. Specifically, the ‘Lotic-invertebrate Index of Flow Evaluation’ (LIFE - Extence et 
al., 1999); the ‘Proportion of Sediment-sensitive Invertebrates’ (PSI - Extence et al., 2013) and the 
‘Average Score per Taxon’ (ASPT - a temporally robust derivate of the ‘Biological Monitoring 
Working Party’ score - Armitage et al., 1983) were used to explore the structure of macroinvertebrate 
communities based on their preferences towards flow (discharge), substrate composition and nutrient 
enrichment conditions, respectively.  
To examine the most sensitive taxa and traits (univariate responses) to flow regulation, ‘Similarity 
Percentages’ (SIMPER) analysis was implemented using regulated versus non-regulated sites (‘site 
position’ herein) as a primary factor (see Figure 4.2). Its significance was tested using 999 permutations 
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within the ‘Vegan’ package (Oksanen et al., 2018). This procedure was also undertaken for 
biomonitoring indices to comparatively quantify the sensitivity of these community metrics to flow 
regulation.  
Four matrices comprising different macroinvertebrate compositions were examined to quantify the 
sensitivity of each of these ‘multivariate ecological responses’ (MERs) to flow regulation, as well as 
ecological differences between watercourses (spatial autocorrelation), seasons and years (temporal 
autocorrelation; see Figure 4.2): (i) relative community abundances – ‘taxonomic’; (ii) functional traits 
comprising only biological properties (see Table 3.2, Chapter 3.3) – ‘biological traits’; (iii) functional 
traits from all 12 grouping features - ‘all functional traits’ and (iv) ‘functional traits and biomonitoring 
indices’. The latter comprised the same inputs as ‘all functional traits’, but with LIFE, PSI and ASPT 
scores replacing traits within the ‘velocity’, ‘substrate’ and ‘trophic status’ grouping features from the 
functional trait database, respectively (for nomenclature of functional traits, see Chapter 3.4 and 
Schmera et al., 2015). All values within the ‘taxonomic’ MER were ln(x+1) transformed to reduce the 
influence of abundant taxa, while all other MERs were standardised by dividing values by the standard 
deviation of each variable (but not centralised as conducted with z-scores to avoid negative values), 
thus ensuring comparability between different responses.  
‘Non-metric Multidimensional Scaling’ (NMDS) was used to visualise differences of MERs between 
each ‘site position’ (i.e. regulated versus non-regulated) using the ‘metaMDS’ function within Vegan. 
Differences in MERs were quantitatively explored in relation to flow regulation, as well as spatial and 
temporal controls, with the additive effects of ‘site position’, ‘river’ (separate watercourses hosting each 
impoundment), ‘season’ and ‘year’ being tested within a ‘Permutational Multivariate Analysis of 
Variance’ (PERMANOVA) via the ‘adonis’ function within the Vegan package.  The variance 
explained by site position within the PERMANOVA for each MER, as well as the aforementioned 
SIMPER analysis, was used to guide which univariate ecological responses were included in the 
following analyses (see Figure 4.2).  
4.2.3.3 Flow- and stream temperature-ecology analyses 
In total, 224 abiotic indices (114 hydrological and 110 stream temperature) based around the five facets 
of the natural flow regime identified in previous studies (Olden and Poff, 2003; Monk et al., 2007b – 
see Appendix A) were calculated and used to summarise the antecedent hydrological and stream 
temperature variability exposed to macroinvertebrate communities. These were derived from 
hydrological and stream temperature time series from up to 1-year prior to each sample collection date. 
Subsequently, 50 dominant hydrological and stream temperature indices were identified through a 
principal component analysis (PCA) following the procedure outlined by Olden and Poff (2003), which 
minimises redundancy between abiotic indices and identifies the major sources statistical variation. This 
reduced set of indices were examined in a Pearson-product moment correlation matrix and r values 
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greater than 0.95 were removed, which was necessary where ‘perfect collinearity’ (which occurs where 
variables are calculated from the same input variables) existed between indices. Subsequently, abiotic 
indices were iteratively removed until all ‘Variance Inflation Factor’ values were below 3 (Zuur et al., 
2010). Dominant hydrological and stream temperature indices were obtained separately for regulated 
and non-regulated sites, as well as for spring and autumn sampling periods within each of these ‘site 
positions’, thus producing six sets of dominant abiotic indices. 
Statistical outputs from PERMANOVA were used to highlight which MER was most sensitive to flow 
regulation, which was subsequently analysed in relation to dominant hydrological and stream 
temperature indices (i.e. flow- and stream temperature-ecology relationships, respectively; see Figure 
4.2). This MER was correlated against each of the six groups of dominant abiotic indices using the 
‘bioenv’ function within Vegan. This statistical technique highlighted different subsets of hydrological 
and stream temperature indices that best explained the MER based on the rank correlation between the 
Euclidean distances of environmental variables and community (Bray-Curtis) dissimilarities (Oksanen 
et al., 2018). The significance of the three models displaying the highest correlation for each of the six 
groups of dominant abiotic indices was determined via a mantel test within the Vegan package, with 
hydrological and stream temperature indices comprising significant associations being used within the 
subsequent univariate analyses (see Figure 4.2).  
Abiotic indices significantly associated with the MER most sensitive to flow regulation (derived from 
the ‘bioenv’ statistical procedure - see above) were used as independent variables within regression 
analyses against a select number of univariate macroinvertebrate responses. These dependent variables 
were selected based on two criteria: (i) they comprise the MER found to be most sensitive to site 
position (obtained from PERMANOVA outputs) and (ii) they were the five traits or taxa (whichever is 
appropriate based on the aforementioned criteria – and additionally the three biomonitoring indices if 
applicable based on the previous criteria) most sensitive to site position, as indicated by the SIMPER 
analysis (see Figure 4.2). Quadratic regressions were subsequently fitted between all qualifying 
univariate responses (dependent variables) and hydrological and stream temperature indices 
(independent variables). This technique has been shown to reliably model non-linear associations 
between macroinvertebrate responses and abiotic indices, without overfitting models (e.g. Kennen et 
al., 2014). To account for large numbers of models being constructed, the significant α level was 
adjusted through modified version of the Bonferroni correction, which multiplies the degrees of 
freedom within the statistical models by 0.05, before dividing by the total number of tests (see Dolédec 
et al., 2006).  
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4.3 Results  
4.3.1 Hydrological and stream temperature variability  
Hydrological alterations driven by impoundments were evident, with regulated sites experiencing 
reduced low-flow variability and rapid increases in discharge peaks frequently surpassing those 
exhibited by non-regulated sites (Figure 4.3). Hydrological variability displayed a lower correlation 
between sites compared to stream temperature regimes (Table 4.2), reflecting the congruency of stream 
temperature patterns exhibited on an inter-annual basis compared to the hydrological variability (Figure 
4.3). However, differences in the magnitude of stream temperatures were evident, with regulated sites 
at Clatworthy and Durleigh reservoirs being on average 1.24°C (maximum weekly difference = 
+3.84°C) and 2.21°C (maximum weekly difference = +5.78°C) warmer than their paired non-regulated 
site, respectively. The regulated site at Sutton Bingham reservoir was on average 1.61°C colder (most 
extreme weekly difference = -4.25°C) than its corresponding non-regulated site. Kruskal-Wallis tests 
highlighted that hydrological (Χ2= 45.20, p-value < 0.001) and stream temperature (Χ2= 9.87, p-value 
= 0.002) time series differed between each site position (i.e. non-regulated versus regulated sites), with 
the former highlighting greater differences in hydrological variability between regulated and non-
regulated sites compared to stream temperature variability (as it possesses a much greater Χ2 value).  
 
Table 4.2 – Spearman’s rank correlation between hydrological (non-italicised) and stream temperature 
(italicised) time series. U/S = upstream and D/S = downstream. 
 Clatworthy 
U/S 
Clatworthy 
D/S 
Durleigh 
U/S 
Durleigh 
D/S 
Sutton 
Bingham U/S 
Sutton 
Bingham D/S 
Stream temperature 
Clatworthy U/S 
H
y
d
ro
lo
g
ic
al
 - 1.00 1.00 1.00 0.97 0.97 
Clatworthy D/S 0.69 - 1.00 1.00 0.97 0.97 
Durleigh U/S 0.78 0.69 - 1.00 0.97 0.97 
Durleigh D/S 0.43 0.78 0.63 - 0.97 0.97 
Sutton Bingham U/S 0.77 0.43 0.74 0.40 - 1.00 
Sutton Bingham D/S 0.67 0.77 0.67 0.53 0.76 - 
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Figure 4.3 – Hydrological (black) and stream temperature (grey) time-series at non-regulated (dashed line) and regulated (solid line) sites associated with a) 
Clatworthy, b) Durleigh and c) Sutton Bingham reservoirs. 
a) b) c) 
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4.3.2 Community differences between regulated and non-regulated sites  
SIMPER analysis highlighted that a range of macroinvertebrate families differed significantly between 
each site position (i.e. regulated versus non-regulated sites), with many taxa increasing in relative 
abundance within regulated systems (Table 4.3). Similarly, a range of traits differed significantly 
between each site position, with traits related to faunal life histories and feeding strategies responding 
most frequently (Table 4.3). However, the directional response of individual traits (i.e. increase or 
decrease) betweem non-regulated and regulated sites was more variable compared to individual taxa. 
All biomonitoring indices differed significantly between regulated and non-regulated sampling sites 
(Table 4.3).  
Table 4.3 – SIMPER analysis of univariate macroinvertebrate responses most sensitive to flow 
regulation. a) Individual taxa; b) Individual traits (for trait descriptions, see Table 3.3) and c) 
Biomonitoring indices. Stars indicate the model significance: * = p<0.05; **= p<0.01; ***= p<0.001; 
NS = non-significant 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
PERMANOVA indicated that macroinvertebrate communities were relatively insensitive to temporal 
variability, with no MER differing significantly between seasons or years, while the ‘taxonomic’ MER 
Dependent variable Average non-regulated Average regulated 
a) Hydropsychidae*** 1.05 5.86 
 Asellidae*** 0.53 4.42 
 Sphaeriidae*** 1.93 4.86 
 Heptageniidae*** 3.47 0.66 
 Caenidae*** 0.43 3.10 
 Planariidae*** 0.72 3.11 
 Baetidae** 4.62 2.74 
 Tipulidae*** 2.70 0.37 
 Erpobdellidae*** 0.26 2.40 
 Gammaridae (NS) 3.54 2.84 
b) Reproduction.3*** 0.24 0.10 
 Feeding.4*** 0.32 0.19 
 Trophic.1*** 0.41 0.29 
 Velocity.1*** 0.15 0.27 
 Reproduction.4*** 0.42 0.53 
 Food.8*** 0.10 0.21 
 Feeding.7*** 0.10 0.21 
 Stage.4*** 0.10 0.19 
 Velocity.3*** 0.35 0.27 
 Dispersal.4*** 0.26 0.18 
c) PSI*** 66.65 37.01 
 ASPT*** 6.68 5.36 
 LIFE*** 7.59 6.48 
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was the only community response to differ significantly between individual watercourses (Table 4.4). 
PERMANOVA highlighted that all MERs differed significantly between each site position, with 
‘functional traits and biomonitoring indices’ accounting for the greatest amount of statistical variation, 
but this only varied by 5% between all MERs (r2 = 0.36 - 0.41; Table 4.4). An NMDS procedure 
highlighted that all MERs supported contrasting communities between regulated and non-regulated 
sampling sites (e.g. Figure 4.4).  
Table 4.4 – Importance of different environmental controls on various macroinvertebrate responses 
indicated by PERMANOVA. Stars indicate the model significance: * = p<0.05; **= p<0.01; ***= 
p<0.001; NS = non-significant statistical models. 
Response variables Site position River Season Year 
r2 p-value r2 p-value r2 p-value r2 p-value 
Taxonomic 0.36 0.001*** 0.06 0.026* 0.04 0.140(NS) 0.04 0.116(NS) 
Biological traits 0.40 0.001*** 0.04 0.120 (NS) 0.02 0.395(NS) 0.04 0.131(NS) 
All functional traits 0.40 0.001*** 0.06 0.055(NS) 0.02 0.395(NS) 0.04 0.103(NS) 
Functional traits and 
biomonitoring indices 
0.41 0.001*** 0.04 0.096(NS) 0.02 0.388(NS) 0.04 0.143(NS) 
 
 
 
Figure 4.4 – Non-metric multidimensional scaling (NMDS) plot for regulated and non-regulated 
samples across all sites for functional traits and biomonitoring indices. Grey circles = non-regulated 
sites and black circles = regulated sites. 
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4.3.3 Flow- and stream temperature-ecology relationships  
The ‘functional traits and biomonitoring indices’ matrix (the MER most sensitive between site position 
–see Table 4.4) was most highly correlated with 16 abiotic indices (14 hydrological and 2 stream 
temperature), with significant associations existing across all six groups of dominant abiotic indices 
(Table 4.5a). All non-regulated macroinvertebrate samples displayed a significant association with one 
hydrological index (number of times discharges did not change between weeks – QNCRR) that yielded 
a weak correlation (r = 0.22). In contrast, all regulated samples possessed multiple significant 
associations that displayed higher correlations (r = 0.38-0.39) with up to five hydrological and stream 
temperature indices (Table 4.5a). Flow-ecology relationships typically displayed higher correlations 
when each season (spring and autumn) was examined individually (r = 0.31-0.60), while no stream 
temperature-ecology relationships were significant within seasonal models (Table 4.5a). For the 
univariate analyses, quadratic regressions were constructed between 16 abiotic indices and 8 univariate 
ecological responses (5 traits most sensitive to flow regulation and 3 biomonitoring indices). The 
majority of univariate ecological responses were not significantly associated with hydrological or 
stream temperature indices (see Table 4.6). No hydrological or stream temperature index displayed a 
significant association with an univariate responses metric across both regulated and non-regulated 
sites, while a moderate number (n = 23) of significant flow- and stream temperature-ecology 
relationships occurred at regulated sites (e.g. Figure 4.5) compared to non-regulated sites (n = 7 – see 
Table 4.6).  
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Table 4.5 –  Abiotic indices possessing the highest rank correlation with community dissimilarities. A) 
Statistical outputs from the ‘bioenv’ procedure. Stars indicate the model significance: * = p<0.05; **= 
p<0.01; ***= p<0.001; NS = non-significant statistical models. b) Descriptions of abiotic indices 
comprising significant statistical associations. 
 
 
a) Model Abiotic indices R 
All non-regulated samples QNCRR 0.22* 
QNCRR, TDAYMIN35 0.12 (NS) 
QNCRR, QPORR, TDAYMIN35 0.10 (NS) 
All regulated samples QCVANNMAX, QSEPMIN, QPORR, TDAYMAX91 0.39*** 
QCVANNMAX, QSEPMIN, TDAYMAX91 0.39** 
QCVANNMAX, QSEPMIN, QPORR, TDAYMAX91, TNERR 0.38** 
Spring non-regulated samples QJUNMIN, QSTDMAXJW, QSTDMINJW 0.42** 
QJUNMIN, QSTDMAXJW 0.38* 
QJUNMIN 0.36* 
Spring regulated samples QJULMIN, QMEPOS                      0.42** 
QJULMIN  0.39* 
QJULMIN, QD35MAX50, QMEPOS                       0.31* 
Autumn non-regulated samples QLPC, QD91MAX50  0.60*** 
QLPC, QD91MAX50, QMAXJW  0.53** 
QLPC, QD91MAX50, QMAXJW, QMEMAXJW   0.45** 
Autumn regulated samples QJUNMIN  0.44** 
QCVANNMAX, QJUNMIN  0.35* 
QCVANNMAX, QJUNMIN, QMEMAXJW  0.25 (NS) 
b) Index Description 
QNCRR Number of times discharges did not change between weeks 
TDAYMIN35 Average 35-day (7-week) minimum temperature 
QPORR Number of positive changes in discharges between weeks 
QCVANNMAX Coefficient of variation of monthly maximum discharge 
QSEPMIN Minimum discharge in September 
TDAYMAX91 Average 91-day (13-week) maximum temperature 
TNERR Number of negative changes in stream temperature between weeks 
QJUNMIN The minimum discharge in June 
QSTDMAXJW The standard deviation of the seven Julian weeks possessing the highest discharges 
QSTDMINJW The standard deviation of the seven Julian weeks possessing the lowest discharges 
QJULMIN Minimum discharge in July 
QMEPOS Average discharge increase between weeks   
QD35MAX50 Average 35-day (7-week) maximum discharge / Median discharge value 
QLPC Low pulse count. The number of flow events > Q75 (discharge exceeded 75% of 
the time) 
QD91MAX50 Average 91-day (13-week) maximum discharge / Median discharge value 
QMAXJW Julian week occurrence of the weekly maximum discharge 
QMEMAXJW   Average value of the seven Julian weeks possessing the highest discharges 
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Table 4.6 – The significance (α-level = 7.42 × 10-3 - adjusted via a modified Bonferroni correction) of flow- and stream temperature-ecology relationships from 
quadratic regressions for a) regulated and b) non-regulated samples. Significant associations (S) highlighted in bold and NS = non-significant associations. For 
descriptions on abiotic indices, see Table 4.6b. For functional trait descriptions, see Table 3.3.  
a) 
 
Dependent variable 
QMEPOS QD35MAX50 QLPC QD91MAX50 QMAXJW QMEMAXJW TDAYMAX91 TNERR 
Reproduction.3 NS NS NS NS NS NS NS NS 
Feeding.4 NS NS NS NS NS NS NS NS 
Trophic.1 NS NS NS NS NS NS NS NS 
Velocity.1 NS NS NS NS NS NS S NS 
Reproduction.4 NS NS NS NS NS NS NS NS 
LIFE NS NS NS NS NS NS NS NS 
ASPT NS NS NS NS NS NS S NS 
PSI NS NS NS NS NS NS NS NS 
 
Dependent variable 
QNCRR QPORR QCVANNMAX QSEPMIN QJUNMIN QSTDMAXJW QSTDMINJW QJULMIN 
Reproduction.3 NS NS NS S S NS NS S 
Feeding.4 NS NS NS NS NS NS NS NS 
Trophic.1 NS NS NS S S NS NS S 
Velocity.1 NS NS NS S S NS NS S 
Reproduction.4 NS NS NS S NS NS NS NS 
LIFE NS NS NS S S NS S S 
ASPT NS NS NS S S NS S S 
PSI NS NS NS S S NS NS S 
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b) 
Dependent variable  
QNCRR QPORR QCVANNMAX QSEPMIN QJUNMIN QSTDMAXJW QSTDMINJW QJULMIN 
Reproduction.3 NS NS NS NS NS NS NS NS 
Feeding.4 NS NS NS NS NS NS NS NS 
Trophic.1 NS NS NS NS NS NS NS NS 
Velocity.1 NS NS NS NS NS NS NS NS 
Reproduction.4 NS NS NS NS S NS S NS 
LIFE NS NS NS NS NS NS NS NS 
ASPT S NS NS NS NS NS NS NS 
PSI S NS NS NS NS NS NS NS 
Dependent variable  
QMEPOS QD35MAX50 QLPC QD91MAX50 QMAXJW QMEMAXJW TDAYMAX91 TNERR 
Reproduction.3 NS NS NS NS NS NS NS NS 
Feeding.4 NS NS NS NS NS NS NS NS 
Trophic.1 NS NS NS NS NS NS NS NS 
Velocity.1 NS NS NS NS NS NS NS NS 
Reproduction.4 NS NS NS S NS NS S NS 
LIFE NS NS NS NS NS NS NS NS 
ASPT NS NS NS NS NS NS NS NS 
PSI NS NS NS NS NS NS S NS 
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Figure 4.5 – Scatterplots of univariate ecological responses to the minimum discharge in July (QJULMIN), with quadratic regressions fitted and model 10 
summaries presented (NS = non-significant associations). Circles = non-regulated samples, crosses = regulated samples. Dashed line = non-regulated fitted 11 
model, solid line = regulated fitted model. a) Fauna reproducing by laying isolated eggs down on the river bed (Reproduction.3) and b) LIFE score. 12 
  
a) b) 
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4.4 Discussion  
4.4.1 Flow regulation influences on hydrological and stream temperature 
variability  
The findings of this chapter demonstrate that hydrological variability differed more profoundly between 
regulated and non-regulated sites compared to stream temperatures. Congruent patterns of stream 
temperature variability between all sites were likely due to the geographical proximity of reservoirs 
(meaning they are exposed to comparable climatic regimes) and the use of aeration systems which 
prevented thermal stratification within impounded waters. This reservoir water mixing technique has 
been recommended as an effective way of mitigating ecological changes driven by thermal alterations 
within reservoirs (Olden and Naiman, 2010; Miles and West, 2011). However, stream temperatures 
across paired non-regulated and regulated sites consistently displayed differences in magnitude that 
ranged from an average of -1.61°C to +2.21°C. Thermal changes and differences of such magnitudes 
may be sufficient to drive ecological changes (Daufresne et al., 2004; Durance and Ormerod, 2007). In 
addition, maximum weekly differences of >10°C were observed between paired non-regulated and 
regulated sites, with greater thermal extremes likely to drive ecological change, particularly if the 
thermal tolerances of aquatic organisms are exceeded (Elliot and Elliot, 2010; Worthington et al., 2015). 
This suggests that e-flow methodologies aiming to mitigate alterations to stream temperatures driven 
by impoundments need to incorporate combinative measures of ‘within-reservoir’ techniques (see 
Olden and Naiman, 2010) and localised stream-based methods, such as altering the degree of riparian 
shading to offset alterations to the magnitude of thermal regimes (Garner et al., 2014; Johnson and 
Wilby, 2015).  
Regulated systems examined in this study displayed reduced hydrological variability during periods of 
low-flow and rapid rises in discharge during winter months (i.e. following periods of high rainfall) 
compared to non-regulated systems. As such, management strategies aiming to reinstate more ‘natural’ 
flow regimes downstream of the impoundments would require more flexible compensation releases at 
low flows and water levels within reservoirs to be managed in a way that could hold back larger 
quantities of water during peak discharges. However, logistical and economic constraints may prevent 
the implementation of such water management strategies (Acreman et al., 2009; 2014) and e-flow 
frameworks involving the management of specific flow releases based on key hydrological 
dependencies that lotic ecosystems require (e.g., the building block methodology – see King et al., 
2003; the functional flows approach – see Yarnell et al., 2015) may provide a more pragmatic solution 
(Acreman et al., 2009). Establishing flow-ecology relationships (such as those conducted within this 
chapter) may be used to underpin such e-flow strategies (see Chapter 2.2.3 and 2.3; Arthington et al., 
2006; Poff et al., 2010).  
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4.4.2 Flow regulation influences on community compositions  
This chapter highlighted various significant ecological differences between non-regulated and regulated 
systems. Several macroinvertebrate families were found to increase in relative abundance at regulated 
sites, with the abundance of Hydropsychidae (a caseless caddisfly larvae) increasing most markedly 
downstream of reservoirs, while two Ephemeroptera families (Baetidae and Heptageniidae) displayed 
significant reductions, which broadly concurs with the findings of Gillespie et al. (2015a). Numerous 
functional traits responded significantly to flow regulation, particularly those depicting specific 
reproductive strategies and functional feeding groups (e.g. increases in predators in regulated systems). 
Tupinambás et al (2014) found that comparable traits responded to hydropeaking operations, but also 
observed changes in faunal resistance strategies not recorded within this chapter, likely due to markedly 
different reservoir management operations compared to those examined within this chapter. This 
chapter indicated that biomonitoring indices reflecting ecological preferences for substrate composition 
(PSI), trophic status (ASPT) and hydrological controls (LIFE) differed significantly between non-
regulated and regulated systems. This contrasts the findings of Gillespie et al (2015a), who reported 
that the LIFE score responded negatively to regulation, but that PSI and ASPT scores were largely 
unaffected. Moreover, this study found that standardising biomonitoring indices allowed them to be 
incorporated within a multivariate context alongside functional traits and explained a marginally higher 
amount of statistical variation between regulated and non-regulated systems. As such, future studies 
could incorporate regional biomonitoring indices alongside functional traits, particularly when this 
depicts an ecological trait incorporated within the traits database.  
Functional traits are being increasingly used within aquatic ecological studies and provide various 
advantages compared to traditional taxonomic-based approaches including (i) spatially consistent 
ecological patterns, (ii) enhanced statistical discrimination between tested environmental variables and 
(iii) a causal understanding of community responses to a wide range of environmental controls and 
stressors (see Statzner and Beche, 2010; Poff, 2017). The findings of this chapter supported such 
notions, with (i) different river systems supporting comparable trait compositions; (ii) multivariate 
ecological responses comprising functional traits accounting for the greatest amount of statistical 
variation between non-regulated and regulated systems and (iii) individual (univariate) trait responses 
providing insights into the mechanisms underlying ecological responses to flow regulation. On the other 
hand, macroinvertebrate relative community abundances (taxonomic compositions) exhibited the 
weakest statistical discrimination between regulated and non-regulated sites (albeit minimally) and 
differed significantly between watercourses. This suggests that the utilisation of functional traits may 
provide more robust river management solutions across wider geographical regions (Statzner and 
Beche, 2010), highlighting how such information could support regional flow management strategies 
widely advocated within e-flow literature (see Chapters 2.2 and 2.3; Arthington et al., 2006; Poff et al., 
2010).  
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4.4.3 Community responses to flow and stream temperature variability 
Numerous studies have examined ecosystem responses to a suite of hydrological indices centred on the 
five facets of the natural flow regime (e.g. Monk et al., 2006; Belmar et al., 2013; Kennen et al., 2014; 
Solans and Garcia de Jalón, 2016; Wheeler et al., 2017). While there is increasing recognition that 
fluvial ecosystems respond to comparable forms of stream temperature variability (Olden and Naiman, 
2010), few studies have explored the ecological implications of this and even less have examined 
community responses to hydrological and stream temperature variability together (notable exceptions 
being Jackson et al., 2007; Macnaughton et al., 2016). Results from this study highlighted that 
macroinvertebrate communities from all non-regulated sites were weakly associated with a single 
hydrological index (characterising the temporal constancy of discharges), suggesting that instream 
communities may be sensitive to a wider range of environmental controls (e.g. water quality or channel 
morphology), as reported in various studies (e.g. Worrall et al., 2014; Booker et al., 2015). 
Communities from regulated sites were significantly associated with antecedent maximum stream 
temperatures and a range of hydrological indices corresponding to different facets of the flow regime. 
The latter has been reported in previous studies centred on regulated watercourses (e.g. Englund and 
Malmqvist, 1996; Armanini et al., 2014). However, macroinvertebrate communities significantly 
responding to maximum stream temperatures within regulated systems is in marked contrast to the 
results of previous studies highlighting ecological responses to colder stream temperatures caused by 
hypolimnetic flow releases into the tailwaters of impoundments (e.g. Phillips et al., 2015). Webb and 
Walling (1996) conducted a detailed long-term study on stream temperature variability of sites upstream 
and downstream of a reservoir within southwest England (close to the area of this study) which also 
operates an aeration system to prevent thermal stratification. This study recorded instances of warming 
within the regulated stream that was attributed to solar radiation heating the impounded surface area. 
Webb and Walling (1996) also described changes in stream temperatures ensuing from discharge 
variations downstream of the impoundment caused by compensation flow releases, springflow inputs 
and the mixing of runoff sources. The association of faunal communities with antecedent maximum 
stream temperatures observed in this study probably reflect a combination of these controls and 
highlights a need to consider different sources of thermal alteration associated with flow regulation 
within e-flow frameworks.  
Statistical associations between macroinvertebrate community responses and hydrological indices (i.e. 
flow-ecology relationships) typically improved when seasonal models were considered, with no stream 
temperature indices comprising the most highly correlated models. This contrasts previous research 
indicating that comparable ecological variance could be explained by hydrological and stream 
temperature variability within regulated systems (Jackson et al., 2007; Rolls et al., 2013). This study 
demonstrated that hydrological indices depicting the timing of extreme low discharges prompted 
significant ecological responses across both regulated and non-regulated sites. The timing of 
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hydrological controls within regulated environments will have implications for the life-history traits of 
macroinvertebrates, such as univoltine species which may take longer to recover if extreme events occur 
during a sensitive part of their life-cycle (Lytle and Poff, 2004; Robinson and Uehlinger, 2008). 
Findings from this chapter highlighted that the timing of hydrological extremes significantly influenced 
macroinvertebrate communities, including fauna reproducing by laying isolated eggs on the riverbed 
being positively associated with the minimum discharge in July. This could be attributed to various 
ecological mechanisms, including the resistance of such eggs to higher flows, or higher amounts of 
phytoplankton being flushed downstream, which may otherwise encrust eggs and prevent embryonic 
development (Bovill et al., 2013); the latter is plausible given high productivity within the reservoirs 
studied which results in large quantities of organic matter being deposited within the tailwaters (House 
et al., 2015; White et al., 2016).  
4.5 Summary  
Flow regulation alters various components of fluvial environments, including hydrological and stream 
temperature variability, which has been found to alter riverine ecosystems globally. This chapter 
explored the influences of hydrological and stream temperature variability on macroinvertebrate 
communities across paired regulated and non-regulated systems associated with three reservoirs. Stream 
temperature regimes were congruent across all study sites, although differences in temperature 
magnitudes were observed between regulated and non-regulated systems throughout the study period. 
Regulated sites typically exhibited a reduced low-flow variability, although peak flows which occurred 
during the winter months regularly facilitated high discharges which exceeded those conveyed by non-
regulated sites. The functional traits of macroinvertebrate communities were sensitive to flow regulation 
(specifically when biomonitoring indices were considered) and did not differ significantly between river 
catchments. Conversely, taxonomic compositions differed between individual watercourses, 
highlighting that functional traits could provide reliable ecological information for guiding the 
implementation of regional e-flow strategies. Macroinvertebrate communities responded significantly 
to various hydrological indices, particularly the timing of low discharges, while stream temperature 
variability was proven not to be a key driver of ecological change in this study. To date, few studies 
have explored ecological responses to flow and stream temperature regimes within fluvial 
environments, particularly those subjected to regulated flows. Establishing flow and stream 
temperature-ecology relationships within regulated systems allows key mechanisms driving biotic 
alterations to be quantified. Establishing these statistical associations in non-regulated systems provides 
a greater understanding of biotic dependencies on hydrological and stream temperature controls within 
fluvial environments conveying variations in discharges more akin with natural or ‘reference’ 
conditions.  
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Hydrological and stream temperature variability within fluvial environments is also significantly 
influenced by other forms of hydrological modification, including groundwater abstraction (see Dewson 
et al., 2007a; Gleeson and Richter, 2018). However, lotic systems impacted by groundwater abstraction 
require alternative e-flow strategies compared to environments affected by flow regulation. For 
example, flow regulation activities operate along watercourses and discharges can be manipulated at 
the point of alteration (although this is not always feasible - see Acreman et al., 2009; 2014), while 
groundwater abstraction activities can occur at various locations within river catchments. In addition, 
establishing control (or ‘reference’) sites unimpacted by groundwater abstraction is difficult to establish 
(e.g. Bickerton et al., 1993) as its influence on river discharges can extend upstream and downstream 
of the abstraction point (Bickerton et al., 1993; Gleeson and Richter, 2018). Quantifying surface water 
ecological responses to groundwater abstraction has been notoriously understudied (notable exceptions 
being Bradley et al., 2014; 2017; Kennen et al., 2014; Streetly et al., 2014; see Chapter 2.5). The 
following research chapters (Chapters 5, 6 and 7) aim to address this major research gap by examining 
macroinvertebrate community responses to modelled groundwater abstraction influences across: (i) 
temporary and perennial chalk headwater streams (Chapter 5), (ii) distinct lotic habitats within perennial 
systems (Chapter 6) and (iii) extensive temporal (decadal) and spatial (regional) scales in perennial 
environments (Chapter 7).  
 
The results underpinning this chapter have been published:  
White, J. C., Hannah, D.M., House, A., Beatson, S.J., Martin, A. and Wood, P.J. (2017). 
Macroinvertebrate responses to flow and stream temperature variability across regulated and non‐
regulated rivers. Ecohydrology, 10: 10.1002/eco.1773. See Appendix A.  
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Chapter 5.  Macroinvertebrate community 
responses to flow intermittency and groundwater 
abstraction 
5.1 Introduction 
Approximately 50% of the global river network now dries periodically (Datry et al., 2014b), yet until 
recently such environments had been understudied compared to their perennial counterparts (Leigh et 
al., 2016b). A recent rise in the number of scientific studies on temporary rivers reflects an increasing 
awareness of the landscape-scale biodiversity they support and ecosystem services they provide 
(Steward et al., 2012; Stubbington et al., 2017; Datry et al., 2018). The periodic drying of river channels 
benefits various aquatic taxa exhibiting traits which make them resistant and/or resilient to flow 
cessation events (see Chapter 2.6). Such taxa may thrive in temporary rivers due to the reduced biotic 
competition and predation they experience compared to perennial waterbodies (Wood et al., 2005; 
Arscott et al., 2010; Bogan et al., 2013; Aspin et al., 2018). As such, the structure and function of 
instream communities have been found to differ between temporary and perennial watercourses (e.g. 
Bonada et al., 2007; Schriever et al., 2015). Ecological differences between such environments are not 
only dependent on localised hydrological conditions (e.g. the annual duration of flowing conditions), 
but also the spatial proximity and degree of hydrological connectivity between temporary and perennial 
waterbodies. These geographical and longitudinal flow influences regulate how taxa residing within 
permanently flowing refuges colonise temporary reaches and interact with established biota (Storey and 
Quinn, 2008; Bogan et al., 2013; Hill et al., 2017; Appendix C). For example, Bogan and Boersma 
(2012) experimentally demonstrated that a greater number of invertebrate species were able to colonise 
waterbodies located within a close proximity (5m) to a permanent water source compared to those 
located further away (250m).  
A number of studies quantifying ecological responses to hydrological controls (i.e. flow-ecology 
relationships - see Chapter 2.2.3) within temporary river systems have demonstrated the significant 
influence of ‘number of zero-flow days’ (characterising the degree of annual flow intermittence) on 
instream biota (Sponseller et al., 2010; Chinnayakanahalli et al., 2011; Schriever et al., 2015; Garcia et 
al., 2017). The degree of flow intermittence within temporary watercourses governs the persistence of 
instream communities as it determines whether riverine organisms can complete the aquatic phase of 
their life-cycle. Lotic environments supporting flowing conditions for short portions of the year support 
aquatic taxa possessing rapid life-histories (Bogan et al., 2013; Garcia et al., 2017), while species 
residing within reaches conveying flows for longer durations comprise taxa exhibiting a wider range of 
life-cycles (Anna et al., 2009; Cañedo-Argüelles et al., 2016). The predictability and timing of 
hydrological conditions is also critical to the survival of aquatic organisms, which can synchronise key 
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life-cycle stages with the typical occurrence of specific flow events (Lytle and Poff, 2004). For example, 
Bogan et al (2015) reported that invertebrate communities recovered rapidly following a seasonally 
predictable drying event, while an anomalous or ‘supra-seasonal’ drought (sensu Lake, 2003) resulted 
in taxa possessing strong dispersal traits and rapid life-cycles displacing taxa devoid of these 
resistance/resilience mechanisms. Temporary rivers can be broadly divided into two categories – 
ephemeral stream and intermittent rivers (Chapter 2.6). Ephemeral streams are typically characterised 
by sporadic transitions between wet and dry periods as flows are derived from stormwater runoff 
following high rainfall events. Conversely, intermittent rivers display more seasonally consistent 
hydrological trends controlled by groundwater inputs (Williams, 2006; Katz et al., 2012; see Chapter 
2.6), so groundwater abstraction could directly remove water which might otherwise sustain flows 
within them. Groundwater abstraction can influence the length of intermittent reaches within a river 
network, the duration of flowing conditions and the volume of water conveyed during flowing 
conditions. However, studies empirically testing the ecological implications of such hydrological 
alterations within temporary rivers are limited. 
Across southern and eastern England, headwater streams overlaying the Cretaceous chalk (a fine-
grained limestone) lithology typically convey stable flow regimes and exhibit consistent wet/dry cycles 
on an inter-annual basis due to large seasonal fluctuations in the water table (Sear et al., 1999). These 
intermittent rivers are regionally referred to as ‘winterbournes’ and are of national scientific importance 
within the UK due to their unique hydrology which supports nationally rare flora and fauna (Berrie and 
Wright, 1984; Punchard and House, 2009; Armitage and Bass, 2013). Within the UK, 80% of water of 
the national water abstracted is taken from upland streams (Durance et al., 2016) and such environments 
are most likely to experience hydrological transitions from perennial to temporary conditions. Given 
that the chalk lithology supports more groundwater abstraction than any other aquifer in the UK (Soley 
et al., 2012b), winterbourne streams represent ideal model ecosystems to test the ecological influences 
of groundwater abstraction. However, much of the ecological research on temporary rivers in the UK 
has focussed on the highly fissured karstic limestone systems in the English Midlands (e.g. Smith and 
Wood, 2002; Wood et al., 2005; Stubbington et al., 2016; Hill and Milner., 2018), which responds more 
rapidly to rainfall compared to the chalk. As such, there remains a need to characterise the ecological 
and hydrological characteristics of winterbournes and quantify the potential influences of flow 
alterations on instream communities. 
This chapter examines macroinvertebrate community responses to observed hydrological controls and 
modelled groundwater abstraction influences on intermittent and perennial reaches of 12 headwater 
chalk streams. The study aimed to: (i) characterise ecological and hydrological differences between 
‘ecohydrological’ groupings used to guide regional river management strategies within headwater chalk 
streams (Punchard and House, 2009); (ii) quantify the sensitivity of various macroinvertebrate 
community response metrics to the antecedent flow duration, distance from the closest perennial source 
(the most upstream point of permanent flow within a given year) along each watercourse and 
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groundwater abstraction influences and (iii) examine the responses of selected widely occurring taxa to 
observed hydrological controls.  
5.2 Methodology 
5.2.1 Study area  
A total of 62 sites situated along 12 streams in the Hampshire Avon catchment were examined 
(Hampshire, UK; Fig. 5.1). The strong geological influence (from the chalk) and widespread arable 
agricultural practices across the catchment produce comparable physico-chemical properties between 
streams (see Table 5.1). All of the rivers studied dry longitudinally downstream from the headwaters. 
The length of river experiencing drying events on an inter-annual basis varies from 4km to 32km 
between the watercourses studied. Wessex Water plc. operate 21 groundwater public water sources 
across the Hampshire Avon (see Chapter 3.2; Figure 7.1) which abstracted water at a rate of ≈63Ml/d 
over the study period (2002-2007). Sampling sites were located along intermittent sections of each river 
and up to 5km downstream of the source of permanent flows along each watercourse within a given 
year (the perennial source). Samples were collected during spring (March-May), when most intermittent 
systems across the catchment should typically be flowing. 
 
Table 5.1 – Water quality properties from six headwater streams studied between 2002-2007. FB = 
Fonthill Brook and NMR = Nine Mile River.  
N.B. Measurements were taken from sites positioned furthest upstream by the Environment Agency and averaged 
across the study period. Other rivers examined in this chapter do not have water quality measurements routinely 
collected. 
Water quality measurement 
River 
Wylye Ebble FB Till NMR Bourne 
Ammonia (mgN/l) 0.041 0.038 0.025 0.020 0.016 0.019 
Dissolved oxygen (% saturation) 105.59 97.71 96.54 102.65 93.91 104.33 
Nitrates (mg/l) 28.47 30.55 23.92 23.80 20.92 30.17 
Phosphates (mg/l) 0.095 0.045 0.030 0.030 0.015 0.165 
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Figure 5.1 – The location of study sites in this chapter across the Hampshire Avon. Dashed line = 
Hampshire Avon catchment boundary (Source: Centre for Ecology and Hydrology, 2016) and circles = 
sampling sites.  
5.2.2 Data collection 
5.2.2.1 Macroinvertebrate data 
All macroinvertebrate samples were collected using a standardised kick-sample method (see Chapter 
3.4). Most samples (n = 116) were identified to species or genus level, but some taxa were resolved to 
family level (primarily Diptera larvae); while Nematoda (phylum), Hydracarina, Microturbelleria, 
Oligochaeta, Oribatei (class), Ostracoda (subclass), Cladocera, Collembola and Lepidoptera (order) 
were identified as such. Three datasets were derived from these samples to be used in subsequent 
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analyses: (i) a ‘presence/absence’ matrix was utilised because a small number of specimens (notably 
the early instars of some aquatic insects) could not be consistently resolved to the lowest taxonomic 
resolution; (ii) a total abundance ‘species/genus’ level dataset was used to gain a greater understanding 
of the community structure and diversity (species or genera that could not be consistently resolved with 
confidence were aggregated to a coarser taxonomic level); (iii) a ‘family-level’ dataset (total n = 171 -
which included 55 samples taken during routine biomonitoring that could not be included in the 
species/genus dataset). 
5.2.2.2 Flow data 
Four indices were utilised within this chapter which characterised observed flow conditions and 
modelled groundwater abstraction influences. Drying patterns along each watercourse were recorded 
on an inter-annual basis by surveyors monitoring the longitudinal extent of flowing conditions and dry 
reaches. All biological sampling sites along each stream were visited monthly for at least one year prior 
to sampling and the presence/absence of flow was recorded. This wet/dry mapping procedure (known 
as a ‘winterbourne signature’) allowed two ‘observed flow controls’ to be quantified which 
characterised hydrological conditions in the year prior to each biological sample: (i) the duration of 
antecedent flow and (ii) the distance (km) of each macroinvertebrate sample site from the perennial 
source along each watercourse. The latter ranged from negative (upstream) to positive (downstream) 
values.  
The Wessex basin model was used to quantify groundwater abstraction influences (for a detailed 
description, see Chapter 3.2). For this, groundwater level interactions with surface waters were 
outputted from the MODFLOW algorithm at c. 10-day periods (3 outputs per month). This was 
combined with surface water model outputs (Rainfall, Recharge and Runoff Routing – 4R; see 
Heathcote et al., 2004) at the same time-scale to derive historic and naturalised discharge time series 
(see Chapter 3.3; model errors were considered too high for daily discharge time series within 
intermittent headwater streams – ENTEC, 2015, Ian Colley, personal communication). Subsequently, 
2 anthropogenic flow alteration indices (characterising groundwater abstraction influences) were 
calculated: (i) the average percentage difference between the historic and naturalised discharge time 
series when values were greater than 0 (i.e. the reduction in total water volume due to groundwater 
abstraction when there was a modelled stream flow) and (ii) the number of model outputs when the 
historic and naturalised discharge time series equalled and exceeded 0, respectively (i.e. the reduction 
in the duration of flowing conditions due to groundwater abstraction). This accounted for potential 
anthropogenic modifications to flow magnitude (i) and duration (ii - see Poff et al., 1997 and section 
2.2.2). Groundwater abstraction influences reduced discharge magnitudes by 0-67.03% (mean = 
12.04%) and flow durations by 0-8 model outputs (~0-2.7 months; mean = 0.84 or ~0.3 months).  
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5.2.3 Data analysis 
5.2.3.1 Establishing ‘Ecological and Hydrological Classification’ (EHC) groupings 
Community differences between EcoHydrological Classification (EHC) groupings derived from a 
regional classification of chalk stream typologies was initially explored and compared to various 
hydrological groupings and ecological clustering techniques. The EHC groupings were established by 
Punchard and House (2009), who clustered invertebrate communities supported by various sites along 
chalk headwater streams into discrete groups and highlighted that ecological differences between these 
were driven by hydrological differences (Table 5.2). The EHC groupings have been used to guide 
regional river management strategies across headwater chalk streams. Punchard and House (2009) 
established these EHC groups by assigning all samples comprising the ‘family-level’ macroinvertebrate 
dataset used in this chapter into 1 of 7 clusters using ‘Two-Way Indicator Species Analysis’ (Hill, 1979). 
In this chapter, the EHC groups were slightly modified to more closely correspond with previous 
temporary river classifications (e.g. Williams, 2006; Stubbington et al., 2009). Differences in 
macroinvertebrate communities (for both family- and species/genus-level datasets) between EHC 
groups were examined using a Permutation Analysis of Variation (PERMANOVA) via the ‘adonis’ 
function in the Vegan package (Oksanen et al., 2018 – performed within R studio, see Chapter 3.4). For 
this, hydrological groupings comprised the antecedent flow duration divided into 2, 3, 4 and 6-month 
intervals. The distance from the perennial source and groundwater abstraction influences were 
categorised based on the minimum and maximum values and the inter-quartile range (minimum value 
– 25th percentile; 25th percentile – 50th percentile; 50th percentile – 75th percentile; 75th percentile – 
maximum value). Two clustering techniques were also performed on the family-level macroinvertebrate 
community dataset: Hierarchal cluster analysis and K-means cluster analysis (see Oksanen, 2016).     
 
Table 5.2 – Description of macroinvertebrate community clusters (EHC groups) reported by Punchard 
and House (2009) and used within this study.  
Punchard and 
House (2009) This chapter Description 
Perennial Perennial Permanent flows except during extreme drought and 
located ~2km or more downstream of the perennial 
source. 
Transitional A Transitional 0-3 months dry and located within ~0.5km 
of the perennial source. 
Transitional B Seasonal 6-9 months dry and located ~1km upstream of the 
perennial source. 
Winterbourne A Winterbourne 6-9 months dry and located ~2.5km upstream of the 
perennial source. Winterbourne B 
Winterbourne C 
Intermittent Intermittent At least 9 months dry and located ~7.5km upstream 
of the perennial source. 
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To compare structural differences in macroinvertebrate compositions between EHC groups, five 
community response metrics were derived from the family-level community dataset: total ‘community 
abundance’, taxonomic richness (TaxRic), Simpson’s diversity index (TaxDiv), ‘Berger-Parker’ index 
and the percentage of Ephemeroptera, Plecoptera and Trichoptera taxa (%EPT; see Chapter 3.4). Each 
of these community response metrics were then linearly modelled against the EHC groups (independent 
variable). Assumptions of homogenous variances and normal distributions were tested by examining 
residuals versus fixed values and Quantile-Quantile (QQ) plots, respectively. Community abundances 
were log10(X+1) transformed to ensure these assumptions were satisfied. The differences of each 
community diversity metric between EHC groups were statistically analysed using a one-way ‘Analysis 
of Variance’ (ANOVA). The 4 observed hydrological and anthropogenic flow alteration indices were 
tested for collinearity by ensuring all ‘Variance Inflation Factors’ (VIFs) were below 3 (Zuur et al., 
2010). Differences of each of these indices between the EHC groups were tested via a Kruskal-Wallis 
(KW) test (a non-parametric one-way ANOVA) given that the data was not normally distributed.  
To test which taxa were significantly associated with a specific EHC group, a group-equalised 
‘Indicator Value’ (IndVal) analysis was performed using Pearson’s phi coefficient of association as a 
fidelity value (see Tichy and Chytry, 2006). This was conducted via the ‘multipatt’ function in the 
‘indicspecies’ package (De Caceres and Jansen, 2016), which iteratively measures the correlation 
between two binary vectors and was undertaken using the ‘presence-absence’ (species/genus-level) 
matrix. The same dataset was used to examine the conservation value of each EHC group via the 
Community Conservation Index (CCI; sensu Chadd and Extence, 2004). The CCI reflects the national 
conservation status of aquatic macroinvertebrate communities based on the designated rarity of taxa 
and the community richness of samples. Differences in CCI values between each of the EHC groups 
was examined via a KW test. The multivariate composition of macroinvertebrate community 
abundances and contrasts between the EHC groups was visualised using a ‘Non-metric 
Multidimensional Scaling’ (NMDS) plot. This was conducted via the ‘metaMDS’ function within the 
‘Vegan’ package (Oksanen et al., 2018), using the Bray-Curtis dissimilarity measure.  
 
5.2.3.2 Hydrological and groundwater abstraction influences on community response metrics 
The 5 macroinvertebrate community diversity response metrics examined within this chapter (see 
above) were derived from both the family- and species/genus-level community datasets. Z-scores were 
derived for the 4 observed flow and anthropogenic flow alteration indices to standardise their influence 
between rivers and aid model convergence within subsequent statistical models (Bolker et al., 2009). 
These four indices were used as independent variables within different forms of mixed-effect models 
testing each community response index (dependent variable) 
TaxRic was examined using a ‘generalised linear mixed-effect model’ (GLMM) modelled with a 
Poisson distribution, which was conducted via the ‘glmer’ function in the lme4 package (Bates et al., 
2017). The ‘dispersion_glmer’ function within the ‘blmeco’ package (Korner-Nievergelt et al., 2015) 
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was used to ensure that GLMM’s were not under- or overdispersed (by ensuring values were between 
0.75 and 1.4). To validate the assumptions of each GLMM, simulated residuals (which works 
comparably to parametric bootstrapping – see Hartig, 2016) were plotted using the ‘simulateResiduals’ 
function in the ‘DHARMa’ package (Hartig, 2017). All other diversity indices were tested using linear 
mixed-effect models (LMM) via the ‘lmer’ function in the lme4 package. Community abundances were 
log10(X+1) transformed and %EPT was square-root transformed to normalise residuals and equalise 
variances. Subsequently, the ‘dredge’ function within the ‘MuMIn’ package (Bartoń, 2017) was used 
to derive the optimal set of observed flow and anthropogenic flow alteration indices influencing the 
community diversity response metric tested within each LMM and GLMM. This function fits different 
models comprising all combinations of the fixed effects and ranks them by the corrected Akaike 
information criterion (AICc). The most parsimonious model within 2 AICc units of the model exhibiting 
the lowest AICc value was selected as the ‘optimal’ model. The significance of each optimal model was 
obtained via likelihood ratio tests (Winter, 2013). The explanatory power of the statistical models were 
derived from marginal pseudo r-squared values (r2m; see Nakagawa and Schielzeth, 2013), which 
quantifies the variance explained by the fixed effects and were obtained using the ‘rsquared.glmm’ 
function in MuMIn). Graphics for the GLMM outputs were prepared using raw flow data values and 
confidence intervals were constructed using the framework outlined in Jamil et al (2013). 
 
5.2.3.3 Individual taxa responses to flow controls 
The influence of the antecedent flow duration and distance from the perennial source (i.e. the 2 observed 
flow controls) were modelled against specific taxa using ‘generalized additive mixed-effect models’ 
(GAMMs) via the ‘gamm’ function in the ‘mgcv’ package (Wood, 2018). These were constructed to 
account for a potential lack of temporal and spatial independence (as above), as well as non-linear 
responses. GAMMs were derived for taxa which were: (i) consistently identified to species- or genus-
level; (ii) present within at least 25% of samples; and (iii) found to be significantly associated with a 
specific EHC group (previously identified through IndVal). The raw abundances of these taxa were 
log10(X+1) transformed and modelled against the additive effects of the antecedent flow duration and 
distance from the perennial source (fixed effects; with z-scores being obtained for these independent 
variables), with the year of sample and watercourse identity being used as random effects. GAMMs 
were fitted using a maximum-likelihood approximation in all instances and plots were constructed using 
raw flow data.  
 
 
 
 
88 
 
5.3 Results 
5.3.1 Characterising differences between ‘Ecological and Hydrological 
Classification’ (EHC) groupings 
Results from the PERMANOVA highlighted that EHC groupings explained a greater amount of 
statistical variation compared to all other hydrological and ecological classifications for both family- 
and species/genus-level dataset (Table 5.3).  
 
Table 5.3 - Results from PERMANOVA testing the significance of groupings derived from different 
hydrological controls and ecological clustering techniques on the multivariate composition of family- 
and species-level community abundance data. Stars indicate model significance: ***p ≤ 0.001; **p ≤ 
0.01;*p ≤ 0.05; NS = non-significant.  
Grouping variable Family Species / genus 
r2 F p-value r2 F p-value 
EHC groupings 0.24 13.11 0.001*** 0.24 8.72 0.001*** 
2-month antecedent flow duration intervals 0.18 7.40 0.001*** 0.19 5.10 0.001*** 
3-month antecedent flow duration intervals 0.16 10.32 0.001*** 0.16 7.27 0.001*** 
4-month antecedent flow duration intervals 0.16 15.73 0.001*** 0.15 10.28 0.001*** 
6-month antecedent flow duration intervals 0.13 24.32 0.001*** 0.13 16.74 0.001*** 
Distance from perennial source divisions 0.19 9.76 0.001*** 0.18 6.00 0.001*** 
Mean abstraction when flowing divisions 0.04 1.62 0.015* 0.04 1.22 0.147(NS) 
Loss of modelled flows divisions 0.02 1.50 0.059(NS) 0.02 1.31 0.146(NS) 
Hierarchal 2 clusters 0.01 2.13 0.012* 0.02 1.77 0.008** 
Hierarchal 3 clusters 0.01 2.03 0.001*** 0.03 3.75 0.001*** 
Hierarchal 4 clusters 0.18 36.72 0.001*** 0.03 3.06 0.002** 
Hierarchal 5 clusters 0.15 30.74 0.001*** 0.11 14.52 0.001*** 
Hierarchal 6 clusters 0.13 24.73 0.001*** 0.14 19.15 0.001*** 
K-means 2 clusters 0.13 25.07 0.001*** 0.06 7.92 0.001*** 
K-means 3 clusters 0.13 25.32 0.001*** 0.05 5.41 0.001*** 
K-means 4 clusters 0.05 8.53 0.001*** 0.05 5.83 0.001*** 
K-means 5 clusters 0.16 32.57 0.001*** 0.09 11.14 0.001*** 
K-means 6 clusters 0.12 23.99 0.001*** 0.11 13.38 0.001*** 
 
Community abundances (F = 128.77, p <0.001), TaxRic (family-level; F = 122.70, p <0.001), TaxDiv 
(F = 10.09, p <0.001), Berger-Parker (F = 11.65, p < 0.001) and %EPT (F = 43.06, p < 0.001) all differed 
significantly between EHC groups. The ‘Transitional’ group supported the highest number of 
individuals, followed by the ‘Perennial’ group (Fig. 5.2a). Perennial sites supported the greatest number 
of macroinvertebrate families (Fig. 5.2b) and along with the ‘Winterbourne’ group possessed a high 
TaxDiv values (Fig. 5.2c) and a large percentage of EPT taxa (Fig. 5.2e). Transitional and ‘Seasonal’ 
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groups were dominant by individual taxa to a greater degree compared to the Perennial and 
Winterbourne groups, as indicated by Berger-Parker index values (Fig. 5.2d). The antecedent flow 
duration (H = 124.39, p < 0.001) and distance from the perennial source (H = 129.69, p < 0.001) differed 
markedly between EHC groups. Although some EHC groups displayed similar antecedent flow 
durations prior to biological sample collection (e.g. ‘Perennial’ versus ‘Transitional’ and ‘Seasonal’ 
versus ‘Winterbourne’; see Fig. 5.2g), differences between the distance of each site from the perennial 
source were clear between all EHC groupings (see Fig. 5.2h). Groundwater abstraction reductions in 
discharge magnitudes (H = 11.10, p = 0.025) and duration (H = 32.19, p < 0.001) also differed 
significantly between EHC groups, but these models were less statistically robust (as indicated by much 
lower H values relative to the outputs from KW tests analysing the observed flow controls). 
  
  
a) b) 
c) d) 
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Figure 5.2 – Average (±1 standard error) values for various diversity indices and hydrological metrics 
exhibited by each EHC group. a) Community abundance; b) taxonomic richness (TaxRic); c) taxonomic 
diversity (TaxDiv); d) Berger-Parker index; e) %EPT; f) CCI; g) Antecedent flow duration and h) 
Distance from the perennial source. 
 
IndVal identified numerous macroinvertebrate taxa were significantly associated with different EHC 
groupings (see Table 5.4). The Perennial group contained the largest number of taxa (n = 58 – See Table 
5.4), while ‘Dolichopodidae/Rhagionidae’ (Order: Diptera) was the only taxa significantly associated 
with the Seasonal group. CCI values differed significantly between EHC groups (H = 53.75, p <0.001), 
e) f) 
g) h) 
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with those possessing shorter flow durations and located further upstream displaying the highest 
conservation scores (most notably the ‘Winterbourne’ group; see Fig. 5.2f). The degree to which 
specialist winterbourne taxa (identified from IndVal) were present across other EHC groups varied 
between species/genera, although those with higher conservation scores (e.g. Paraleptophlebia werneri, 
Aplexa hypnorum) were most prevalent within the Winterbourne group (see Table 5.5). An NMDS plot 
highlighted distinct differences in macroinvertebrate community compositions between EHC groups, 
whereby samples were distributed along the first axis in accordance with the duration of antecedent 
flows and the distance from the perennial source (perennial to intermittent - left to right on axis 1 – see 
Fig. 5.3).  
 
Table 5.4 - Macroinvertebrate taxa significantly associated with different EHC groupings based on 
IndVal analysis. IV = Indicator value. Stars indicate model significance: * = p ≤ 0.05; ** = p ≤ 0.01; 
*** = p ≤ 0.001.  
Taxa IV p-value Taxa IV p-value 
Perennial     Transitional     
Hydropsyche siltalai 0.885 0.001*** Helobdella stagnalis 0.619 0.001*** 
Ephemera Danica 0.864 0.001*** Bathyomphalus contortus 0.424 0.005** 
Limnius volckmari 0.827 0.001*** Dendrocoelum lacteum 0.375 0.023* 
Leuctra sp.  0.824 0.001*** Nebrioporus sp.  0.374 0.01** 
Rhyacophila sp.  0.794 0.001*** Polycelis nigra  0.342 0.025* 
Sericostoma personatum 0.786 0.001*** Gammarus pulex 0.309 0.040* 
Athripsodes sp.  0.756 0.001***     
Hydroptila sp.  0.756 0.001***     
Mystacides sp.  0.708 0.001***     
Sialis lutaria 0.678 0.001***     
Orectochilus villosus 0.663 0.001***     
Potamopyrgus antipodarum 0.655 0.001***     
Silo nigricornis 0.653 0.001***     
Chaetopteryx villosa 0.644 0.001***     
Lepidostoma hirtum 0.632 0.001***     
Caenis sp.  0.627 0.001***     
Elmis aenea 0.622 0.001*** Seasonal     
Polycelis feline 0.597 0.001*** Dolichopodidae/Rhagionidae 0.293 0.037* 
Paraleptophlebia submarginata 0.594 0.001***     
Agapetus sp.  0.582 0.001***     
Glossiphonia complanata 0.579 0.001***     
Potamophylax cingulatus/latipennis 0.56 0.001***     
Dicranota sp.  0.559 0.001***     
Ancylus fluviatilis 0.536 0.001***     
Ecdyonurus sp.  0.532 0.001***     
Polycentropus flavomaculatus 0.508 0.002**     
Elodes sp.  0.502 0.001***     
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Hydracarina 0.501 0.001***     
Anisus vortex 0.498 0.001***     
Oreodytes sanmarkii 0.497 0.002** Winterbourne     
Riolus subviolaceus 0.48 0.001*** Paraleptophlebia werneri 0.717 0.001*** 
Oecetis testacea 0.48 0.001*** Limnephilus bipunctatus 0.629 0.001*** 
Valvata sp.  0.461 0.001*** Nemoura cinerea/ lacustris 0.607 0.001*** 
Piscicola geometra 0.455 0.007** Isoperla grammatica 0.515 0.001*** 
Oulimnius sp.  0.455 0.005** Aplexa hypnorum 0.493 0.004** 
Gyraulus crista 0.445 0.003** Dryops sp. 0.491 0.002** 
Asellus aquaticus 0.425 0.005** Anisus leucostoma 0.474 0.001*** 
Bithynia tentaculata 0.421 0.004** Agabus sp. / Ilybius sp.  0.413 0.006** 
Serratella ignita 0.416 0.008** Niphargus aquilex 0.406 0.008** 
Limoniidae 0.408 0.012* Limnephilus vittatus 0.366 0.017* 
Lype sp.  0.403 0.010** Radix balthica 0.312 0.017* 
Drusus annulatus 0.397 0.007** Hydroporus sp.  0.296 0.041* 
Baetidae 0.391 0.001*** Galba truncatula 0.294 0.046* 
Physa fontinalis 0.382 0.011*     
Planorbis carinatus 0.354 0.028*     
Calopteryx splendens 0.354 0.03*     
Micronecta sp. 0.354 0.028*     
Ithytrichia sp.  0.354 0.033*     
Tinodes waeneri 0.354 0.031*     
Heptagenia sulphurea 0.343 0.027*     
Halesus digitatus 0.343 0.017*     
Sphaeriidae 0.332 0.018*     
Halesus radiatus 0.323 0.026*     
Empididae 0.322 0.027* Intermittent     
Oxyethira sp.  0.315 0.043* Microturbellaria  0.354 0.008** 
Hydropsyche pellucidula 0.315 0.023* Sciomyzidae       0.338 0.026* 
Erpobdella octoculata 0.302 0.029* Hydrophilidae     0.318 0.033* 
Ceratopogonidae 0.294 0.023* Ostracoda         0.264 0.038* 
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Table 5.5 – The percentage occurrence of different winterbourne specialists across EcoHydrological 
Classification (EHC) groups.  P = Perennial, T = Transitional, S = Seasonal, W = Winterbourne and I 
= Intermittent. 
Taxonomic order Genus/species CCI score 
EHC groups 
P T S W I 
Ephemeroptera Paraleptophlebia werneri 8 0.0 0.0 6.7 86.7 6.7 
Trichoptera Limnephilus bipunctatus 5 0.0 0.0 7.7 84.6 7.7 
Plecoptera 
Nemoura cinerea / 
lacustris 1a 4.3 0.0 12.8 66.0 17.0 
Plecoptera Isoperla grammatica 2 17.6 5.9 2.9 70.6 2.9 
Gastropoda Aplexa hypnorum 5 8.3 0.0 0.0 91.7 0.0 
Coleopetera Dryops sp. NAb 14.3 0.0 0.0 85.7 0.0 
Gastropoda Anisus leucostoma 5 7.1 1.8 8.9 53.6 28.6 
Coleopetera Agabus sp. / Ilybius sp. NAb 5.5 5.5 12.7 40.0 36.4 
Amphipoda Niphragus aquilex 6 15.2 3.0 6.1 60.6 15.2 
Trichoptera Limnephilus vittatus 3 0.0 9.1 0.0 90.9 0.0 
Gastropoda Radix balthica 1 34.8 3.0 12.1 42.4 7.6 
Coleopetera Hydroporus sp. NAb 0.0 0.0 0.0 70.0 30.0 
Gastropoda Galba truncata 3 2.7 0.0 10.8 48.6 37.8 
a Nemoura lacustris has been assigned an initial conservation score of 7 following its recent discovery within UK 
winterbournes (Armitage and Bass, 2013; House and Tapia, 2014).  
b High variability of conservation scores within each of these genera. 
 
 
Figure 5.3 – Non-metric multidimensional scaling (NMDS) plots of macroinvertebrates species-level 
community abundances between EHC groups. Triangles = ‘Perennial’; Diamonds = ‘Transitional’; 
Squares = ‘Seasonal’; Circles = ‘Winterbourne’; Inverted triangles = ‘Intermittent’.   
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5.3.2 Community responses to observed hydrological controls and ground water 
abstraction 
The distance from the perennial source was incorporated within 8 out of 9 optimal LMM’s and 
GLMM’s, while anthropogenic flow alteration indices (characterising groundwater abstraction 
influences) were not included within any optimal model (see Table 5.6). The duration of antecedent 
flow comprised the 6 optimal LMM’s and GLMM’s accounting for the highest amount of the statistical 
variation (24%-66% - r2m = 0.24-0.66, see Table 5.6). The observed hydrological controls accounted 
for the greatest amount of statistical variation when modelled against TaxRic (for both family- and 
species/genus-level data). TaxRic was positively associated with both the duration of antecedent flow 
and the proximity to the perennial source; but the former exhibited a much shallower statistical gradient 
(see Fig. 5.4a and 5.4c) compared to the latter (see Fig. 5.4b and 5.4d). 
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Table 5.6 – Outputs from the mixed-effect models containing the optimal combinations of hydrological indices influencing each macroinvertebrate community 
diversity metric. Stars indicate the model significance: ** = p ≤ 0.01; *** = p ≤ 0.001. 
Dataset Response Model Χ2 p-value r2m 
Family 
Total abundance Antecedent flow duration 2721.93 <0.001*** 0.29 
Taxonomic Richness Antecedent flow duration + Distance from perennial source 508.51 <0.001*** 0.66 
Simpson's diversity Distance from perennial source 16.55 <0.001*** 0.08 
Berger-Parker Distance from perennial source 10.50 0.001** 0.05 
%EPT taxa Antecedent flow duration + Distance from perennial source 60.75 <0.001*** 0.24 
Species / 
Genus 
Taxonomic Richness Antecedent flow duration + Distance from perennial source 469.54 <0.001*** 0.59 
Simpson's diversity Antecedent flow duration + Distance from perennial source 37.53 <0.001*** 0.21 
Berger-Parker Distance from perennial source 8.84 0.002** 0.07 
%EPT taxa Antecedent flow duration + Distance from perennial source 50.89 <0.001*** 0.33 
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Figure 5.4 – Occurrence probability of taxonomic richness (TaxRic) in relation to observed flow 
controls obtained by mixed-effect models. a) Family richness versus the distance from the perennial 
source; b) Family richness versus the antecedent flow duration; c) Species richness versus the distance 
from the perennial source and d) Species richness versus the antecedent flow duration.  
 
5.3.3 Responses of individual taxa to hydrological controls 
In total, 19 taxa and their responses to observed flow controls were examined via a series of GAMMs 
(see Table 5.7). Taxa from the Perennial EHC group responded most strongly and were particularly 
sensitive to antecedent flow durations. Observed flow controls accounted for the greatest amount of 
statistical variation when modelled against the following Perennial EHC group taxa: ‘Elmis aenea’ 
(Coleoptera; adjusted r2 = 0.82), ‘Limnius volckmari’ (Coleoptera; adjusted r2 = 0.68) and ‘Caenis’ sp. 
(Ephemeroptera; adjusted r2 = 0.73). These were all significantly associated with the duration of 
antecedent flow and the distance from the perennial source. This was also observed for ‘Gammarus 
pulex’ (Amphipoda; adjusted r2 = 0.69) and ‘Polycelis nigra/tenius’ (Tricladida; adjusted r2 = 0.21), 
which were significantly associated with the Transitional EHC group (samples which were typically 
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characterised by short-term drying events and located ~2km further upstream of the ‘Perennial’ group; 
see Table 5.2 and Figs. 5.2g and 5.2h). GAMM outputs indicated that species significantly associated 
with the Transitional group possessed higher abundances further upstream of the perennial source 
compared to other taxa associated with the Perennial EHC group (see Fig. 5.5). Observed hydrological 
controls accounted for the lowest amount of statistical variation when modelled against taxa associated 
with the Winterbourne EHC group, but ‘Paraleptophlebia werneri’ (Ephemeroptera) and ‘Nemoura 
cinerea/lacustris’ (Plecoptera) were both significantly associated with the duration of antecedent flow 
(see Table 5.7).  
 
Table 5.7 – Generalised additive mixed-effect model (GAMM) outputs examining the responses of 
select taxa to observed hydrological controls. Stars indicate model significance: * = p ≤ 0.05; ** = p ≤ 
0.01; *** = p ≤ 0.001; NS = non-significant.   
EHC group Taxa Model r2 
Antecedent flow duration 
Distance from the 
perennial source 
F p-value F p-value 
Perennial Elmis aenea 0.82 34.00 <0.001*** 4.98 <0.001*** 
Caenis sp. 0.73 12.45 <0.001*** 7.31 <0.001*** 
Limnius volckmari 0.68 11.10 0.001** 7.46 <0.001*** 
Sericostoma personatum 0.63 14.47 <0.001*** 2.70 0.030* 
Seratella ignita 0.60 63.67 <0.001*** 5.39 0.010** 
Agapetus sp. 0.49 8.29 0.005** 4.14 0.003** 
Glossiphonia complanata 0.48 61.84 <0.001*** 1.42 0.236(NS) 
Hydroptila sp. 0.48 2.05 0.155(NS) 3.50 0.004** 
Asellus aquaticus 0.40 41.86 <0.001*** 6.40 0.013* 
Valvata sp. 0.30 28.14 <0.001*** 5.11 0.023* 
Erpobdella octoculata 0.18 11.51 <0.001*** 0.83 0.364(NS) 
Transitional Gammarus pulex 0.69 25.27 <0.001*** 4.54 0.002** 
Bathyomphalus contortus 0.23 15.69 <0.001*** 3.10 0.081(NS) 
Polycelis nigra 0.21 6.12 0.008** 10.83 0.001** 
Winterbourne Anisus leucostoma 0.30 3.39 0.068(NS) 3.42 0.011* 
Nemoura lacustris 0.19 24.71 <0.001*** 0.67 0.414(NS) 
Paraleptophlebia werneri 0.16 9.54 <0.001*** 2.98 0.087(NS) 
Niphargus aquilex 0.15 0.11 0.745(NS) 2.23 0.064(NS) 
Isoperla grammatica 0.00 1.15 0.286(NS) 0.39 0.533(NS) 
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Figure 5.5 – The relationship between the log10(X+1) transformed abundance of select taxa and the 
distance from the perennial source outputted by the GAMM’s. a) Elmis aenea; b) Caenis. sp.; c) 
Gammarus pulex and d) Polycelis nigra.  
 
5.4 Discussion 
5.4.1 Differences between ‘Ecological and Hydrological Classification’ (EHC) 
groupings 
The results of this chapter demonstrate the importance of hydrological controls in structuring 
macroinvertebrate communities across intermittent and perennial headwater streams. The first aim of 
the chapter examined the ‘EcoHydrological Classification’ groupings (EHCs) reported by Punchard and 
House (2009) for use within a regional management context. The EHC groups accounted for a higher 
amount of statistical variation compared to alternative grouping techniques (e.g. hydrological 
classifications and ecological clusters) and supported distinct macroinvertebrate communities. The 
results highlighted that the duration of antecedent flow and the distance of sample points from the 
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closest perennial source along each watercourse differed more profoundly between EHC groups 
compared to groundwater abstraction influences. EHC groups characterised by greater flow durations 
supported higher community abundances and taxonomic richness values, as widely reported in other 
studies (e.g. Datry et al., 2014a; Garcia et al., 2017). Although the ‘Perennial’ EHC group was 
significantly associated with the highest number of taxa, sites which dried periodically (> c. 6-months 
annually) and positioned further upstream (> c. 2.5km upstream of the perennial source) exhibited the 
highest conservation values, particularly the ‘Winterbourne’ EHC group. This was due to the presence 
of nationally rare taxa such as the ephemeropteran ‘Paraleptophlebia werneri’, the trichopteran 
‘Limnephilus bipunctatus’ and the hypogean specialist amphipod ‘Niphargus aquilex’ which occur in 
the benthos of headwater streams. While macroinvertebrate communities characterising the 
Winterbourne group were subjected to comparable antecedent flow durations to the ‘Seasonal’ EHC 
group, samples assigned to the former were typically located approximately 2km further upstream. This 
suggests that it is not only the degree of flow intermittency driving the composition (and conservation 
value) of macroinvertebrate communities, but also their spatial proximity to perennial reaches (see 
below). This was probably a key factor driving low community diversity values exhibited by the 
Seasonal group, which were dominated by a small number of taxa and supported few EPT species, 
presumably because they are exposed to greater biotic pressures from proximal perennial reaches 
(Bogan et al., 2013). Sites within the ‘Intermittent’ EHC group were also characterised by low 
community diversity values, likely due to shorter flow durations precluding many temporary water 
specialists from completing their life-cycle, as reported elsewhere (e.g. Bonada et al., 2007; Stubbington 
et al., 2009; Garcia et al., 2017). However, macroinvertebrate communities inhabiting sites positioned 
furthest upstream displayed high conservation values, demonstrating how such environments can 
support temporary water specialists with limited geographical distribution across the UK.  
 
5.4.2 The influence of flow on macroinvertebrate communities inhabiting 
temporary and perennial streams 
Several authors have recently advocated the need to examine ecological responses to continuous (as 
opposed to categorical) hydrological variables within intermittent rivers (e.g. Arscott et al., 2010; Datry, 
2012). To address this, various macroinvertebrate community response metrics were statistically tested 
against observed hydrological controls and modelled groundwater abstraction influences in this chapter. 
The duration of antecedent flow and the distance from the perennial source consistently yielded all 
optimal model outputs. The influence of flow intermittency on different macroinvertebrate alpha-
diversity measures has been well documented and perennial environments have been consistently found 
to support a greater taxonomic richness (e.g. Arscott et al., 2010; Storey, 2016; Garcia et al., 2017). 
Datry et al (2014a) compiled results from various studies on temporary rivers globally and highlighted 
that taxonomic richness and %EPT taxa were negatively correlated with flow intermittency. Results 
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from this study demonstrated that sites exhibiting longer antecedent flow durations supported a higher 
number of taxa, reflecting the known effects of the extirpation of aquatic taxa from sites which become 
dry (e.g. Ledger et al., 2011) and sites with longer flow durations of the year allowing taxa to complete 
the aquatic phase of their life-cycle (Bogan et al., 2013; Cid et al., 2016).  
Results from this chapter demonstrated that taxonomic richness was the most responsive diversity index 
to observed hydrological controls and was particularly sensitive to the distance from the perennial 
source (for both family- and species/genus-level datasets). The spatial proximity of perennial and 
intermittent reaches in relation to sample site location has been reported as a key factor controlling 
macroinvertebrate community compositions due to is regulatory effect on the aerial and aquatic 
colonisation of fauna into intermittent sites (Gore, 1982; Bogan and Boersma 2012; Bogan et al., 2013; 
Cañedo-Argüelles et al., 2016).  
 
5.4.3 The responses of individual taxa to hydrological controls 
Various macroinvertebrate taxa recorded in this study were strongly associated with the duration of 
antecedent flow and distance from the perennial source. Species possessing specific resistance or 
resilience traits often flourish within intermittent streams as they are exposed to reduced biotic 
competition and predation (e.g. Arscott et al., 2010; Datry et al., 2014b; see Chapter 2.6 and Strachan 
et al., 2015). In this study, the univoltine mayfly larvae, P. werneri was significantly associated with 
the duration of antecedent flow and is known to be adapted to temporary waters via the production of 
drought-resistant eggs (Wright et al., 1984).  The stonefly larvae N. cinerea/lacustris (with the two 
species being grouped in this study due to their morphological similarity) was also significantly 
associated with the duration of antecedent flow. N. cinerea is widely recognised as a temporary stream 
specialist due to their eggs exhibiting a long diapause and possessing a gelatinous coat which protects 
them from drying events (Berrie and Wright, 1984), as well as being able to burrow into saturated 
subsurface sediments (Vadher et al., 2017). N. lacustris has recently been discovered within the UK 
and has only been sampled within winterbourne streams to date (Armitage and Bass, 2013; House and 
Tapia, 2014). Its persistence within intermittent streams is likely to be a result of the capacity of their 
eggs to experience a dormant phase after being deposited (Armitage and Bass, 2013).  
Results from this chapter also demonstrated that the distance that select perennial fauna could migrate 
into intermittent reaches differed between taxa. Notably, the flatworm (Platyhelminth: Polycelis 
nigra/tenuis) and freshwater shrimp (Amphipoda: Gammarus pulex) were often sampled from sites 
located a short distance (c. 2km) upstream of the perennial source. Punchard and House (2009) proposed 
that the persistence of ‘Winterbourne’ communities (within streams drying longitudinally from the 
headwaters) is dependent on intermittent stream sections being long enough to restrict the upstream 
migration of G. pulex, which would otherwise predate on specialist intermittent taxa and/or compete 
for their habitats and resources. Given the influence that G. pulex has been shown to have on 
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macroinvertebrate community compositions within river systems (e.g. Kelly et al., 2006), the length of 
intermittent reaches is likely to be highly influential in regulating the distance this fauna can migrate 
upstream. Various other studies have reported that although G. pulex can successfully colonise upstream 
intermittent reaches after flows resume, they have not been able to colonise the headwater reaches of 
winterbournes positioned at greater distances from perennial sources (Berrie and Wright, 1984; Wright 
et al., 1984; Armitage and Bass, 2013).  
 
5.4.4 Community responses to groundwater abstraction 
Although the ecological implications of groundwater abstraction on chalk rivers within the UK have 
received a limited amount of research attention, this research has been confined to perennial systems 
(e.g. Bickerton et al., 1993; Castella et al., 1995). Other studies have inferred community responses to 
groundwater abstraction in chalk rivers after opportunistically examining instream communities during 
droughts (e.g. Wood and Armitage, 2004) or within experimental designs manipulating flow volumes 
(e.g. Ledger et al., 2011; Aspin et al., 2018). This chapter examined macroinvertebrate community 
responses to groundwater abstraction influences on the magnitude and duration of flow events. These 
two facets of river flow regimes (see Poff et al., 1997; see Chapter 2.2) have been proven to have 
widespread ecological effects across intermittent and perennial river systems (Chinnayakanahalli et al., 
2011; Belmar et al., 2013; Solans and García de Jalón, 2016). Outputs from the Wessex Basin 
groundwater model (see Chapter 3.2) were utilised by comparing historic and naturalised discharge 
time series from the same section of river (i.e. each individual model stream cell), rather than flow 
outputs between different reaches/stream cells. As such, this approach does not wholly consider the 
spatial implications of groundwater contributions to flow variability along intermittent rivers (see 
Konrad, 2006; Kath et al., 2016). However, this approach was adopted due to local hydrogeological 
influences on flow variability not always being reliably accounted for within groundwater models. 
Conversely, differences between model runs from the same stream cell are driven exclusively by 
anthropogenic activities, which can be more readily incorporated into the groundwater model (by 
altering the volumetric flux value of the MODFLOW algorithm – see Chapter 3.3). As such, this 
approach was deemed to be the most reliable method of quantifying the effects of groundwater 
abstraction on instream communities. To date, few studies have examined any form of hydrological 
alteration within temporary waterways, particularly within temperate environments (Stubbington et al., 
2017). A notable exception to this is Chessman et al (2010), who examined macroinvertebrate responses 
to water abstraction influences (as well as other hydrological alterations) and reported similar ecological 
trends to those observed within this study, with biotic differences between intermittent and perennial 
systems being greater than those associated with flow modifications.  
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5.5 Summary 
It is widely recognised that temporary waterbodies are widely distributed globally and may become 
more prevalent in some regions due to anthropogenic water resource pressures and projected climatic 
changes (Döll and Schmied, 2012; Datry et al., 2014b; Stubbington et al., 2017). This chapter examined 
invertebrate community responses to observed hydrological controls and modelled groundwater 
abstraction influences across intermittent and perennial headwater streams. The results highlighted that 
macroinvertebrate communities inhabiting sites which dry periodically (c. 6 months) and are positioned 
at greater distances (>c. 2.5km) above the perennial source displayed the highest conservation values. 
These sites supported species that are rare in many areas of Europe (e.g. Ephemeroptera: 
Paraletophlebia werneri) or had limited geographical distribution within the United Kingdom (e.g. 
Trichoptera: Limnephilus bipunctatus). A range of faunal community diversity response metrics were 
found to be more sensitive to the antecedent flow duration and distance from the perennial source, rather 
than any effects of groundwater abstraction. Taxonomic richness was most responsive to these observed 
flow controls and varied more markedly with the distance from the perennial source compared to the 
duration of antecedent flows. Several taxa were significantly associated with the observed flow 
properties, particularly those inhabiting perennially flowing systems which were highly sensitive to the 
antecedent flow duration. The distance that such fauna could migrate into intermittent reaches varied 
between taxa.  
Studies examining the ecological implications of groundwater abstraction in lotic environments have 
predominantly focussed on perennial environments (e.g. Bickerton et al., 1993; Bradley et al., 2014; 
2017; Kennen et al., 2014). Despite this, such research has been historically limited compared to other 
forms of flow alteration (e.g. impoundments – see Chapter 2.4) and a greater amount of research is 
required to improve the existing scientific understanding of riverine ecosystem responses to 
groundwater abstraction. The following chapters (Chapters 6 and 7) examine macroinvertebrate 
responses to groundwater abstraction (alongside other forms of hydrological alterations) within 
perennial river systems. Specifically, groundwater model outputs will be used to quantify ecological 
responses to flow alterations operating across various spatial and temporal scales; spanning from 
seasonal responses within distinct lotic habitats (Chapter 6), to long-term (>20-years), region-wide 
analyses (Chapter 7).   
 
The results from this chapter have been published:  
White, J.C., House, A., Punchard, N., Hannah, D.M., Wilding, N.A. and Wood, P.J. (2018). 
Macroinvertebrate community responses to hydrological controls and groundwater abstraction effects 
across intermittent and perennial headwater streams. Science of the Total Environment, 610.1514-1526. 
See Appendix B.  
 
103 
 
Chapter 6. Macroinvertebrate community responses 
to habitat-scale controls, hydrological variability 
and anthropogenic flow alterations 
6.1 Introduction 
It has been suggested that statistical associations between specific flow descriptors and ecological 
responses (i.e. ‘flow-ecology’ relationships) often do not necessarily indicate or reflect the causal 
mechanisms underpinning community responses; which has been attributed to them neglecting wider 
biological processes (e.g. biotic interactions, community demographics) and the influences of other 
abiotic controls (e.g. morphological properties and refugia availability; Lancaster and Downes, 2010; 
Acreman et al., 2014). In addition, the influences of flow regime variability on riverine biota transcends 
multiple spatial scales (see Biggs et al., 2005; Monk et al., 2007a), from region-wide hydrological 
controls to habitat-scale hydraulic properties (see Chapter 2.2.1). Studies examining flow-ecology 
relationships often focus on river discharge statistics and infer how this translates to local hydraulic 
conditions influencing riverine biota (Acreman et al., 2014; Davies et al., 2014; see Chapters 4 and 5). 
Such interpretations are often valid as region-wide flow velocities typically respond congruently to 
changes in discharge (Rosenfeld, 2017), thus allowing ecohydraulic principles (e.g. taxonomic shear 
velocity thresholds) to be incorporated within hydrological contexts (e.g. Monk et al., 2006; 2008; 
Armanini et al., 2014). However, directly examining ecological responses to hydraulic controls has 
been reported to provide a greater understanding of the underlying causal mechanisms structuring 
community responses to flow (compared to the use discharge statistics alone) as they provide a local 
characterisation of stream flow forces at the point of sampling (Malcolm et al., 2012; Lamouroux et al., 
2017; Monk et al., 2017).  
Research on ‘habitat simulation’ environmental flow (e-flow) methodologies (see Chapter 2.3) 
routinely examines how ecologically relevant hydraulic controls change across varying discharges 
(Strevens, 1999; Gibbins et al., 2002; Moir et al., 2005; Olsen et al., 2014). While this focusses on the 
magnitude (and to a certain degree the timing) of hydrological conditions, it neglects other components 
of the flow regime (i.e. frequency, duration, predictability and rate of change). Examining the responses 
of hydraulic conditions to discharge statistics characterising multiple facets of the flow regime (see Poff 
et al., 1997 and Chapter 2.1) has proved to be challenging (Turner and Stewardson, 2014). Yet, 
examining biotic community responses to hydraulic and habitat-scale controls within the wider context 
of hydrological variability may provide robust ecological information to help guide water resource 
management operations and e-flows. For example, Brooks et al (2011) highlighted that water 
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abstraction practices had a greater influence on macroinvertebrate communities inhabiting riffles 
compared marginal habitats due to the loss of rheophilic taxa, while Malcolm et al (2012) demonstrated 
the need to consider both hydrological and hydraulic controls on the spawning success of salmonid 
species, highlighting that the latter provides a ‘uniqueness of place’ required to guide e-flow strategies. 
Limited evidence has indicated that anthropogenic flow alterations modify community compositions 
indirectly via changes to mineralogical (e.g. silt, gravel) and organic (e.g. macrophytes, macroalgae) 
habitat patches (sensu Demars et al., 2012 - e.g. Armitage and Pardo, 1995; Storey and Lyanas, 2007; 
Storey and Creagh, 2014). However, such e-flow methodologies which account for ecological responses 
to habitat controls operating at smaller spatial scales than those defined by depth-velocity relationships 
(e.g. pools, riffles – see Frissell et al., 1986 and Chapter 2.2.1) are limited. 
The presence of different mineralogical and organic habitat patches regulate how biota interact with 
hydrological and hydraulic controls (see Chapter 2.7), which has significant implications for the wider 
structure and function of lotic ecosystems. For example, Palmer et al (1996) highlighted that abundant 
woody debris deposits resulted in stable macroinvertebrate community abundances during a major 
flood, but major demographic losses occurred in response to the same hydrological event without the 
presence of this habitat. Similarly, Garcia-Roger et al (2016) demonstrated that the functional diversity 
of macroinvertebrate communities within perennial rivers was significantly influenced by the 
availability of coarse substrates, while the functional depencies on such biotopes were not detected 
within temporary streams. Despite such studies highlighting that biotopes regulate structural and 
functional responses of instream communities to flow regime variability, no study to date has tested the 
ecological influences of hydraulic and hydrological controls on instream communities inhabiting 
distinct patches of mineralogical and organic habitats in lotic environments.  
In this chapter, macroinvertebrate community responses to three sets of flow-related controls were 
tested: antecedent hydrological (discharge) variability, anthropogenic flow alterations (daily percentage 
of discharge added to or removed from the river via anthropogenic activities) and hydraulic conditions. 
Structural and functional responses of macroinvertebrate communities to these flow-related controls 
were tested across distinct lotic habitat groups (HGs –consisting of coarse substrates, fine sediments 
and a fine-leaved macrophyte). The aims of this chapter are to: (i) quantify differences in 
macroinvertebrate communities between HGs; (ii) examine the separate ecological influences of 
antecedent hydrological variability, anthropogenic flow alterations and hydraulic conditions, and assess 
how these effects differ between HGs and (iii) identify the most influential flow-related controls 
(hydrological, anthropogenic flow alterations and hydraulic) shaping macroinvertebrate communities 
and examine how their influences vary between HGs.  
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6.2) Methodology 
6.2.1) Study area 
Four rivers, each with two sampling sites, were examined across the Hampshire Avon catchment 
(Figure 6.1). The strong calcareous geological influence throughout the catchment and widespread 
arable agricultural practices across the catchment produce comparable water qualities between rivers 
(see Table 6.1). Rivers across the Hampshire Avon are typically characterised by highly stable flow 
regimes which do not respond rapidly to rainfall, although one of the watercourses (River Nadder) is 
fed by a stream draining a clay sub-catchment, which results in more responsive hydrological regime 
(Figure 6.1; Heppell et al., 2017). Wessex Water plc. operate 21 groundwater public water sources 
across the Hampshire Avon (see Chapter 3.1; Figure 7.1) which artificially reduce river discharges 
within some stretches of river. However, outflows from effluent water returns (n = 10 affecting the 
chapter study sites) and low flow alleviation strategies (which utilise groundwater to augment 
discharges in select river channels that fall below a threshold value; n = 3 affecting the chapter study 
sites – see Figure 7.1) results in some river reaches conveying a greater discharge than would naturally 
occur. All study sites within this chapter exhibit perennial flow regimes. 
Table 6.1 – Average water quality (WQ) properties from different study sites between January 2014 – 
January 2016 (Source: Environment Agency, 2017).  
N.B. All water quality (WQ) sites were located within 2.5km of sampling sites. There is no regulatory WQ 
monitoring site close to Ebble 2 and some WQ properties were not routinely recorded at Bourne1. 
 
 Ebble 1 Nadder 1 Nadder 2 Wylye 1 Wylye2 Bourne1 Bourne2 
Environment Agency 
WQ site 
SW-
50250291 
SW-
C0235000 
SW-
50220284 
SW-
50250634 
SW-
50240461 
SW-
50240226 
SW-
50240116 
pH 7.88 8.09 8.07 8.33 8.22 7.84 8.05 
Conductivity (µs/cm) 551 496.25 507.85 455.49 580.17 535.97 551.25 
Dissolved oxygen (% 
saturation) 95.57 95.28 94.08 103.73 105.34 NA 98.75 
Nitrates (mg/l) 7.04 4.40 5.53 6.31 5.89 7.29 7.63 
Orthophosphate 
(reactive) (mg/l) 0.05 0.16 0.12 0.09 0.16 NA 0.05 
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Figure 6.1 – The location of the chapter study sites within the Hampshire Avon. Square within the inset 
= study region, dashed line = Hampshire Avon catchment boundary (Source: Centre for Ecology and 
Hydrology, 2016) and circles = sampling sites. Dark grey = ‘highly productive aquifer’, light grey = 
‘moderately productive aquifer’ and white = ‘low productivity aquifer’ or ‘rocks with essentially no 
groundwater’ (for classification, see BGS, 2018).  
6.2.2) Data collection 
6.2.2.1) Defining habitat groups 
Three ‘habitat groups’ (HGs) were established based on their prevalence over a 50m reach for each of 
the study sites. Two HGs comprised different sedimentological characteristics which were present 
across all study sites - (i) coarse substrates and (ii) fine sediments. Coarse substrates included bare 
mineralogical coverings dominated by gravel and/or cobble sized substrates (between 2-64mm – Kemp 
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et al., 1999), while fine sediment habitats incorporated sand and silts sized particles (<2mm), often 
deposited between macrophyte stands growing in the river margins (e.g. Apium nodiflorum, Callitriche 
sp., Sparganium erectum). The third HG comprised (iii) Ranunculus sp., a fine-leaved, submerged 
macrophyte which is widespread within many calcareous rivers (Westwood et al., 2006). It is typically 
located in central areas of channel cross-sections conveying higher flow velocities (Westwood et al., 
2006). Ranunculus sp. has been shown to support diverse invertebrate communities and is a key refuge 
for faunal assemblages during extreme hydrological conditions (Bickerton et al., 1993; Wright and 
Symes, 1999). Ranunculus sp. was sampled within five of the eight study sites.  
6.2.2.2) Macroinvertebrate data 
Field sampling was undertaken during spring (May), summer (July), autumn (October) 2015 and winter 
(January) 2016, although high river levels prohibited sampling at one site along the R. Nadder during 
winter 2016. Invertebrate samples were collected using a Surber sampler (0.03m2, 250-µm mesh size), 
disturbing the sediment and/or plant material (at the base of the Ranunculus sp. bed where leaves are 
most highly concentrated) for 15-seconds for each sample. Three replicate samples were collected from 
each HG present within each study site across all sampling occasions (n = 237; 48-69 samples taken 
from each river - which varied depending on the presence of Ranunculus sp. between study sites and 
seasons). Invertebrates were sampled from separate HG patches positioned as far away as possible 
within each study site (spanning a 50-metre reach). A total of 93 samples were collected from both 
coarse substrates and fine sediments, while 51 samples were taken from Ranunculus sp. All samples 
were preserved using 4% formaldehyde solution in the field prior to being processed and stored within 
70% industrial methylated spirit in the laboratory. Specimens were identified to lowest possible 
taxonomic level (typically species or sometimes genus), but in some cases taxa were resolved to family 
level (primarily Diptera larvae); while Hydracarina, Oligochaeta (class), Ostracoda (subclass) and 
Collembola (order) were identified as such.  
6.2.2.3) Flow data 
For local point-flow velocities, a 30-second averaged reading was taken immediately adjacent to each 
macroinvertebrate sample at 60% of the channel depth using a Valeport Electromagnetic Current Meter. 
From this, the Froude number was calculated (Table 6.2) to enable a direct comparison of hydraulic 
measurements across different reaches and seasons, as well as being internationally recognised for its 
ecological importance (see Turner and Stewardson, 2014). Each sampling site was spatially matched to 
a stream cell from the Wessex Basin groundwater model, with historic discharges (i.e. hydrological 
variability) and anthropogenic flow alterations being obtained for 1-year prior to the date of each 
macroinvertebrate sample (see Chapter 3.3). An incorrectly modelled 10-day drying event on the R. 
Wylye 1 (Figure 6.1) during September 2015 was excluded from the derivation of hydrological indices 
(see below), with a nearby upstream flow gauge (positioned c. 3km from the R. Wylye 1) indicating 
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that perennial flow conditions occurred throughout the study period (Centre for Ecology and Hydrology, 
2017) and the river is known to dry longitudinally downstream from the headwaters (see Chapter 5).    
Table 6.2 – Hydrological (Q), anthropogenic flow alteration (AF) and hydraulic indices included within 
the final analyses of this chapter.  
Index Flow control type Description 
QMay Hydrological (m3s-1) Mean average discharge in May 
QJulianMin Hydrological (m3s-1) Julian day of the minimum discharge occurrence.  
QMax30 Hydrological (m3s-1) Maximum discharge in the 30-days prior to sampling.  
QMin30 Hydrological (m3s-1) Minimum discharge in the 30-days prior to sampling.  
QMin90 Hydrological (m3s-1) Minimum discharge in the 90-days prior to sampling.  
AFMay Anthropogenic flow alteration (%) The average flow alteration in May.  
AFJul Anthropogenic flow alteration (%) The average flow alteration in July.  
AFJulianMin Anthropogenic flow alteration (%) Julian day of the minimum percentage modified discharge.  
AFLPD Anthropogenic flow alteration (%) The average duration that flow alterations <75th percentile. 
AbMax7 Anthropogenic flow alteration (%) Maximum flow alteration in the 7-days prior to sampling.  
Froude Hydraulic The ratio between kinetic and gravitational forces within the 
water column.  
Fr = ν /√gD. ν = average velocity (ms-1); g = gravitational 
acceleration (ms-2) and D = sample depth (m).  
  
6.2.3) Data analysis 
6.2.3.1) Flow indices 
Given that some hydrological indices have proven to be heavily influenced by the river catchment size 
(Monk et al., 2006), historic discharge time series from each study site were transformed to z-scores. 
As anthropogenic flow alterations are dimensionless (the percentage difference between naturalised and 
historic discharges – see Chapter 3.2), these were not transformed. Subsequently, 47 flow indices were 
calculated which characterised different aspects of the historic discharge (hydrological - ‘Q’) and 
anthropogenic flow alteration (‘AF’) time series (94 indices in total – see Appendix D) in the year prior 
to each sampling event. Flow indices dominated by a single value (>50%) or possessing a lack of unique 
values (n<10) were excluded from subsequent analyses (13 in total, leaving 81 Q and AF indices 
examined within this chapter – see Appendix D) 
Separate ‘Principal Component Analyses’ (PCAs) were performed on Q and AF indices. Subsequently, 
the dominant 25 Q and AF indices (50 in total) were derived following the data redundancy procedure 
outlined by Olden and Poff (2003) and Monk et al (2007b), which incorporates the variation explained 
by different PCA axes and the loadings of all indices on each axis. This procedure accounts for the 
major sources of statistical variation and minimises redundancy between hydrological indices. To 
account for collinearity, ‘Variation Inflation Factors’ (VIFs) were then calculated for the 50 Q and AF 
indices, as well as 2 hydraulic controls (mean velocity and Froude number), with variables being 
iteratively removed until all VIFs were below 3 (Zuur et al., 2010). The final set of indices used in the 
analysis is presented in Table 6.2.  
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6.2.3.2) Community response metrics 
This chapter examines various community response metrics characterising the structure and function of 
faunal assemblages (see Chapter 3.4). The ‘community abundance’, taxonomic richness (TaxRic), 
Simpson’s diversity index (TaxDiv), ‘Berger-Parker’ index and percentage of Ephemeroptera, 
Plecoptera and Trichoptera taxa (%EPT) were examined to characterise the structural characteristics of 
macroinvertebrate community samples. Functional diversity metrics utilised within this chapter were 
derived from taxa resolved to an equal or lower taxonomic resolution of taxa recorded within the 
European traits database (see Chapter 3.4). In total, 63 functional traits characterising the biological 
properties of macroinvertebrates were utilised (see Table 3.1). Standardised trait values (see Figure 3.2) 
were used to calculate the functional richness ‘FRic’ and functional evenness ‘FEve’ of 
macroinvertebrate communities via the dbFD function in the ‘FD’ package (Laliberté et al., 2015), 
using a Bray-Curtis dissimilarity matrix. FRic characterises the volume of functional space occupied 
by macroinvertebrate communities and FEve describes the regularity of abundances within this 
functional space (Villéger et al., 2008). Multivariate functional trait compositions were derived from 
standardised values within a trait × abundance array (see Figure 3.2) and were examined in addition to 
taxonomic compositions (community abundances; see Chapter 3.4).  
6.2.3.3) Analytical framework 
The following statistical analyses are reported in three subsections corresponding to each of the chapter 
aims. An analytical framework for this is presented schematically in Fig. 6.2.  
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Figure 6.2 – A flow chart outlining the analytical framework adopted within this chapter. Dashed lines = 1st chapter aim, grey lines = 2nd chapter aim and solid black lines = 3rd 
chapter aim. The nomenclature for different sets of statistical models is outlined in apostrophes.  
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6.2.3.3.1) Habitat groups and environmental controls on macroinvertebrate communities 
‘Global’ statistical models were constructed which examined the additive effects of each river and 
season, HG, Q and AF indices, as well as the Froude number (see Table 6.2). The three replicate samples 
from each HG within each study site were pooled to test for multivariate differences in the taxonomic 
and functional trait compositions of macroinvertebrate communities. This was tested via a 
‘Permutational Analysis of Variance’ (PERMANOVA) using the ‘adonis’ function in the Vegan 
package (Oksanen et al., 2018) and pairwise PERMANOVAs were used to test how communities 
differed between each paired combination of HGs. ‘Principal Coordinate Analysis’ (PCoA) plots were 
constructed using a Bray-Curtis dissimilarity index to visualise community differences between HGs. 
PCoA was performed using the ‘cmdscale’ function and displayed using the ‘ordispider’ function (both 
in Vegan).  
The response of each of the seven community response metrics were examined in global ‘Linear Mixed-
effect Models’ (LMMs) using the ‘lmer’ function in the lme4 package (Bates et al., 2017). For the 
global LMMs, the additive influences of all environmental controls (see above) were examined as fixed-
effects. The following procedures were adopted for the global LMMs and were applied to all LMMs 
used throughout the chapter: (i) all flow controls (Q, AF indices and Froude number) were scaled (i.e. 
z-scores calculated) to aid model convergence (Bolker et al., 2009); (ii) river and season were used as 
random effects to account for a potential lack of spatial and temporal independence between samples; 
(iii) random intercept models were fitted using a maximum-likelihood approximation; (iv) Quantile-
Quantile plots were inspected to ensure that model residuals were normally distributed, while fitted 
values were plotted against Pearson residuals to examine the homogeneity of variances and identify 
outliers (Bolker et al., 2009; a maximum of six data points were removed from each LMM); (v) the 
community abundance of each sample was log(x) transformed to satisfy model assumptions; (vi) the 
significance of all LMMs were obtained via likelihood-ratio tests and (vii) the statistical variation 
explained by the fixed-effects within each LMM was examined through marginal pseudo r-squared 
values (r2m; see Nakagawa and Schielzeth, 2013) obtained from the ‘r2beta’ function in the r2glmm 
package (Jaeger, 2017). Differences in response metrics values between HGs were graphically 
presented using the ggplot2 package (Wickman and Chang, 2016).  
6.2.3.1.2) Separating the influence of each set of flow controls on instream communities 
To quantify the influence of each group of flow-related controls (Q, AF indices and the Froude number 
- see Figure 6.2) on macroinvertebrate communities, six sets of statistical models were prepared (each 
consisting of seven LMMs testing each community diversity response metric as a dependent variable). 
The six sets of LMMs make up three statistical ‘pairs’, with each pair testing the influence of each 
specific flow control (Q, AF indices and Froude), both with and without the influence of HG. For this, 
the first set of LMMs were constructed so the additive influences of Q indices (identified from the PCA 
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and vif procedure, see above; i.e. ‘flow-ecology’ relationships) were used as fixed effects; with the 
second set comprising LMMs testing the interaction between the same Q indices and HG (‘HG.flow-
ecology’); these two LMMs sets thus represented the first statistical ‘pair’. This process was repeated 
by replacing the Q with AF indices (pair 2 – ‘flow alteration-ecology’ and ‘HG.flow alteration-
ecology’) and the Froude number (pair 3; see Figure 6.2). As such, statistical differences between 
respective LMMs (i.e. testing the same dependent variable) within each set comprising each pair tested 
whether the influence of different flow controls varied as a function of HG. These statistical 
comparisons were conducted through multiple lines of statistical evidence: (i) likelihood ratio tests were 
performed to test if models differed significantly; (ii) the amount of statistical variation explained by 
LMMs were derived from r2m values and (iii) the statistical likelihood of the model was determined by 
comparing ‘Akaike Information Criterion’ (AIC) values. When comparing LMMs, ∆AIC ≥2 indicated 
a difference in the statistical likelihood of the two models, which provides a greater understanding of 
whether the inclusion of a HG interaction term improved the model fit (specifically given its penalising 
function associated with a greater number of explanatory variables).  
6.2.3.1.3) Community responses to optimal flow-related controls  
Seven LMMs were constructed that examined each community response metric (dependent variable) 
against the additive influences of 11 flow indices (identified through the PCA and vif procedure - Q, 
AF indices and Froude number; used as fixed-effects). Subsequently, a backwards stepwise procedure 
was performed via the ‘step’ function in the lmerTest package (Kuznetsova et al., 2017) to identify the 
significant fixed-effects comprising each LMM. For this, the significant α level (0.05) was adjusted via 
the Bonferroni correction to prevent overfitting models. ‘Optimal’ LMMs were then constructed which 
comprised the additive influences of statistically significant indices (identified from the stepwise 
procedure) as fixed-effects. Subsequently, ‘HG.optimal’ LMMs were constructed that examined the 
interaction between HG and the flow indices used as fixed-effects within each Optimal LMM. The 
statistical significance (likelihood ratio tests), explanatory power (r2m) and statistical likelihood (AIC) 
of all optimal and HG.optimal LMMs was quantified and compared and these were also calculated for 
each individual fixed-effect. For this, the statistical variation explained by each fixed-effect was 
quantified by semi-partial r2m values (obtained via the r2beta function) and their significance was 
obtained from the ‘anova’ function in lmerTest. Graphics displaying the responses of the most sensitive 
metrics to individual flow indices within the HG.optimal LMMs were prepared using the ‘effects’ 
package (Fox et al., 2017).  
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6.3) Results  
6.3.1) Hydrological variability and anthropogenic flow alterations 
All of the rivers studied displayed seasonally consistent changes in hydrological variability, with peak 
flows occurring during winter to spring, before declining across the summer and autumn months (Figure 
6.3; although this was least evident for Nadder 1 – see Figure 6.3c). The rivers Ebble (Figures 6.3a and 
6.3b) and Bourne (Figures 6.3g and 6.3h) exhibited the most stable hydrological regimes. 
Anthropogenic flow alterations within the Ebble deviated marginally from 0 (-2.89% to 3.89%), but the 
Bourne exhibited greater anthropogenic reductions in discharge (-13.14% to -0.43%). The Nadder 
displayed the flashiest flow regime (Figures 6.3c and 6.3d), with anthropogenic flow alterations 
fluctuating marginally around 0 (-0.59% to 0.83%) in Nadder 1, while Nadder 2 exhibited small net 
reductions in discharge from groundwater abstraction (-4.35% to 0%). The Wylye exhibited a 
seasonally consistent flow regime, although displayed some short-term (daily to weekly) spikes in 
discharges (Figs. 6.3e and 6.3f) relative to the Ebble and Bourne. Anthropogenic flow alterations were 
most extreme within the Wylye (-48.33% to 9.16%) compared to other rivers.  
The PCA of historic discharge (Q) indices accounted for 38.29% and 23.05% of the statistical variance 
in the 1st and 2nd PCA axes, respectively. The 25 Q indices were subsequently derived from PCA axes 
1-6 which explained 97.40% of the total statistical variation. The PCA of anthropogenic flow alteration 
(AF) indices accounted for 54.74% and 22.06% of the statistical variation in the 1st and 2nd PCA axes, 
respectively. Subsequently, 25 AF indices were derived from PCA axes 1-7 which accounted for 
98.15% of the statistical variation. After VIFs were calculated to check for collinearity, 11 indices (5 Q 
and AF indices, as well as Froude number) were utilised in subsequent analyses (Table 6.2).  
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d)  
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e)  
 
f)  
 
g)  
 
h)  
 
Figure 6.3 - Historic discharge (black) and anthropogenic flow alteration (grey) time series at each 
study site: (a) Ebble 1; (b) Ebble 2; (c) Nadder 1; (d) Nadder 2; (e) Wylye 1; (f) Wylye 2; (g) Bourne 1 
and (h) Bourne 2.  
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6.3.2) Macroinvertebrate community responses 
The following results within this chapter are divided into three sub-sections, which correspond directly 
to the three chapter aims (see Chapter 6.1 and Figure 6.2).  
6.3.2.1) Community differences between habitat groups 
A ‘global’ PERMANOVA indicated that taxonomic (F = 11.45, p ≤ 0.001) and functional trait (F = 
12.49, p ≤ 0.001) compositions differed significantly between HGs; each explaining 19% (r2 = 0.19) of 
the total statistical variation which was higher than any other tested independent variable (Table 6.3). 
All global LMMs were highly significant (p ≤ 0.001) and accounted for 23%-63% (r2m = 0.23-0.63) of 
the total statistical variation (see Table 6.4).  
Table 6.3 – Permutational multivariate analysis of variance (PERMANOVA) outputs testing the 
influence of various environmental controls on macroinvertebrate taxonomic and functional trait 
compositions. Stars indicate model significance: * = p<0.05; **= p<0.01; ***= p<0.001; NS = non-
significant.  
 
Variable 
Taxonomic compositions Functional trait compositions 
r2 F value p-value r2 F value p-value 
HG 0.19 11.45 0.001*** 0.19 12.49 0.001*** 
Season 0.11 4.66 0.001*** 0.16 7.09 0.001*** 
River 0.11 4.48 0.001*** 0.10 4.66 0.001*** 
AFMay 0.02 2.71 0.008** 0.02 2.55 0.031* 
Froude 0.01 1.79 0.071(NS) 0.02 2.50 0.040* 
QMay 0.01 1.69 0.101(NS) 0.02 2.11 0.051(NS) 
QMin90 0.01 1.44 0.154(NS) 0.01 1.91 0.080(NS) 
AFJulianMin 0.01 1.32 0.210(NS) 0.01 1.15 0.307(NS) 
QJulianMin 0.01 1.22 0.244(NS) 0.01 1.10 0.333(NS) 
AFLPD 0.01 1.15 0.272(NS) 0.01 1.08 0.321(NS) 
AFMax7 0.01 0.84 0.573(NS) 0.01 0.88 0.473(NS) 
AFJul 0.01 0.68 0.730(NS) 0.00 0.56 0.727(NS) 
QMax30 0.01 0.66 0.753(NS) 0.00 0.50 0.783(NS) 
QMin30 0.00 0.33 0.983(NS) 0.00 0.45 0.847(NS) 
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 Abundance (r2m = 0.63;                                                                 
Χ2 = 178.12; p-value <0.001***) 
TaxRich (r 2m = 0.62;                                                                 
Χ2 = 190.68; p-value <0.001***) 
TaxDiv (r 2m = 0.24;                                                                 
Χ2 = 63.87; p-value <0.001***) 
  IV r2m IV r2m IV r2m 
  HG 0.23 HG 0.14 HG 0.09 
  Froude 0.06 Froude 0.10 QJulianMin 0.02 
  River 0.04 River 0.08 AFMay 0.02 
  Season 0.02 AFJulianMin 0.08 Season 0.01 
  AFMax7 0.02 QJulianMin 0.06 River 0.01 
  May 0.01 QMay 0.04 QMin30 0.01 
  AFJulianMin 0.01 AFMay 0.03 AFJulianMin 0.00 
  AFJul 0.01 AFJul 0.02 Froude 0.00 
  QMin90 0.01 AFMax7 0.02 QMay 0.00 
  AFMay 0.01 QMin90 0.02 QMax30 0.00 
  QJulianMin 0.00 AFLPD 0.02 QMin90 0.00 
  QMin30 0.00 QMax30 0.01 AFMax7 0.00 
  AFLPD 0.00 Season 0.01 AFJul 0.00 
  QMax30 0.00 QMin30 0.00 AFLPD 0.00 
Berger-Parker (r 2m = 0.23;                                                                 
Χ2 = 60.30; p-value <0.001***) 
%EPT (r 2m = 0.36;                                                             
Χ2 = 91.94; p-value <0.001***) 
FRic (r 2m = 0.46;                                                                 
Χ2 = 131.55; p-value <0.001***) 
FEve (r 2m = 0.50;                                                                 
Χ2 = 117.77; p-value <0.001***) 
IV r2m IV r2m IV r2m IV r2m 
HG 0.07 Froude 0.06 HG 0.21 River 0.19 
Season 0.04 River 0.05 QMay 0.04 HG 0.15 
QJulianMin 0.03 HG 0.03 Froude 0.02 QMax30 0.07 
AFMay 0.02 Season 0.03 AFMax7 0.02 AFMay 0.06 
QMax30 0.01 AFJulianMin 0.02 Season 0.01 Season 0.04 
QMin30 0.01 AFMax7 0.02 River 0.01 QMay 0.03 
River 0.01 QMay 0.02 AFJulianMin 0.01 QJulianMin 0.02 
QMay 0.01 AFJul 0.01 QJulianMin 0.01 QMin30 0.02 
AFJul 0.01 QJulianMin 0.01 AFMay 0.00 AFLPD 0.00 
Froude 0.00 AFMay 0.01 QMin30 0.00 AFJul 0.00 
AFMax7 0.00 QMin30 0.00 AFLPD 0.00 Froude 0.00 
AFJulianMin 0.00 AFLPD 0.00 QMax30 0.00 AFMax7 0.00 
AFLPD 0.00 QMax30 0.00 QMin90 0.00 QMin90 0.00 
QMin90 0.00 QMin90 0.00 AFJul 0.00 AFJulianMin 0.00 
Table 6.4 – Linear mixed-effect 
model (LMM) outputs testing the 
influence of various 
environmental controls on 
different community diversity 
response metrics.  
IV = Independent variable.  
Stars indicate model 
significance : * = p<0.05; ** = 
p<0.01; *** = p<0.001. NS = 
non-significant. 
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A PCoA plot indicated that each HG supported distinct macroinvertebrate taxonomic (Fig. 6.4a) and 
functional trait compositions (Fig. 6.4b), although the latter displayed a greater degree of overlap 
between ‘Ranunculus sp.’ and ‘coarse substrates’. Pairwise PERMANOVAs indicated that taxonomic 
and functional trait compositions differed significantly between all HG pairs (all p-values ≤ 0.001); with 
greater amounts of statistical variation being accounted for when comparing taxonomic compositions 
supported by ‘Ranunculus sp.’ versus ‘coarse substrate’ (r2 = 0.19; F = 11.08) and ‘fine’ (r2 = 0.24; F = 
14.59) HGs, compared to coarse versus fine sediments (r2 = 0.12; F = 8.11). Coarse substrates and 
Ranunculus sp. supported the most comparable functional trait compositions (r2 = 0.06; F = 2.73), with 
greater functional differences occurring between fine sediments versus coarse substrates (r2 = 0.17; F = 
12.19) and Ranunculus sp. (r2 = 0.17; F = 9.67). All community responses metrics differed significantly 
between HGs. Ranunculus sp. supported greater community abundances (Fig.6.5a), TaxRic (Fig. 6.5b), 
%EPT (Fig, 6.5e) and FRic (Fig. 6.5f) values. TaxDiv was highest within coarse substrates (Fig. 6.5c), 
while fine sediments supported communities characterised by a higher structural dominance (Berger-
Parker index - Fig. 6.5d), but a greater functional evenness (FEve – Fig. 6.5g).  
a) 
 
b) 
 
 
Figure 6.4 – Principal Coordinates Analysis (PCoA) plot of macroinvertebrate communities for habitat 
groups representing (a) taxonomic and (b) functional trait compositions. Dark blue = Fine sediments; 
light blue = coarse substrates and green = ‘Ranunculus sp.’. 
 
 
 
 
 
119 
 
a) 
 
b)  
 
c)  
 
d) 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
120 
 
e)  
 
f) 
 
g) 
  
 
 
Figure 6.5 – Average (±1 standard error) values for macroinvertebrate response metrics between 
different Habitat Groups (HGs). (a) Community abundance; (b) TaxRic; (c) TaxDiv; (d) ‘Berger-
Parker’ index; (e) %EPT; (f) FRic and (g) FEve. Model summaries were obtained from ‘Global’ linear 
mixed-effect models. Dark blue = Fine sediments; light blue = coarse substrates and green = 
‘Ranunculus sp.’. 
6.3.2.2) Flow-ecology and flow alteration-ecology relationships 
Community response metrics were typically not sensitive to hydrological (Q) and anthropogenic flow 
alteration (AF) indices and only 3 significant associations were detected when a HG interaction term 
was not included (see Table 6.5). FEve responded most strongly to Q and AF indices, with its flow-
ecology (the additive influence of Q indices) and flow alteration-ecology models (the additive 
121 
 
influences of AF indices) accounting for 19% (r2m = 0.19) and 10% (r2m = 0.10) of the statistical 
variation, respectively. Incorporating a HG interaction with Q indices significantly improved model fits 
for 4 response metrics (community abundance, TaxDiv, FRic and FEve – although the statistical 
‘likelihood’ of TaxDiv did not improve, see Table 6.5), with their HG.flow-ecology models accounting 
for a greater amount of statistical variation compared to respective flow-ecology models in all instances 
(up to 23% - ∆r2m = 0.23 for FRic). HG.flow alteration-ecology models accounted for a greater amount 
of statistical variation in all instances compared to respective flow alteration-ecology models (up to 
34% - ∆r2m = 0.34 for community abundance), but only significantly improved model fits for 3 
community response metrics (community abundance, TaxRic and %EPT – although the statistical 
‘likelihood’ of the latter did not improve, see Table 6.5). The Froude number had a significant influence 
on all community diversity response metrics and results from this are presented in the following sub-
section to avoid repetition.  
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Table 6.5 - Macroinvertebrate community responses to the additive influence of hydrological (historic 
discharges - Q) variability and anthropogenic flow alteration (AF) indices (‘flow-ecology’ and ‘flow 
alteration-ecology’ models, respectively); and their interaction with HG (‘HG.flow-ecology’ and 
‘HG.flow alteration-ecology’ models, respectively). Shaded boxes highlight significant differences 
between each statistical ‘pair’, and when a HG interaction term produced a higher model r2m value and 
∆AICc units were ≤-2. See Chapter 6.2.3.1.2 for statistical model descriptions and nomenclature. Stars 
indicate model significance: * = p<0.05; ** = p<0.01; *** = p<0.001. NS = non-significant. 
 
 
 
 
 
Response Statistic 
Hydrological variability Anthropogenic flow alterations 
 Flow-ecology  HG.flow-ecology Difference 
  Flow 
alteration-
ecology 
HG.flow 
alteration-
ecology Difference 
Community 
abundance 
AIC 322.70 312.44 - 325.39 269.13 - 
r2m 0.06  0.15 - 0.03 0.37 - 
Χ2 4.36 34.63 30.26 1.67 77.93 76.26 
p-value 0.499(NS) 0.003** <0.001*** 0.893(NS) <0.001*** <0.001*** 
TaxRic 
AIC 1457.50 1465.00 - 1462.30 1458.90 - 
r2m 0.10 0.15 - 0.08 0.37 - 
Χ2 13.56 26.07 12.51 8.75 32.18 23.43 
p-value 0.019* 0.037* 0.252(NS) 0.119(NS) 0.006** 0.009** 
TaxDiv 
AIC 880.47 881.01 - 904.35 913.56 - 
r2m 0.04 0.12 - 0.01 0.05 - 
Χ2 9.10 28.56 19.46 1.36 12.15 10.79 
p-value 0.105(NS) 0.018* 0.035* 0.929(NS) 0.668(NS) 0.374(NS) 
Berger-
Parker 
index 
AIC -165.05 -155.67 - -143.17 -129.85 - 
r2m 0.03 0.08 - 0.01 0.04 - 
Χ2 7.48 18.10 10.63 1.99 8.67 6.68 
p-value 0.188(NS) 0.257(NS) 0.387(NS) 0.851(NS) 0.894(NS) 0.755(NS) 
%EPT 
AIC 1863.50 1871.00 - 1857.60 1857.10 - 
r2m 0.08 0.13 - 0.06 0.22 - 
Χ2 6.22 18.80 12.57 7.48 28.04 20.56 
p-value 0.285(NS) 0.223(NS) 0.249(NS) 0.187(NS) 0.021* 0.024* 
FRic 
AIC -668.30 -703.85 - -678.33 -667.80 - 
r2m 0.03 0.26 - 0.03 0.08 - 
Χ2 6.68 62.23 55.56 6.98 16.45 9.47 
p-value 0.246(NS) <0.001*** <0.001*** 0.222(NS) 0.353(NS) 0.488(NS) 
FEve 
AIC -393.45 -425.47 - -391.86 -386.52 - 
r2m 0.10 0.25 - 0.19 0.27 - 
Χ2 12.87 54.88 42.02 14.71 29.37 14.66 
p-value 0.025* <0.001*** <0.001*** 0.012* 0.014* 0.145(NS) 
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6.3.2.3) Optimal flow controls influences macroinvertebrate communities 
The backwards stepwise selection procedure demonstrated that all community response metrics were 
most significantly modelled using 1-4 indices. TaxRic was most responsive to flow-related controls, 
with its ‘optimal’ model accounting for 50% of the total statistical variation (r2m = 0.50), which 
increased by 4% within the ‘HG.optimal’ model (Table 6.6). Froude number was included within all 
optimal models and its individual effect accounted for a greater amount of statistical variation (6-38% 
- r2m = 0.06-0.38) compared to all other significant flow-related indices (Table 6.6). Community 
abundance and TaxRic both exhibited a positive correlation with Froude number across ‘coarse 
substrates’ and ‘Ranunculus sp.’ HGs, although this was less evident within ‘fine sediment’ habitats 
(Figures 6.6a and 6.6b). TaxDiv responded positively to Froude number within coarse substrates and 
fine sediments, but displayed a strong negative correlation within Ranunculus sp. (Figure 6.6c). FRic 
also exhibited a positive association with Froude number within sedimentological HGs, but did not 
display a clear directional change within Ranunculus sp. (Figure 6.6d). In total, 4 Q indices were 
incorporated within optimal models, although these individually only explained up to 9% of the 
statistical variation (r2m = 0.09). AF indices were included within 2 optimal LMMs when TaxRic and 
FEeve were modelled against AFJulianMin (the Julian day number when the minimum flow alteration 
occurred) and AFMay (the average flow alteration value in May), respectively. These statistical 
associations accounted for 9-20% (r2m = 0.09-0.20) of the total statistical variation (Table 6.6) and 
displayed negative correlations (Figures 6.6e and 6.6f). HG.optimal models significantly improved the 
statistical power compared to each respective optimal model in all instances (Table 6.6). The Froude 
number exhibited a significantly greater statistical influence when its interaction with HG was 
considered in all instances, but this was not detected for Q and AF indices incorporated within optimal 
models (Table 6.6).  
 
124 
 
Table 6.6 – Community responses to ‘optimal’ flow-related indices and their interaction with HG (HG.optimal). F = F-value obtained from anova, Χ2 derived from likelihood 
ratio tests for full models. Shaded boxes indicate HG.optimal models possessing higher r2m and ∆AICc values ≤-2 and differ significantly compared to respective optimal 
models. See Chapter 6.2.3.1.2 for statistical model descriptions and nomenclature. Stars indicate models significance: *p ≤ 0.05; **p ≤ 0.01; ***p ≤ 0.001; NS = non-significant.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Response 
Optimal and HG.optimal model summaries Difference 
Independent variables r2m AIC F / Χ2 p-value Χ2 p-value 
Abundance 
Froude 0.30 238.57 100.80 / 80.66 <0.001*** 
25.60 <0.001*** HG × Froude 0.34 216.73 45.52 / 106.26 <0.001*** 
TaxRic 
Froude 0.38 1344.50 148.07 <0.001*** 
23.66 <0.001*** HG × Froude 0.44 1324.80 61.47  <0.001*** 
AFJulianMin 0.20 1423.70 17.58 <0.001***   
HG × AFJulianMin 0.19 1426.10 8.35 <0.001*** 1.55 0.460(NS) 
QMax30 0.08 1428.00 20.52 <0.001***   
HG × QMax30 0.07 1425.30 6.16 <0.001*** 6.67 0.036* 
QJulianMin 0.04 1423.50 8.28 0.004** 
2.81 0.246(NS) HG ×  QJulianMin 0.06 1424.70 5.09 0.002** 
Froude + AFJulianMin+QMax30+QJulianMin 0.50 1310.80 123.45 <0.001*** 
32.70 
 
HG × (Froude + AFJulianMin+QMax30+QJulianMin) 0.54 1294.10 156.16 <0.001*** <0.001*** 
TaxDiv Froude 0.11 850.23 26.86 / 25.38 <0.001*** 
18.29 <0.001*** HG × Froude 0.17 835.93 16.03 / 43.68 <0.001*** 
Berger-Parker Froude 0.06 -172.03 14.39 / 13.83 <0.001*** 
16.30 <0.001*** HG × Froude 0.12 -184.33 10.73 / 30.12 <0.001*** 
%EPT 
Froude 0.11 1893.00 28.28 / 24.23 <0.001*** 
15.83 <0.001*** HG × Froude 0.15 1881.20 15.22 / 40.07 <0.001*** 
FRic 
Froude 0.24 -718.49 66.94 <0.001*** 
54.83 <0.001*** HG × Froude 0.39 -769.32 45.64 <0.001*** 
QMax30 0.05 -671.13 10.41  0.001** 
0.74 0.692(NS) HG × QMax30 0.02 -667.86 1.32 0.270(NS) 
Froude + QMax30 0.24 -726.65 57.64 <0.001*** 
48.58 <0.001*** 
HG × (Froude + QMax30 0.39 -767.23 106.22 <0.001*** 
 
FEve 
Froude 0.10 -413.37 25.65 <0.001*** 
20.39 <0.001*** HG × Froude 0.15 -429.76 14.73 <0.001*** 
QMax30 0.09 -405.16 18.25 <0.001*** 
1.59 0.453(NS) HG × QMax30 0.07 -402.75 5.01 0.003** 
AFMay 0.09 -405.46 10.81 0.001** 
0.94 0.625(NS) HG × AFMay 0.10 -402.40 4.06 0.008** 
Froude + QMax30 + AFMay 0.20 -433.18 39.81 <0.001*** 
19.51 0.003** HG × ( Froude + QMax30 + AFMay) 0.25 -440.69 59.32 <0.001*** 
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e)  
 
f)  
 
Figure 6.6 – Associations between community response metrics and flow-related indices across 
different HGs, with the 95% confidence intervals derived from linear mixed-effect models (LMMs) 
displayed. (a) Community abundance versus Froude; (b) TaxRic versus Froude; (c) TaxDiv versus 
Froude; (d) FRic versus Froude; (e) TaxRic versus AFJulianMin and (f) FEve versus AFMay. Dark 
blue = Fine sediments; light blue = coarse substrates and green = ‘Ranunculus sp.’ (these lines are 
dashed to aid visual interpretation).  
6.4) Discussion  
6.4.1) Hydrological variability and anthropogenic flow alterations 
Research undertaken within this chapter aimed to quantify how macroinvertebrate communities 
inhabiting distinct lotic habitats responded to three sets of flow-related controls: hydrological variability 
(derived from historic discharge time-series); anthropogenic flow alterations (daily percentage of 
discharge removed or added to the river) and hydraulic conditions. Findings from this chapter 
highlighted hydrological differences between the watercourses examined. This is primarily associated 
with geological controls that affect the responsiveness of the flow regime within the catchment (Bower 
et al., 2004; Laizé and Hannah, 2010), with clay lithologies facilitating quicker hydrological responses 
to rainfall within specific sub-catchments (Heppell et al., 2017). In addition, significant variations in 
anthropogenic flow alterations occurred between rivers due to differences in water resource 
management operations implemented along each watercourse. This ranged from sites displaying 
reduced discharges due to groundwater abstraction, through to those exhibiting artificially elevated 
discharges because of low-flow alleviation schemes and effluent water returns.  
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6.4.2) Habitat controls on macroinvertebrate communities 
Results from this chapter highlighted that three ‘habitat groups’ (HGs - coarse substrates, fine sediments 
and a fine-leaved macrophyte ‘Ranunculus sp.’) supported distinct taxonomic and functional trait 
community compositions, in keeping with previous research examining the structure and function of 
faunal assemblages supported by different lotic biotopes (Demars et al., 2012; White et al., 2017). 
Ranunculus sp. supported the highest number of individuals (community abundance), as well as the 
greatest functional and taxonomic richness (particularly species within Ephemeroptera, Plecoptera and 
Trichoptera orders) compared to other HGs. This reflects the high number of ecological functions 
Ranunculus sp. provides for instream fauna, including the provision of cover from predators, a habitat 
to lay eggs and attach egg sacks to, or a platform from which fauna can consume food resources (Pardo 
and Armitage, 1997; Wharton et al., 2006; White et al., 2017). However, coarse substrates displayed 
the highest taxonomic diversity, suggesting that this HG supports faunal communities possessing a 
higher structural evenness compared to Ranunculus sp, as reported by Tickner et al (2000). Higher FEve 
values within fine sediments, which are regularly readily displaced in lotic environments, indirectly 
contradicts previous findings highlighting that FEve decreases with higher disturbance frequencies (e.g. 
Schriever et al., 2015; Barnum et al., 2017). The more even distribution of species across functional 
trait space (depicted by higher FEve values) within fine sediments suggests that the loss of taxa (TaxRic) 
within this HG occurred randomly, rather than clusters of taxa exhibiting comparable functional niches 
being extirpated (Barnum et al., 2017). Larsen and Ormerod (2014) highlighted that fine sediment 
deposition led to the random co-occurrence of species as biotic interactions weakened. Such ecological 
and community demographical processes could explain the higher FEve values occurring within fine 
sediments in the present study.  
6.4.3) Community responses to hydrological controls and anthropogenic flow 
alterations 
Macroinvertebrate communities were largely unresponsive to the antecedent hydrological (discharge) 
variability when habitat-scale influences were not accounted for, with such ‘flow-ecology’ relationships 
accounting low amounts of statistical variation (<10%), as reported in previous studies (e.g. Worrall et 
al., 2014; Booker et al., 2015). However, flow-ecology relationships were stronger when incorporating 
their interaction with HG, which improved significantly when examining the total community 
abundance and functional trait metrics (FRic and FEve). This highlights that the influence of 
hydrological controls on community abundances and function of macroinvertebrate communities 
differs between biotopes, which has significant implications for the wider food chain (Power et al., 
2008; Ledger et al., 2013; Greenwood and Booker, 2015). Similarly, community abundance and 
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taxonomic richness responses to anthropogenic flow alteration indices (i.e. ‘flow alteration-ecology’ 
relationships) were stronger when considering their interaction with HGs. These ‘HG.flow alteration-
ecology’ relationships accounted for much higher proportions of statistical variation (37%) compared 
to the influence of anthropogenic flow alteration indices alone (3-8%). This indicates the structural 
responses of macroinvertebrate communities to anthropogenic flow alterations differ between habitats. 
Other studies have reported comparable findings, with taxonomic compositions supported by certain 
habitats being more sensitive to flow alterations, including marginal habitats (as these regularly become 
disconnected from the channel - Storey and Lyanas, 2007) and riffles (due to the loss of rheophilic taxa 
- Brooks and Chessman, 2011). Conversely, Bradley et al (2017) reported that instream community 
responses to groundwater abstraction influences did not differ between substrate size classes, in direct 
contrast to the findings of this study. Variable ecological responses to indices characterising 
anthropogenic flow alterations have been reported at global (e.g. Poff and Zimmerman, 2010), national 
(e.g. Mims and Olden, 2013), regional (e.g. Chen and Olden, 2017b) and even system-specific scales 
(Thompson et al., 2017). Findings from this chapter highlighted differences in flow alteration-ecology 
relationships between distinct habitats, thus highlighting the need to consider differences in flow 
alteration-ecology relationships across small spatial scales than historically considered within e-flow 
frameworks (e.g. ‘habitat simulation’ methodologies – see Chapter 2.4).  
6.4.4) Optimal flow controls shaping faunal assemblages 
This research highlights that local instream hydraulic forces (characterised by the Froude number) 
exerted a greater influence on instream communities compared to indices depicting hydrological and 
flow alteration variability. This can be explained by the Froude number characterising the hydraulic 
forces exposed to biotic communities at the point of sampling. This indicates that community responses 
to flow velocities could provide a greater understanding of how flow controls are shaping instream 
communities compared to the use of discharge statistics alone, which could underpin e-flow strategy 
development (Lamouroux and Jowett, 2005; Turner and Stewardson, 2014; Monk et al., 2017). For 
example, Lamouroux et al (2015) utilised a hydraulic habitat model to reliably predict changes in fish 
populations to a rehabilitated flow regime. This study also demonstrated that macroinvertebrate 
community responses to hydraulic forces (Froude number) differed between HGs, highlighting how 
specific mineralogical and organic habitat patches mediate how individual taxa and faunal assemblages 
interact with hydraulic controls. For example, Ranunculus sp. is typically located in channel areas 
exhibiting high flow velocities which deliver large quantities of detritus between the porous plant 
stands. This provides abundant food resources to organisms living between the plant strands and an 
ideal habitat for filter-feeding invertebrates (Wharton et al., 2006).  
Findings from this chapter demonstrated that community abundances and taxonomic richness exhibited 
a positive correlation with Froude number within patches of coarse substrates and Ranunculus sp. This 
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probably reflects a greater number of rheophilic taxa residing within these habitats that benefit from 
higher flow velocities (Extence et al., 1999). In contrast, taxonomic diversity strongly decreased with 
higher Froude number values across Ranunculus sp. patches, suggesting that specific hydraulic 
properties between plant strands facilitated the dominance of certain taxa (such as rheophilic, filter-
feeding invertebrates – Wharton et al., 2006; White et al., 2017), which reduced the overall structural 
evenness of biotic communities. The functional richness of faunal assemblages did not exhibit a clear 
directional response with the Froude number within Ranunculus sp. patches, but yielded strong positive 
correlations across coarse substrates and fine sediments. This probably reflects a strong degree of 
functional redundancy of biotic communities within Ranunculus sp. patches, which suggests a higher 
resilience to flow-related stresses (Schriever et al., 2015).  
The Julian day when the minimum flow alteration value occurred (AFJulianMin – i.e. when 
groundwater abstraction reduces river discharges most severely) and the average flow alteration value 
in May (AFMay) were included within optimal models testing the taxonomic richness and functional 
evenness (dependent variables), respectively. The former was underpinned by a reduction in the number 
of taxa sampled during the summer months, which represents a crucial time period whereby high 
societal water demands coincide with natural low-flow pressures (Wessex Water, 2014; van Loon et 
al., 2016). However, the taxonomic richness of macroinvertebrate communities is often naturally 
suppressed during summer months when many aquatic insect species emerge as adults (Dobrin and 
Giberson, 2003; Hill et al., 2016) and therefore may not necessarily reflect the underlying causal 
mechanism of community change (Lancaster and Downes, 2010; Acreman et al., 2014). The negative 
correlation between the functional evenness of macroinvertebrate communities and anthropogenic flow 
alterations during May highlights potential positive ecological benefits during a critical time period for 
various aquatic fauna at the end of the spring season. This could include a greater availability of rocks 
protruding above the surface targeted for oviposition sites (Peckarsky et al, 2000; Lancaster et al., 
2010). Alternatively, a greater area of slow-flowing or lentic conditions within the river channel could 
facilitate the cohabitation of fauna possessing a wider range of velocity niches (Hill and Milner, 2018). 
Such trends could also reflect increased fine sediment deposition associated with higher groundwater 
abstraction influences which allowed taxa possessing specific resistance and resilience mechanisms to 
proliferate (Buendia et al., 2013), which is in keeping differences in functional evenness between HGs 
found within this chapter. However, such ecological trends may also indicate groundwater abstraction 
reducing flow volumes and hence the wetted perimeter of river channels. Subsequent concentrations of 
aquatic biota will increase the densities of macroinvertebrate communities (as reported by Dewson et 
al., 2007b). 
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6.5 Summary 
Establishing statistical associations between specific flow descriptors and ecological responses (i.e. 
‘flow-ecology’ relationships) at the habitat-scale can provide a greater understanding of the causal 
mechanisms shaping biotic communities, which can be used to guide the development of environmental 
flows. This chapter examined how the structure and function of macroinvertebrate communities 
responded to three sets of river flow-related controls: (i) hydrological (discharge) variability; (ii) 
anthropogenic flow alterations (daily percentage of discharge removed or added by human activity) and 
(iii) local hydraulic influences (characterised by the Froude number). How these flow-related controls 
influenced instream communities between distinct lotic habitat groups (HGs – comprising patches of 
different mineralogical coverings and organic habitats) was statistically examined. Findings from this 
chapter highlighted that specific HGs supported distinct taxonomic and functional properties. Faunal 
assemblages were largely insensitive to hydrological controls and anthropogenic flow alterations 
compared to hydraulic conditions. This highlights that ‘real time’ flow forces experienced by 
communities at the habitat-scale exert a greater ecological influence compared to indices derived from 
antecedent hydrological legacies. The interaction between HGs and Froude number significantly 
influenced faunal assemblages, demonstrating that local habitat conditions modify how biotic 
compositions respond to hydraulic controls. This can be attributed to habitats supporting distinct 
communities that respond differently to flow velocity forces and/or providing unique ecological 
functions that alter how biota interact with local hydraulic controls. While various environmental flow 
methodologies examine ecological responses to flow properties within habitats defined by depth-
velocity relationships (such as within ‘habitat simulation’ techniques), smaller-scale habitat patches 
(e.g. variable substrate size classes, macrophyte stands) are often neglected.  Such features could be 
explored to form the base of hierarchical, spatial-scale environmental flow methodologies.  
Across coarser spatial scales, it is now widely recognised that environmental flow strategies should be 
considered across distinct regions (Arthington et al., 2006; Poff et al., 2010), thus incorporating 
multiple river basins possessing comparable natural features (e.g. climate, geology) and anthropogenic 
influences (e.g. water company operation boundaries). Long-term, region-wide flow-ecology 
relationships have been constructed within various studies to inform e-flow strategies on how riverine 
biota respond to hydrological variability (see Chapter 2.2). However, flow alteration-ecology 
relationships across such coarse spatial and temporal scales are limited, particularly for groundwater 
abstraction influences on lotic environments. The final research chapter (Chapter 7) addresses this 
research gap by combining long-term macroinvertebrate community data (1995-2016) with 
groundwater model outputs from different major river basins across the thesis study region.  
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Chapter 7.  Long-term, regional community 
responses to hydrological variability and 
anthropogenic flow alterations 
7.1 Introduction 
Establishing long-term flow-ecology relationships has been identified as a key scientific technique to 
help guide environmental flow (e-flow) methodological developments and help inform their 
implementation (see Chapter 2.2.3 and 2.8). Such research has been historically hindered by the absence 
of paired ecological and hydrological information, with long-term ecological datasets most frequently 
being the limiting data source (Poff et al., 2010; Davies et al., 2014; Wilby et al., 2017). Ecological 
data collected as part of long-term and routine biomonitoring programmes provides a valuable tool for 
examining inter-annual community responses to hydrological variability (Monk et al., 2008; Cuffney 
and Kennen, 2017; see Chapter 2.6). However, such information is typically collected from targeted 
sampling sites (typically easily accessible and characterised by specific habitats, such as riffles) along 
specific watercourses (e.g. those exposed to historic pollution events) and are not necessarily located 
close to flow gauging stations. For example, Monk et al (2006) targeted 289 biomonitoring sites (out 
of approximately 27,000 in the BIOSYS database - see Chapter 3.3) located <1km to a flow gauge, with 
71% of the sampling locations being subsequently removed due to numerous factors, including the 
presence of major hydrological alterations (e.g. regulated systems, major abstraction influences). As 
such, the application of hydrological models which can provide historic discharge time series across 
entire river networks overcomes the need for geographically simultaneous ecological and hydrological 
data and maximises the available information underpinning flow-ecology relationships (Poff et al., 
2010), as well as potentially accounting for anthropogenic flow alterations (see Chapter 3.3).  
Groundwater models can output accurate river discharge time series accounts for quantify natural and 
anthropogenic surface and subsurface hydrological processes, including the volume of groundwater 
abstraction (Sophocleous and Perkins, 2000; Heathcote et al., 2004; Soley et al., 2012a; 2012b; Streetly 
et al., 2014 - see Chapter 3.3). The long-term influence of groundwater abstraction on instream 
communities has seldom been explored to date due to complexities associated with matching subsurface 
hydrogeological processes with surface water ecosystems (see Chapter 2.5; notable exceptions being 
Bradley et al., 2014; 2017; Streetly et al., 2014). Groundwater abstraction practices can reduce stream 
discharges across various temporal and spatial scales depending on the abstraction (pumping) rate, the 
distance of the abstraction point from the waterbody and the transmissivity of the underlying aquifer 
(Gleeson and Richter, 2018). Gleeson et al (2012a) highlighted that environmental policies centred on 
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groundwater resources (typically 5-20 years) are temporally limited given the potential long-term 
residence time of groundwaters and proposed that frameworks should be established across ‘multi-
generational’ time-periods (50-100 years) to manage subterranean water resources.  
Societal demands for water typically peak during extreme drought periods when river discharges 
naturally fall below long-term average levels (van Loon et al., 2016). Given that extreme low-flow 
conditions (e.g. ‘supra-seasonal’ droughts – sensu Lake, 2003) can prevail for multiple years and are 
significantly exacerbated by anthropogenic water demands (Wada et al., 2013; van Loon et al., 2016), 
understanding the ecological implications of the natural and anthropogenic controls of extreme low-
flow events is vitally needed to guide environmental flow (e-flow) methodologies (Dewson et al., 
2007a; Gleeson and Richter, 2018). In addition, future climate change is projected to exacerbate extreme 
low- and high-flow events moreso in some global regions (e.g. Döll and Schmied, 2012; Arnell and 
Gosling, 2013), including the UK (Watts et al., 2015). Extreme hydrological events have been shown 
to exert long-lasting effects on instream biota across multiple years (Woodward et al., 2015; Chadd et 
al., 2017). As such, compiling and analysing regional biomonitoring data over long-term periods could 
identify key community responses to extreme low- and high-flow events which transcend the time-scale 
of most scientific studies. For example, Monk et al (2008) were able to use biomonitoring data to detect 
inter-annual changes (1990-2000) in macroinvertebrate communities across the UK and highlighted 
that significant drought and flood years yielded distinct faunal assemblages; similarly Booker and 
Greenwood (2015) utilised long-term macroinvertebrate data collected as part of routine ecological 
assessments to demonstrate community responses to flood events.  
This chapter examines the long-term (1995-2016) macroinvertebrate community responses to the 
antecedent hydrological variability (historic discharges) and anthropogenic flow alterations (addressing 
Objectives 2 and 5 of the thesis – see Section 1.4). The aims of this chapter are to quantify long-term 
structural and functional macroinvertebrate community responses to: (i) extreme low- and high-flow 
events and (ii) a suite of indices characterising historic discharge variability (Q) and anthropogenic flow 
alterations (AF). 
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7.2 Methodology 
7.2.1 Study area  
The focus of the current chapter is centred on groundwater dominated lotic systems (predominantly 
underlain by Cretaceous chalk) spanning across the Wiltshire, Hampshire and Dorset counties of 
England (see Chapter 3.1). In total, 65 groundwater abstraction points are operated across study region 
examined in this chapter. In addition, outflows from 102 effluent water returns and 5 low flow 
alleviation schemes (which utilise groundwater to augment discharges into select river reaches when 
they fall below a designated water volume) elevate river discharges during certain periods (typically 
during summer months); resulting in some river reaches conveying a greater discharge than would 
naturally occur (Figure 7.1). 
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Figure 7.1 – The study region of this chapter. a) The locations of all major water resource management activities and b) macroinvertebrate sampling site 
locations denoted by the average anthropogenic flow alteration exhibited across the study period (1995-2016).  
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7.2.2 Data collection 
7.2.2.1 Macroinvertebrate data 
Macroinvertebrate data was derived from databases collated by the Environment Agency (BIOSYS) 
and Wessex Water. All samples were collected using the standard kick sampling method during routine 
biomonitoring (see Chapter 3.4). Samples taken between 1995 and 2016 were utilised in this chapter 
and were pre-screened so that only study sites exhibiting a groundwater dominated hydrology (guided 
by regional hydrogeological knowledge and detailed geological map inspections – BGS, 2018), 
perennial flows (guided by the Wessex basin groundwater model, see Chapter 3.3; as well as gauged 
flows) and accurate groundwater model outputs (guided by validation and quality assurance exercises 
of the groundwater model – e.g. ENTEC, 2015) were retained for analyses. Only samples collected 
during spring (March-May) and autumn (September-November) were examined (these two seasons 
being used by regulatory organisations for routine biological monitoring purposes). Subsequently, 
samples collected from 89 study sites were analysed. All sites analysed possessed a minimum of 5 years 
of macroinvertebrate data (mean = 9.98 years of data per site) and an average of 19.02 samples; with a 
total 1693 samples being analysed within this chapter.  
7.2.2.2 Flow data 
Anthropogenic flow alterations experienced at sites included those characterised by lower discharges 
than would occur naturally (due to groundwater abstraction) through to those receiving positive net 
changes in water discharge (resulting from effluent water returns and low-flow alleviations strategies; 
see Figure 7.1). Each sampling site was spatially matched to a stream cell from the Wessex Basin 
groundwater model (see Chapter 3.3), with historic discharges (depicting hydrological variability) and 
anthropogenic flow alteration time series being obtained for 1-year prior to the date of each ecological 
sample.  
Macroinvertebrate abundances were recorded in logarithmic categories, which were subsequently 
recorded on an ordinal scale (so that 1 = 1–9 individuals, 2 = 10–99, 3 = 100–999, 4 = 1000–9999 etc; 
as reported by Durance and Ormerod, 2009). Macroinvertebrates were predominantly identified to 
family-level in accordance with the taxonomic resolution routinely utilised by environmental regulators 
in the UK (ISO, 2012), although there were some variations in how specific taxa were recorded over 
time. As such, invertebrate community data were harmonised and various taxonomic ‘groups’ were 
combined: Cragoncytidae was combined with Gammaridae; Limonidae, Pedicidae and Scertidae were 
grouped under Tipulidae; Lumbricilidae, Naididae, Tubifidae, Haplotaxidae, Lumbricidae, Nematoda 
and Nematomorpha were pooled with Oligochaetes; Dugesidae were included in Planaridae and 
Bithynidae were incorporated with Hydrobiidae. In addition, Bibionidae, Collembola, Hebridae, 
Oribatei, Staphylinidae, Succineidae, Zonitidae were excluded from subsequent analyses as they are 
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typically indicative of terrestrial/riparian habitats and may not necessarily represent instream 
community responses to river flow regime variability (discharge) controls. A total of 102 taxa were 
incorporated within the analysis, with 26.47% and 38.24% of these being represented by a single species 
and genus (respectively), and almost half the taxa (49.02%) occupying similar ecological guilds 
(defined by preferences for stream flow velocities – see Extence et al., 1999 – and flow related habitat 
units – see Chadd et al., 2017).  
7.2.3 Data analysis 
7.2.3.1 Characterising long-term hydrological trends 
A flow regime magnitude (RM) classification procedure was employed to identify periods of sustained 
discharges significantly above and below the long-term average. Previous research has highlighted that 
the classification of stream flow magnitudes can be skewed by the river drainage basin areas (Monk et 
al., 2006), so daily discharge values from each study site were transformed to z-scores. Prior to 
performing the RM classification process, hydrological time-series were divided into hydrological years 
commencing in August and terminating in July (when the lowest annual discharges typically occur - 
see Monk et al., 2006). This typically ensured that the rising limb, annual peak and flow recession were 
incorporated across a 12-month period. Subsequently, daily discharge values were averaged across all 
sites and monthly summaries (mean, standard deviation, minimum and maximum values) were 
obtained. These 4 flow magnitude summary scores were inputted into a hierarchical, agglomerative 
cluster analysis (Ward’s method), a well-established analytical technique for grouping hydrological 
time series based on discharge magnitudes (Bower et al., 2004; Monk et al., 2006). RM clusters were 
disproportionately weighted by maximum discharge values, so all 4 magnitude summary metrics 
underwent unit-based standardization (X’=(X-Xmin/Xmax-Xmin) +1) to ensure equal weighting. Silhouette 
analysis was performed to guide the optimal number of clusters using the fviz_silhouette function in the 
‘factoextra’ package (Kassambara and Mundt, 2017).  
In addition, the relationship between historic discharges and anthropogenic flow alterations exhibited 
by each study site was examined to assess whether the greatest flow alterations coincided with extreme 
(low or high) hydrological events. For this, a Pearson’s correlation (r) value was calculated for each 
study site between monthly averaged historic discharges and anthropogenic flow alteration values. 
Subsequently, the Pearson r values were used as a dependent variable and modelled against the average 
anthropogenic flow alteration value (independent variable) exhibited at each site via a ‘Generalized 
Additive Model’ using thin-plate splines via the gam function in the ‘mgcv’ package (Wood, 2018).  
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7.2.3.2 Community response metrics 
This chapter examines a suite of univariate community response metrics which incorporate a variety of 
structural and functional diversity measures, ecological measures of community preferences in relation 
to specific flow conditions (see Chapter 3.3) and the abundances of individual taxa. The taxonomic 
richness (TaxRic), Simpson’s diversity index (TaxDiv) and percentage of Ephemeroptera, Plecoptera 
and Trichoptera taxa (%EPT) were examined to characterise the structural characteristics of 
macroinvertebrate community samples (see Chapter 3.3). The temporal variability (TempVar) of 
macroinvertebrate communities was quantified by performing ‘Permutational Analysis of Multivariate 
Dispersion’ (PERMDISP) procedure, which calculates the multivariate distance to a group centroid in 
principal coordinates space (see Anderson et al., 2013). When each sample site is used as a grouping 
factor, PERMDISP reflects the temporal variability of communities at a given location (see Swan and 
Brown, 2017) and was calculated using the betadisper in the ‘vegan’ package (Oksanen et al., 2018).  
The ‘Lotic Invertebrate index for Flow Evaluation’ (LIFE) score was examined to characterise 
community responses to flow variability based on faunal preferences and tolerances in relation to stream 
flow velocity conditions (see Extence et al., 1999 and Chapter 3.3). In addition, the richness of 
rheophilic taxa (RheoRich - favouring flow velocities >20cm/s - flow groups 1 and 2 of the LIFE score) 
and taxa preferring slow flow velocities or standing waters (SlowRich - flow groups 3 and 4 of the LIFE 
score) was quantified to characterise the number of taxa in a sample displaying comparable ecological 
guilds centred on flow requirements.  
In total, 63 functional traits characterising the biological properties of macroinvertebrates were utilised 
in the analysis (see Table 3.1). Trait values of taxa not resolved to family-level (i.e. resolved to a coarser 
taxonomic resolution or combined with other families in a taxonomic group) were excluded from the 
functional analyses. Family-averaged trait values (see Chapter 3.4) were used to derive univariate 
functional diversity indices (FRic and FEve – see Chapter 3.4), as well as Rao’s Quadratic Entropy 
(Rao’s Q) using the dbFD function in the ‘FD’ package (Laliberté et al., 2015) using a Bray-Curtis 
dissimilarity matrix. The diversity of functional traits (‘FuncDiv’) was calculated from final trait values 
(traits averaged across all taxa within a trait × abundance array – see Chapter 3.4) through the diversity 
function in Vegan. In addition, 8 individual taxa were examined in relation to hydrological variability 
and anthropogenic flow alterations and comprised species expressing comparable ecological guilds 
(defined by their flow velocity preferences – see Extence et al., 1999 and Table 7.1) and occurred 
extensively throughout the invertebrate dataset (n =1136-1374 – 67.1%-81.2% of samples).  
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Table 7.1 – Individual taxa examined within this chapter.  
N.B. The velocity preferences of individual taxa were derived from flow groups underpinning the Lotic 
Invertebrate for Flow Evaluation (LIFE) score (see Extence et al., 1999). The occurrence of species in the study 
region are based on records in the National Biodiversity Network (NBN - https://nbn.org.uk/), existing regional 
databases (limited species-level samples in BIOSYS and Wessex Water invertebrate databases; Wessex Water, 
2008; WRSCT, 2018) and published literature (Langford et al., 2001 Armitage and Bass, 2013; data underpinning 
Chapters 5 and 6).  
 
7.2.3.3 Community responses to extreme low- and high-flow events 
Extreme low- and high-flow events were characterised from daily historic discharges (z-scores) by 
identifying values below Q95 (the discharge value exceeded 95% of the time) and above Q5 (the 
discharge value exceeded 5% of the time), respectively. These hydrological indices are internationally 
recognised as key indicators of extreme hydrological conditions (Laize et al., 2014). Invertebrate 
samples were paired with antecedent low- and high-flow events occurring within 180 days prior to its 
collection date at each study site. Most samples meeting these criteria were autumn and spring 
invertebrate samples collected following extreme low- (n = 285) and high-flow events (n = 537), 
respectively. These samples were utilised in subsequent analyses, with a small number (n < 10) of 
autumn samples collected after discharges exceeded Q5 and spring samples taken when river discharges 
dropped below Q95 being excluded to avoid potential seasonal biases. Subsequently, 2 low- and high-
Taxa Description and rationale 
Ancylidae Although part of the Planorbidae family, it is routinely recorded as a separate taxon. Only 1 
species comprises Ancylidae (Ancylus fluviatilis) in the UK and is rheophilic.   
Asellidae In the UK, 4 Asellidae species have been recorded, 2 of which are dominant in fluvial 
environments across the study region (Asellus aquaticus and Proasellus meriadanus) and all 
species display preferences for slow flow velocities or standing waters.  
Ephemerellidae Only 2 Ephemerellidae species have been recorded in the UK and both prefer moderate to fast 
flow velocities. In the study region, 1 species (Serratella ignita) widely occurs in fluvial 
environments.  
Ephemeridae In the UK, 3 Ephemeridae species have been recorded, which all prefer slow to moderate flow 
velocities (Richard Chadd, personal communication).  In the study region, 1 species (Ephemera 
danica) widely occurs in fluvial environments. 
Erpobdellidae In total, 5 Erpobdellidae species have been recorded in the UK and all prefer slow flow 
velocities or standing waters (except for Trocheta bykowskii, never sampled in the study 
region).  Only 1 species (Erpobdella octoculata) occurs widely in fluvial environments across 
the study region.  
Glossiphoniidae In the UK, 8 Glossiphoniidae species have been recorded and all species prefer slow flow 
velocities or standing waters; with 3 species being commonly sampled in fluvial environments 
across the study region (Theromyzon tessulatum, Glossiphonia complanata and Helobdella 
stagnalis). 
Rhyacophilidae In the UK, 4 Rhyacophilidae species have been recorded which all display preferences for rapid 
flow velocities. Only 1 species widely occurs in fluvial environments across the study region 
(Rhyacophila dorsalis). 
Sericostomatidae Only 2 Sericostomatidae species have been recorded in the UK, with 1 being most common in 
fluvial environments across the study region (Sericostoma personatum) and prefers moderate 
to fast flow velocities.  
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flow indices were obtained: (i) the most extreme flow magnitude (z-score – i.e. minimum and maximum 
discharge for low- and high-flow conditions, respectively) and (ii) the number of days following the 
termination of low- and high-flow events (to monitor any short-term recovery patterns). 
These indices initially underwent a unit-based standardization (see above) and extreme outliers 
identified from interquartile range (IQR) values (defined as observations that fall below Q1 − 3×IQR 
or above Q3 + 3×IQR) were removed. Subsequently, invertebrate responses to low- and high-flow 
indices were examined using quantile regressions (QRs) implemented using the rq function within the 
‘quantreg’ package (Koenker et al, 2018). A suite of statistical models (n = 20 – see Table 7.2) were 
created for the response of all dependent variables to each extreme flow index and were performed 
across various quantiles (from 0.05 to 0.95 in 0.05 increments) to test community responses across a 
range of data values (including central tendencies, as well as upper or lower limits imposed by the 
limiting factors). This included 4 null models, consisting of 1 constant model (i.e. with no independent 
variable modelled) and those comprising ‘River’, ‘Year’ and the additive effects of the 2. Subsequently, 
QRs were constructed by modelling each low- and high-flow index as an independent variable across 
4 statistical functions (Linear, Exponential, Logarithmic and Quadratic). The same model structures 
were implemented in QRs incorporating the additive influences of River, Year and their combined effect 
(see Table 7.2). This approach allowed the ecological influences of hydrological controls to vary 
spatially and temporally by modelling separate intercepts between each individual watercourse and year 
of sample. Akaike weights (wi - derived from corrected Akaike Information Criteria values) were 
calculated and averaged across all quantiles constructed for each QR (see Allen and Vaughn, 2010; 
Fornaroli et al., 2015). Subsequently, each low- and high-flow index displaying an average wi value at 
least 2 times that of the best respective null model were retained for further analyses. For all qualifying 
QRs, the optimal statistical function (the QR exhibiting the highest average wi value) for each 
community response to a low- or high-flow index was subsequently analysed. The average wi of 
qualifying models were then separately compared against null models, with significant models again 
being considered as those possessing an average wi value greater than double the average wi of the best 
null model. The final process was necessary as null models exhibit greater wi values when compared 
against fewer QRs, thus reducing the likelihood of type 2 errors. 
For counts of individual taxa, a modified version of the QR approach described above was adopted 
following Cade and Dong (2008). Quantile count models (see Machado and Silva, 2005) extends 
traditional QR methods to respond to discrete (as opposed to continuous) response variables. For this, 
the counts of macroinvertebrate taxa were transformed by adding a random uniform number in the 
interval 0-1, (Y’= (Y + U[0,1)). QRs were then undertaken using the same procedure as described 
above, although each QR was modelled across 100 different datasets comprising randomly added 
numbers, with the estimated coefficients being averaged to remove the source of additional variation 
introduced by adding random U[0, 1) numbers to Y (see Machado and Silva, 2005; Cade and Dong, 
2008).  
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7.2.3.4 Community responses to hydrological and anthropogenic flow alteration indices 
A suite of indices were derived from antecedent hydrological (historical discharge; ‘Q’ – n = 47) and 
anthropogenic flow alteration (‘AF’ – n = 47) time series obtained from the Wessex Basin model prior 
to each sample. The indices selected have been demonstrated to be ecologically relevant in previous 
research in the UK (see Worrall et al., 2014) and characterise different components of the flow regime 
(see Poff et al., 1997). The indices derived included the 33 hydrological indices outlined in the 
‘Indicators of Hydrological Alteration’ methodology (Richter et al., 1996) and additional indices which 
have been found to structure macroinvertebrate community assemblages within UK groundwater 
dominated streams (Wood et al., 2000; Wood and Armitage, 2004; Monk et al., 2006; Worrall et al., 
2014; see Appendix D). In total, 12 Q and AF indices were excluded from analyses due to heavily 
skewed distributions (visualised from inspection of histograms) and a lack of unique values (<100).  
The QR procedure (describe above) was modified when modelling each Q and AF index as an 
independent variable. Firstly, ‘Season’ was incorporated within the statistical model design and 40 
models were constructed which tested all community response metrics to each Q or AF index (Table 
7.2). Secondly, a density function was utilised for each QR as many Q and AF indices were not 
uniformly distributed. For this, weights were assigned to data observations to ensure the algorithm 
minimises the sum of the weights multiplied by the absolute residuals, thus giving a lower importance 
to the portion of the hydrological index less represented across the spread of the data. In addition, once 
the 40 models were fitted, each Q and AF index possessing an average wi value more than twice the 
average wi value of the best null model (see above) were tested for collinearity by calculating ‘Variance 
Inflation Factors’ (VIFs). Q and AF indices were iteratively removed until all VIFs were below 3 (Zuur 
et al., 2010). This was performed prior to the final analytical stage separately comparing optimal QRs 
against null models (see above).  
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Table 7.2 – Formulas of statistical models underpinning the quantile regression (QR) analyses 
performed within this chapter. x denotes the hydrological index (low- and high-flow, Q and AF indices) 
being used as an independent variable. Rows highlighted in grey indicate QRs only used for testing 
low- and high-flow indices (whereby the effects of Season were excluded).  
 
 
Model Function 
Constant (Null) y = a 
River (Null) y = a + (b × River) 
Season (Null) y = a + (b × Season) 
Year (Null) y = a + (b × Year) 
River + Season (Null) y = a + (b × River) + (c × Season) 
River + Year (Null) y = a + (b × River) + (c × Year) 
Season + Year (Null) y = a + (b × Season) + (c × Year) 
River + Season + Year (Null) y = a + (b × River) + (c × Season) + (d × Year) 
Linear y = a + (b × x) 
Exponential y = a + (b × exp(x)) 
Logarithmic y = a + (b × log10(x)) 
Quadratic y = a + (b × (x)) + (c × (x2)) 
Linear – River y = a + (b × x) + (c × River) 
Exponential – River y = a + (b × exp(x)) + (c × River) 
Logarithmic – River y = a + (b × log10(x)) + (c × River) 
Quadratic – River y = a + (b × (x)) + (c × (x2)) + (d × River) 
Linear – Season y = a + (b × x) + (c × Season) 
Exponential – Season y = a + (b × exp(x)) + (c × Season) 
Logarithmic – Season y = a + (b × log10(x)) + (c × Season) 
Quadratic – Season y = a + (b × (x)) + (c × (x2)) + (d × Season) 
Linear – Year y = a + (b × x) + (c × Year) 
Exponential – Year y = a + (b × exp(x)) + (c × Year) 
Logarithmic – Year y = a + (b × log10(x)) + (c × Year) 
Quadratic – Year y = a + (b × (x)) + (c × (x2)) + (d × Year) 
Linear - River + Season y = a + (b × x) + (c × River) + (d × Season) 
Exponential - River + Season y = a + (b × exp(x)) + (c × River) + (d × Season) 
Logarithmic - River + Season y = a + (b × log10(x)) + (c × River) + (d × Season) 
Quadratic - River + Season y = a + (b × (x)) + (c × (x2)) + (d × River) + (e × Season) 
Linear - River + Year y = a + (b × x) + (c × River) + (d × Year) 
Exponential - River + Year y = a + (b × exp(x)) + (c × River) + (d × Year) 
Logarithmic - River + Year y = a + (b × log10(x)) + (c × River) + (d × Year) 
Quadratic - River + Year y = a + (b × (x)) + (c × (x2)) + (d × River) + (e × Year) 
Linear - Season + Year y = a + (b × x) + (c × Season) + (d × Year) 
Exponential - Season + Year y = a + (b × exp(x)) + (c × Season) + (d × Year) 
Logarithmic - Season + Year y = a + (b × log10(x)) + (c × Season) + (d × Year) 
Quadratic - Season + Year y = a + (b × (x)) + (c × (x2)) + (d × Season) + (e × Year) 
Linear - River + Season + Year y = a + (b × x) + (c × River) + (d × Season) + (e × Year) 
Exponential - River + Season + Year y = a + (b × exp(x)) + (c × River) + (d × Season) + (e × Year) 
Logarithmic - River + Season + Year y = a + (b ×log10(x)) + (c × River) + (d × Season) + (e × Year) 
Quadratic - River + Season + Year y = a + (b × (x)) + (c × (x2)) + (d × River) + (e × Season) + (f × Year) 
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7.3 Results  
7.3.1 Long-term hydrological variability 
Rivers in the study region displayed consistent seasonal changes in hydrological variability, with peak 
flows typically occurring between mid-late winter through to early spring, before declining across the 
mid-summer to the early autumn (Figure 7.2a). Evident periods of low (1996-1997, 2004-2006, 2010-
2012) and high (2001-2001, 2012-2014) discharges were observed across the study region, which 
supported the flow regime magnitude classifications (Figure 7.2a, b). Anthropogenic flow alterations 
were most extreme at the beginning of the study period, but after 1997 were highly congruent with 
historic discharges so that the greatest anthropogenic flow reductions occurred during periods of natural 
low-flow (and vice versa). Correlation analyses between the anthropogenic flow alteration and historic 
discharge time-series were highly variable between study sites (r = -0.63 to 0.86), with the outputted 
correlation summary metric (Pearson’s r) being significantly associated with the magnitude of flow 
alteration (GAM: adjusted r2 = 0.70, F = 28.03, p-value <0.001***). For this, positive and negative 
correlations occurred at sites experiencing anthropogenically reduced and elevated discharges, 
respectively (and sites exhibiting minimal anthropogenic flow alterations displaying weak correlations 
– see Figure 7.2c).  
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Figure 7.2 – Average long-term (1994-2016) historic discharge and anthropogenic flow alteration variability across the study region. (a) Hydrograph of average (daily = 
grey, monthly = black) stream discharges (bottom) and monthly anthropogenic flow alteration percentages (top - grey), with a GAM fitted so that the degree of smoothness 
equalled 0.3 times the number of years (sensu Vaughan and Ormerod, 2012; solid black line = average, dashed black line = ± 2 standard errors). Red bars = extreme low-
flow years (RM1) and blue bars = high-flow years (RM4). (b) A boxplot showing the range of each summary metric (Mean, SD = Standard Deviation, Min = Minimum and 
Max = Maximum) used to define each flow regime magnitude cluster. (c) Relationship between Pearson correlation values (calculated between monthly historic discharges 
and anthropogenic flow alterations at each study site - dependent variable) and the average monthly anthropogenic flow alteration value (independent variable). Outputs from 
a GAM function (solid black line = average, dashed black line = ± 2 standard errors). 
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7.3.2 Community responses to extreme hydrological events 
A range of community response metrics significantly responded to the number of days (≤25 days) 
elapsed since the termination of extreme low-flow conditions (≤Q95) and typically exhibited a quadratic 
(or unimodal) relationship. This predominantly comprised functional trait diversity measures (FuncDiv, 
RaoQ and FEve), although 2 metrics characterising community associations with local stream flow 
velocities (SlowRich and LIFE) also responded significantly (Table 7.3a). For example, RaoQ 
marginally increased over the c. 10 days after discharges exceeded the Q95 threshold, but then 
decreased thereafter (Figure 7.3a). FRic and FEve were significantly influenced by the magnitude of 
extreme low-flows, with the latter also responding significantly to the magnitude of extreme high-flow 
events (≥Q5). For this, intermediate low-flow events resulted in minimum FEve values, while moderate 
high-flow events prompted maximum FEve values (Figs. 7.3c and 7.3d). Fewer community diversity 
metrics responded significantly to indices characterising extreme high-flows (compared to low-flow 
events - Table 7.3a), although FuncDiv significantly increased over time after the termination of an 
extreme high-flow event (Figure 7.3b). In total, 3 invertebrate families responded significantly to the 
number of days since a high-flow event, but only 1 responded significantly to the number of days after 
extreme low-flow conditions (Ephemerellidae responded significantly to both). None of the taxa 
examined displayed a significant response to the magnitude of low- or high-flow events (Table 7.3b).  
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Table 7.3 –  Significant ecological responses to indices characterising low- and high-flow events. (a) community response metrics and (b) individual taxa. EXP 
= Exponential; LOG = Logarithmic and QUA = Quadratic.  
 
 
 
 
 
 
 
 
 
aThe optimal model did not include Year 
bThe optimal model did not include River 
 
 
 Drought Flood 
Dependent Independent Model type Average Wi Dependent Independent Model type Average Wi 
a) SlowRich Days since drought QUAa 0.72 TempVar Flood magnitude LOG 0.76 
LIFE Days since drought QUAa 0.77 FuncDiv Days since flood LOG 0.84 
FuncDiv Days since drought QUA 0.70 
FEve 
Flood magnitude QUAb 0.48 
RaoQ Days since drought QUA 0.87 Days since flood QUAb 0.41 
FRic Drought magnitude QUA 0.82     
FEve 
Days since drought EXP 0.51     
Drought magnitude QUA 0.32     
b) Ephemerellidae Days since drought QUA 0.94 Ephemerellidae Days since flood LOG 1.00 
 
Ephemeridae Days since flood LOG 0.68 
Sericostomatidae Days since flood LOG 0.68 
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Figure 7.3 –Quantile regression analyses displaying the responses of functional diversity metrics to 
indices characterising extreme low- and high-flow events. (a) RaoQ versus days elapsed since extreme 
low-flows; (b) FuncDiv versus days elapsed since extreme high-flows; (c) FEve versus extreme low-
flow magnitudes and (d) FEve versus high-flow magnitudes. Light grey line = 10th percentile, dark grey 
line = 50th percentile and black line = 90th percentile.  
 
7.3.3 Community responses to hydrological controls and anthropogenic flow 
alterations 
In total, 8 out of 11 community response metrics examined responded significantly to Q and/or AF 
indices (only SlowRich, FuncDiv and FRic exhibited no significant associations – Table 7.4a) and 17 
significant flow-ecology or flow alteration-ecology associations were identified in total (out of a 
possible 902 models – 11 community response metrics × 82 Q and AF indices). Indices characterising 
anthropogenic flow alterations (AF) were significantly associated with community responses most 
consistently, with 13 flow alteration-ecology relationships being quantified (Table 7.4a). The majority 
of ecologically significant AF indices characterised the percentage of discharge added to (through 
effluent water returns and stream support) or removed from (groundwater abstraction) the river during 
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a specific month of the year and all significant associations displayed a quadratic function. Ecological 
responses typically peaked when groundwater abstraction reduced river discharges by c. 15%, but 
decreased when greater proportional water volumes were withdrawn (Fig. 7.4). Only 3 taxa exhibited 
significant associations with Q (n = 3) and AF indices (n = 3– see Table 7.4b), 2 rheophilic taxa 
(Ancylidae and Ephemerellidae) and Ephemeridae, which is typically associated with slow to moderate 
flow velocities (see Table 7.2). The significant responses of Ancylidae and Ephemeridae to AF indices 
were characterised by quadratic model functions, with a unimodal pattern indicating peaks in 
abundances at low-moderate groundwater abstraction influences (Fig. 7.5b and 7.5d).  
Table 7.4 – Significant ecological responses to indices characterising historic discharge variability (Q) 
and anthropogenic flow alterations (AF). (a) Ccmmunity diversity response metrics and (b) individual 
taxa. LIN = Linear; EXP = Exponential; LOG = Logarithmic and QUA = Quadratic.  
 Dependent Independent Model type Average Wi 
a) 
TaxRic  
AFJan QUA 0.53 
AF3Max LIN 0.19 
AFMar QUA 0.16 
TaxDiv 
AFJan QUA 0.76 
AFMar QUA 0.2 
%EPT 
AFJun QUA 0.51 
AF1Min QUA 0.47 
RheoRich 
Q7Max QUA 0.39 
AF1Min QUA 0.38 
AFJun QUA 0.18 
LIFE 
AFJul QUA 0.74 
AFOct QUA 0.23 
TempVar  
QNoFalls EXP 0.76 
AFMin180 QUA 0.38 
Rao's Q 
  
QMin180 QUA 0.33 
AFJun QUA 0.26 
FEve QRR QUA 0.71 
b) 
Ancylidae 
AF3Min QUA 0.46 
AFJul QUA 0.34 
Ephemerellidae 
QMin180 LOG 0.56 
QMean30 LOG 0.40 
Ephemeridae 
AFFeb QUA 0.48 
Q7Min QUA 0.33 
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Fig 7.4 – Quantile regression analyses displaying the responses of different invertebrate community 
diversity responses to different anthropogenic flow alteration (AF) indices. (a) TaxRich versus AFJan, 
(b) TaxRich versus AFMar, (c) TaxDiv versus AFJan, (d) TaxDiv versus AFMar, (e) %EPT versus 
AFJun. (f) RheoRich versus AF1Min, (g) LIFE versus AFJul and (h) LIFE versus AFOct. Light grey 
line = 10th percentile, dark grey line = 50th percentile and black line = 90th percentile.  
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Fig 7.5 – Quantile regression count models indicating the associations between (a) Ancylidae versus 
AFJul and (b) Ephemeridae versus AFFeb and traditional quantile regression analyses indicating the 
associations between (c) Ancylidae versus AFJul and (d) Ephemeridae versus AFFeb. Light grey line 
= 10th percentile, dark grey line = 50th percentile and black line = 90th percentile.  
 
7.4 Discussion   
7.4.1 Hydrological variability and anthropogenically flow alterations 
This chapter combined long-term (1995-2016) macroinvertebrate community biomonitoring data 
together with antedent hydrological conditions (derived from historic discharge time-series) and 
anthropogenic flow alterations obtained from groundwater model outputs. The intra-annual variability 
of stream discharges displayed clear seasonal differences widely reported within groundwater 
dominated environments (and particularly fluvial systems underlain by chalk – Sear et al., 1999; Bower 
et al., 2004; Monk et al., 2006; Jackson et al., 2011). The flow regime classification procedure 
employed within this chapter identified extreme low- and high-flow periods which corresponded with 
previous studies indicating regional flood (2001, 2013, 2014 – Monk et al., 2008; Schaller et al., 2014) 
and drought events (1997, 2005, 2006, 2011, 2012 – Monk et al., 2008; Marsh, 2006; Parry et al., 2013), 
respectively. Across the study region, societal demands for water peaked during the mid-1990s and 
have subsequently declined due to the introduction of water meters and improvements in reducing water 
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leakages (Bowles and Henderson, 2012; Wessex Water, 2014). Groundwater model outputs partially 
reflected this, with anthropogenic flow alterations being lowest (i.e. groundwater abstraction reduced 
river discharges most severely) at the beginning of the study period (1995-1997) when anthropogenic 
water demands were highest. After 1997, the percentage of water volume added or removed from the 
river via water resource management operations typically tracked the historic discharge (hydrological) 
variability, with the greatest proportional influence on river discharges occurring during times of 
extreme low- (negative net effect) and high-flows (positive net effect). Positive correlations between 
anthropogenic flow alterations and historic discharge time-series likely reflects greater volume of 
effluent water releases during high-flows (see Tait et al., 2008), as well as lower proportional influences 
of groundwater abstraction. Conversely, negative correlations suggest that groundwater abstraction had 
a greater proportional influence on river discharges during low-flow periods, as reported on a global 
scale (see Wada et al., 2013; de Graaf et al., 2014). After 1997, the greatest proportional reduction in 
river discharges caused by anthropogenic activities occurred over 2011-2012. This occurred despite 
water demands being lowest across the region at this time (≈31.8% lower than 1995 water demands; 
Wessex Water, 2014; Wessex Water, unpublished data). However, a region-wide drought occurred 
across 2011 and 2012 (see Kendon et al., 2013; Parry et al., 2013), highlighting that improved water 
resource management operations (i.e. reductions in groundwater abstraction pumping rates) can still 
have a significant proportional influence on river discharges over multiple years during extended 
periods of low-flow. Despite this, average long-term reductions in river discharges were far lower across 
this study region compared to those observed in other studies. For example, Wada et al (2013) 
highlighted anthropogenic water use exacerbated drought conditions by up to 500% in some regions of 
the world.  
7.4.2 Community responses to low- and high-flow events 
Few studies have simultaneously examined the ecological implications of both extreme low- (including 
droughts) and high-flow (including floods) events on fluvial environments (Piniewski et al., 2017). 
From the limited evidence published, it has been suggested that extreme high-flow events exert greater 
ecological effects compared to extreme low-flow conditions (Suren and Jowett, 2006; Piniewski et al., 
2017). However, Boulton et al (1992) highlighted that droughts had a more profound influence on 
instream communities compared to floods, supporting the findings of this chapter. Specifically, this 
research demonstrated that various community response metrics exhibited significant unimodal 
responses across a 25-day period following the termination of extreme low-flow conditions. This 
indicates an initial rapid re-colonisation of fauna with high resistance or resilience strategies within 
days of higher discharges resuming (Ledger and Hildrew, 2001; Fowler, 2004; Bogan et al., 2015); 
before the slightly delayed recovery of other taxa which may outcompete and/or predate the established 
community (Murdock et al., 2010). Previous research on English chalk streams has highlighted that 
major droughts can exert long lasting (>1 year) ecological effects (e.g. Wood and Armitage, 2004; 
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Chadd et al., 2017). As such, findings from this chapter characterise the short-term transition in faunal 
assemblages after extreme low-flow conditions, rather than detecting the recovery of macroinvertebrate 
communities per se. However, it should be noted that the sample sites examined within this research 
did not dry out completely (despite the extreme low-flow conditions), which may have facilitated the 
rapid recovery of biotic communities as aquatic species would not have been extirpated by drying events 
(Wood and Armitage, 2004; Aspin et al., 2018; Hill and Milner, 2018). 
Macroinvertebrate communities were less sensitive to the magnitude of low- and high-flow events (as 
reported by Piniewski et al., 2017). However, the functional evenness of faunal assemblages (FEve – 
characterising the regularity of community abundances in functional trait multivariate space) did 
respond significantly to the severity of extreme low- and high-flow conditions, although exhibited 
opposing directional responses. Declining FEve values occurred as discharge declined from low to 
moderate low-flow intensities, which probably reflects certain taxa being extirpated due to the loss of 
key habitats (e.g. marginal vegetation - Storey and Lynas, 2007 and riffles - Brooks et al., 2011; also 
see Chadd et al., 2017). FEve values increased between intermediate and the most extreme low-flow 
magnitudes, which is likely due to reductions in channel wetted perimeters that concentrated aquatic 
fauna into smaller areas, thus increasing macroinvertebrate community densities (e.g. Dewson et al., 
2007b) and the likelihood of sampling a greater number of taxa with differing functional trait niches. 
In addition, severe low-flow magnitudes often produce areas of slow-flow or even standing water within 
the river channel that support both lentic water specialists and lotic fauna seeking refuge (Hill and 
Milner, 2018). This may result in a greater evenness of community functional compositions, as reported 
by Schriever et al (2015). Such results support the findings of previous research indicating that instream 
communities exhibit a stepped response to drought magnitudes (see Boulton, 2003; Chadd et al., 2017).  
In contrast, FEve values peaked at intermediate high-flow magnitudes and decreased towards the range 
of extreme high-flow discharges. Townsend et al (1997) highlighted that peaks in taxonomic richness 
occurred at moderate flood magnitudes due to less intense high-flow conditions allowing competitively 
superior taxa to dominate communities, while the highest flood magnitudes extirpated many species 
devoid of necessary resistance/resilience strategies required to survive such hydrological extremes. 
While the taxonomic richness (as well as other structural aspects of macroinvertebrate communities) 
did not significantly respond to the magnitude of high-flows in this chapter, FEve responses to 
magnitude of high-flows could reflect the mechanisms outlined by Townsend et al (1997; see also Ward 
and Stanford, 1983a). This is probably because competitively superior taxa (i.e. those sampled during 
less intense high-flow magnitudes) often exhibit specific traits (e.g. larger body sizes, predatory feeding 
habitats – Power and Dietrich, 2002), while species possessing specialist resistance/resistance strategies 
to extreme high-flows are also likely to possess limited functional niches characterised by certain traits 
(e.g. streamlined body forms, rapid life-cycles; see Townsend and Hildrew, 1994; Statzner, 2008;  
Monk et al., 2017).  
153 
 
7.4.3 Flow controls on individual taxa  
7.4.3.1 Individual taxa responses to extreme hydrological conditions 
Findings from this chapter highlighted that no individual taxa responded significantly to the magnitude 
of extreme low- and high-flow events. This potentially reflects within-reach variations in hydraulic 
conditions and the availability of different habitats and refugia utilised by taxa during extreme 
hydrological conditions (Poff and Ward, 1990; Biggs et al., 2005; Poff et al., 2010; see also Chapter 6). 
Individual taxa examined within this chapter have been found to respond differently to extreme 
hydrological events depending on reach- or habitat-scale characteristics (see Chapter 2.2.1). This 
includes Seratella ignita (the only species of Ephemerellidae recorded across the study region, Order: 
Ephemeroptera) which locates microhabitats characterised by low velocities during high-flow events 
(Lancaster, 1999) and Asellus aquaticus (one of two Asellidae species recorded across the study region, 
Order: Isopoda) which takes refuge within the hyporheic zone during extreme low-flows depending on 
local substrate characteristics (Vadher et al., 2017).  
In contrast to community response metrics, a greater number of macroinvertebrate families 
(Ephemerellidae, Ephemeridae and Sericostomatidae) were responsive to the number of days since an 
extreme high-flow event, while only Ephemerellidae responded significantly to the time elapsed after 
extreme low-flow conditions. Seratella ignita have been found to proliferate during low-flow events as 
a result of reduced biotic competition and predation (Ladle and Bass, 1981; López-Rodríguez et al., 
2009), although they are quickly extirpated when channels dry out completely (Wood et al., 2005; 
Stubbington et al., 2009; see Chapter 5). Given that study sites in this chapter conveyed perennial flows, 
it is likely that the abundances of S. ignita were higher during (and shortly after) extreme low-flow 
conditions. Over time, S. ignita were probably outcompeted or predated upon by larger bodied 
organisms (responding more slowly to extreme hydrological conditions), including brown trout (Salmo 
trutta) which widely across the study region and intensely predates on S. ignita (Punchard and House, 
2009; Riley et al., 2013). Conversely, S. ignita have proven to be highly sensitive to extreme high-flows 
because they are frequently dislodged by shear forces, suggesting their populations may be depleted 
during high-flow conditions (Borchardt, 1993). S. ignita is regarded as a univoltine species and larvae 
typically hatch from eggs during the spring months (López-Rodríguez et al., 2009), which coincides 
with the recovery period of high-flow events examined within this chapter. As such, logarithmic 
recovery trends over a 158-day period detected within this study suggests that recovery patterns were 
due to the emergence of new cohorts and/or the re-colonisation of larvae from connected slow-flowing 
or lentic habitats utilised during extreme low-flow conditions.  
Sericostomatidae (Sericostoma personatum) and Ephemeridae (Ephemera danica) are also 
characterised by a single species within the lotic environments across the study region of this chapter. 
S. personatum can survive extreme high-flow conditions as they burrow deep into the hyporheic zone 
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(particularly earlier instars) and those within the benthic zone possess a high entrainment threshold due 
to their case mass (Hall, 2002). In addition, S. personatum are regarded as a multi-voltine species (Hall, 
2002), indicating that they can recover quickly following disturbances.  As such, logarithmic recovery 
trends of S. personatum likely reflect their resilience to hydrological extremes, with initial rapid 
increases in abundances being due to larvae re-emerging from the subsurface into the benthic zone and 
new cohorts emerging. E. danica typically inhabits fine sediments and slower flowing channel areas, 
making the larvae more susceptible to high shear stresses (Möbes-Hansen and Waringer, 1998; Extence 
et al., 2013). As such, temporal responses of E. danica following extreme high-flows likely exhibit 
similar trajectories to those described for S. ignita, with initial demographic losses occurring due to the 
disturbance of fine-sediments and the dislodgement of organisms, which are replaced over time by taxa 
re-colonising from connected slow-flowing or lentic refuges.  
7.4.3.2 Individual taxa responses to hydrological variability and anthropogenic flow alterations  
Previous research has highlighted that taxa possessing comparable ecological guilds respond 
comparably to hydrological controls over large spatial and temporal scales (Extence et al., 1999; Chen 
and Olden, 2017b). However, findings from this chapter indicated that out of the eight 
macroinvertebrate families examined (all of which comprised taxa exhibiting comparable ecological 
guilds - defined by preferences towards certain flow conditions), only Ancylidae, Ephemeridae and 
Ephemerellidae responded significantly to indices characterising hydrological variability and 
anthropogenic flow alterations. The latter two also responded significantly to extreme hydrological 
events (see above), suggesting that Ephemerellidae and Ephemeridae are reliable indicator species for 
detecting instream ecological responses of flow regime variability (Wright et al., 1981; López-
Rodríguez et al., 2009), as well as wider environmental change within fluvial environments (Verberk 
et al., 2016). S. ignita have been associated with moderate to fast flow velocities (Extence et al., 1999), 
which probably explains the findings of this chapter highlighting the association of Ephemerellidae 
with antecedent flow magnitudes (QMin180 and QMean30, reflecting the lowest and average discharge 
value occurring over 180- and 30-day periods in the year prior to sampling, respectively - for 
hydrological index descriptions, see Appendix D). The significant response of Ephemeridae to Q7Min 
(the minimum discharge in the 7-days prior to sampling) probably reflects the association between E. 
danica and antecedent low-flow conditions resulting in greater fine sediment accumulations (Extence 
et al., 2013). E. danica also responded significantly to AFFeb (the proportion of discharge altered via 
anthropogenic activities during February), with a strong unimodal trend highlighting peaks in 
abundance when groundwater abstraction reduced river discharges by c. 7%. This is potentially due to 
groundwater abstraction reducing flow velocities which would otherwise entrain fine sediment deposits 
during high winter discharges, thus increasing the availability of suitable habitats preferred by E. danica 
(Möbes-Hansen and Waringer, 1998).  
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Findings from this chapter also highlighted that Ancylidae (a composite part of the Planorbidae family, 
characterised by a single species - the freshwater limpet Ancylus fluviatilis) responded significantly to 
anthropogenic flow alterations. Specifically, Ancylidae was significantly influenced by the percentage 
of discharge added to or removed from the river during July (AFJul), as well as the minimum flow 
alteration value (indicating the greatest amount of water removed via groundwater abstraction) in the 
3-days prior to sampling (AF3Min). This indicates that A. fluviatilis are potentially responsive to water 
resource management operations exacerbating low-flow conditions. Previous studies have highlighted 
that A. fluviatilis are significantly influenced by extreme drought conditions (Extence et al., 1981; 
Ledger et al., 2011). This is due to A. fluviatilis being highly sensitive to fine sediment deposits which 
clog the interstices of large substrate clasts (thus reducing suitable habitat availability) and also impair 
their respiratory system (Extence et al., 1981; 2013). Results from this chapter suggest that low 
groundwater abstraction influences (c. 5-10% reduction in river discharges) do not create adverse 
environmental conditions that extripate drought sensitive taxa such as A. fluviatilis; although their 
tolerance threshold to artificially reduced discharges is lower compared to wider macroinvertebrate 
community responses (see below).  
7.4.4 Community responses to hydrological variability and anthropogenic flow 
alterations 
Research undertaken within this chapter examined instream community responses to antecedent 
hydrological conditions and anthropogenic flow alterations driven by surface and groundwater water 
resource operations. Four out of eleven community diversity response metrics were significantly 
influenced by a single hydrological index (i.e. ‘flow-ecology’ relationships). The richness of rheophilic 
fauna responded significantly to the maximum discharges in the 7-days prior to sampling (Q7Max) and 
the rheophily of macroinvertebrate communities has been widely associated with antecedent flow 
magnitudes (e.g. Monk et al., 2006; Dunbar et al., 2010a; 2010b; Chessman, 2018). In addition, findings 
from this chapter highlighted that the temporal variability of communities was significantly associated 
with the number of daily falls in discharge (QNoFalls), which could reflect transitions in average 
community compositions over time being associated with frequent reductions in river discharges 
(Buendia et al., 2014; Aspin et al., 2018). Schriever et al (2015) found that both Rao’s Quadratic 
Entropy (Rao’s Q) and FEve responded significantly to various hydrological indices, although the 
authors also reported significant flow-ecology relationships for functional richness (FRic) and diversity 
(FuncDiv) of macroinvertebrate communities not demonstrated in this chapter. This probably reflects a 
greater hydrological gradient examined by Schriever et al (2015 - comprising ephemeral, intermittent 
and perennial systems – see Chapter 2.4.1), compared to the perennial systems studied within this 
chapter. However, findings from this chapter highlighted that no structural aspect of faunal assemblages 
responded significantly to hydrological controls, in marked contrast the findings of previous studies 
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(e.g. Wood et al., 2000; Wood and Armitage, 2004; Booker et al., 2015; Greenwood and Booker, 2015; 
Schriever et al., 2015). Moreover, the ‘Lotic Invertebrate index for Flow Evaluation’ (LIFE) score did 
not respond significantly to hydrological indices in this chapter, despite previous research extensively 
demonstrating the significant influence of antecedent hydrological conditions on LIFE scores (Extence 
et al., 1999; Monk et al., 2006; 2007; 2008; 2012; Dunbar et al., 2010a; 2010b; Worrall et al., 2014; 
Chadd et al., 2017 see Chapter 4). LIFE has been found to respond to environmental controls other than 
specific flow conditions (e.g. Mathers et al., 2016). For example, LIFE scores may respond to flow 
variability when anthropogenic channel modifications to channel morphologies alter the presence of 
habitats and refugia required by taxa to fulfil their hydraulic niches (see Dunbar et al., 2010a; 2010b), 
such as filter-feeding invertebrates benefitting from coarse substrates and macrophytes (see Chapter 6).  
Several authors have reported that ecological responses to flow controls within riverine environments 
can be best explained by a small number of flow indices (e.g. Clausen and Biggs, 1997; Monk et al., 
2006; 2007; Booker et al., 2015; Solans and Garcia de Jalón, 2016) and many significant flow-ecology 
relationships yield low amounts of statistical variation (Worrall et al., 2014; Booker et al., 2015). 
However, in this chapter only 1.88% (17 out of 902) of the tested flow-ecology and flow alteration-
ecology relationships were significant, which was considerably lower compared to Chapter 4 (23.43%, 
30 out of 128 - Table 4.7a) and Chapter 6 (16.88%, 13 out of 77 - Table 6.4; only 4 hydrological and 
flow alteration indices were processed in Chapter 5). As such, the limited number of significant flow-
ecology and flow alteration-ecology relationships in this chapter could be attributed to the interaction 
between antecedent hydrological controls and alternative environmental variables (e.g. water quality, 
morphological properties) not specifically considered in the data analyses. Community responses to 
hydrological controls are likely to vary across greater spatial and temporal scales as key environmental 
controls (e.g. physico-chemical properties) are likely to differ more widely (see Chen and Olden, 
2017b). For example, improvements in water quality have occurred across the study region 
(predominantly through reductions in organic pollution), which has resulted in an increase in the 
richness and abundance of macroinvertebrate communities over long-term periods (see Durance and 
Ormerod, 2009). Changes to the overall species pool via such river management activities will affect 
how communities are subsequently ‘filtered’ by hydrological controls (see Poff, 1997; Lake, 2000), 
thus resulting difference in how biotic communities respond to flow regime variability over time. In 
addition, long-term reductions in organic pollution have differed between watercourses across the 
region (Biddulph et al., 2017) and there are likely ‘legacy’ effects within rivers exhibiting reduced water 
quality, which may affect instream community responses to variations in river discharges (see 
Thompson et al., 2017). This has been demonstrated within regulated fluvial environments, with 
differences in physico-chemical properties between reservoir tailwaters reducing the spatial 
transferability of flow-ecology relationships (Mims and Olden, 2013; Chen and Olden, 2017b). As such, 
there are likely to be clear spatial and temporal differences in how river management practices affecting 
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water quality (as well as other environmental controls, including channel morphology and habitat 
availability) which reduced the transferability of flow-ecology relationships, which potentially explains 
the limited proportion of significant associations highlighted within this chapter.  
Notwithstanding, seven out of the eleven community response metrics significantly responded to 
indices characterising anthropogenic flow alterations. This clearly indicates that anthropogenically 
modified discharge regimes exerted a greater ecological influence compared to hydrological variability, 
in contrast to the findings of Mims and Olden (2013) and Chapters 5 and 6. Unimodal community 
responses to anthropogenic flow alterations highlighted that groundwater abstraction reductions on river 
discharges of up to c. 15% had positive effects on community metrics characterising the structure, 
function and ecological preferences towards flow conditions (LIFE score and the richness of rheophilic 
taxa). However, such community responses responded negatively at higher abstraction levels. Previous 
research has highlighted unimodal instream community responses to groundwater abstraction (Bradley 
et al., 2014; 2017; Kennen et al., 2014). This could be attributed to low-moderate abstraction influences 
having ecological benefits, such as reducing the effects of high-flow events on riverine biota (Miller et 
al., 2007) or altering the heterogeneity or composition of lotic habitats which benefit certain instream 
biota (Armitage and Pardo, 1995). Alternatively, contractions in discharges may prompt positive 
ecological responses (characterised through multiple community response metrics) due to contracting 
wetted perimeters concentrating biota and resulting in greater macroinvertebrate densities (Dewson et 
al., 2007b).   
Acreman et al (2008) described environmental standard procedures established by an expert panel of 
ecologists and hydrologists to guide water abstraction practices across the UK. For this, it was suggested 
that reductions in river discharges via abstraction practices should be limited to 10-15% during extreme 
low flows (Q95), complying with the ecologically acceptable standards of hydrological alteration 
established within this chapter. However, Acreman et al (2008) also suggested that abstraction 
operations can reduce discharges by up to 30% during higher flows, which was not supported by the 
findings of this chapter. In addition, the results presented within this chapter closely correspond with 
the stance of Gleeson and Richter (2018), who proposed a ‘presumptive standard’ to guide the 
management of groundwater resource operations to protect surface water ecosystems. For this, the 
authors advocated the need for groundwater abstraction to reduce baseflows (the portion of flow derived 
from groundwater or other delayed hydrological sources) by up no more than 10%. Approximately 90% 
of river discharges within English chalk streams are derived from baseflows (Jackson et al., 2011) and 
as such findings from this study closely correspond with this presumptive standard. Although long-term 
average anthropogenic flow alterations across the study region comply with this presumptive standard 
and modify discharges within ecologically acceptable limits (i.e. water volumes removed equalling 
<15% of the naturalised river discharge), the proportion of flow removed increased substantially during 
natural periods of low-flow. This highlights the need for flexible groundwater resource management 
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strategies with pumping rates reflecting natural hydroclimatic variability which can accommodate the 
delayed hydrological influence on surface waters (Gleeson and Richter, 2018). However, this often does 
not coincide with anthropogenic and societal water resource demands (Acreman et al., 2008; van Loon 
et al., 2016; Gleeson and Richter, 2018). As such, low-flow alleviation strategies (such as ‘stream 
support’ strategies implemented across the study region) augmented into specific river channels may 
provide a reliable alternative to minimise groundwater abstraction pressures in the short-term until 
methods of balancing societal and ecosystem needs for groundwater resources are better understood by 
scientists and practitioners. However, previous e-flow research centred on impoundments have 
cautioned against focussing solely on sustaining a minimum flow as it may not yield ecological benefits 
(e.g. Bradford et al., 2011) because it neglects other important elements of river flow regimes which 
instream communities depend on (Richter et al., 1996; 1997; Poff et al., 1997; 2010; 2017; Petts, 2009; 
Thompson et al., 2017).  
7.5 Summary 
Long-term riverine ecological responses to multiple surface (e.g. low-flow alleviation strategies, 
effluent water returns) and subsurface (e.g. groundwater abstraction) water resource management 
operations have been seldom explored to date. This chapter examined the influences of antecedent 
hydrological conditions and anthropogenic flow alterations on instream macroinvertebrate communities 
across groundwater dominated environments between 1995-2016. The magnitude of anthropogenic 
flow alterations tracked hydrological variability, highlighting that natural controls on river flow regimes 
are a key determinant on the proportional influence of water resource management operations on 
instream discharges. A flow magnitude classification procedure clearly identified extreme low- and 
high-flow periods. Findings from this chapter indicated that community response metrics characterising 
the structure and function of macroinvertebrate communities were highly sensitive to the number of 
days elapsed since an extreme low-flow event, with strong unimodal trends occurred over a short-term 
(25-day) period. This can be attributed to the rapid colonisation of certain macroinvertebrate taxa after 
discharges exceeded a low-flow threshold, which was subsequently followed by intense biotic 
interactions. Macroinvertebrate communities were more responsive to anthropogenic flow alteration 
controls compared to hydrological variability. These trends highlighted that community response 
metrics responded positively to low-moderate groundwater abstraction influences (<c.15% reduction), 
although greater proportional reductions in river flows resulted in negative ecological responses. This 
complies with national abstraction environmental standards established for low-flows which highlights 
that reductions in river discharges via groundwater abstraction should be limited to 10-15% (Acreman 
et al., 2008). In addition, findings from this research support the ‘presumptive standard’ established by 
Gleeson and Richter (2018) for fluvial environments globally, which states that groundwater abstraction 
influences on river baseflows should not exceed 10% in order to protect the ecological status of surface 
waters. As such, findings from this chapter provides empirical evidence of how water resource 
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management operations should be implemented so that any anthropogenic flow alterations do not 
negatively influence (and can potentially enhance) the structural and functional diversity of instream 
macroinvertebrate communities.  
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Chapter 8. Thesis summary, key themes, future 
research and concluding remarks 
8.1 Introduction 
The primary aim of the research presented in this thesis was to examine how river flow regimes altered 
by water resource management operations influence instream macroinvertebrate communities. The 
specific research objectives of this thesis were to:  
1) Examine community responses to hydrological and stream temperature variability within 
regulated (impounded by dams) and non-regulated river systems (Chapter 4) 
2) Utilise a regional groundwater model to quantify anthropogenic flow alterations associated with 
subsurface (e.g. groundwater abstraction) and surface water (e.g. effluent water returns) 
management activities (Chapters 5, 6 and 7) 
3) Examine macroinvertebrate community responses to hydrological variability and management 
activities across intermittent and perennial headwater streams (Chapter 5) 
4) Quantify macroinvertebrate community responses to antecedent hydrological variability, 
anthropogenic flow alterations and hydraulic conditions across distinct lotic habitats (Chapter 
6) 
5) Examine long-term (>20 years) macroinvertebrate community responses to flow regime 
variability and anthropogenic flow alterations (Chapter 7) 
Findings presented within this thesis (Chapters 4-7) examined macroinvertebrate community responses 
to observed hydrological variability and anthropogenic flow alterations across a range of spatial 
(habitat-regional) and temporal (season-decadal) scales. The research undertaken addressed all of the 
research objectives identified above. It possessed pure and applied elements whereby various research 
gaps underpinning the implementation of ecologically effective water resource management globally 
were explored. This chapter summarises the key findings presented within the thesis, outlines how this 
contributes to our existing scientific understanding and discusses the key themes arising from the 
research undertaken. The thesis concludes by considering how the research presented could be further 
developed in the future.  
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8.2 Fulfilment of research objectives 
The first results chapter of this thesis (Chapter 4) aimed to quantify macroinvertebrate community 
responses to hydrological and stream temperature variability across regulated and non-regulated 
watercourses, addressing the first objective of the thesis:  
1) Examine community responses to hydrological and stream temperature variability within regulated 
(impounded by dams) and non-regulated river systems. 
Studies examining the ecological implications of both flow regime and thermal variability in regulated 
river systems have been limited to date (notable exceptions being Jackson et al., 2007; Macnaughton et 
al., 2016). Findings from Chapter 4 demonstrated that impoundments exerted a significant influence on 
the hydrological variability exhibited within downstream (regulated) systems, while stream 
temperatures were highly correlated between all regulated and non-regulated environments (Figure 4.3 
and Table 4.3). This was largely attributable to dam walls holding back flow (except for small 
compensation flow releases) until water levels exceeded a threshold water level and significant volumes 
of water were released downstream via a spill weir. In addition, aeration systems in each reservoir 
prevented the release of cold hypolimnetic water into receiving waters downstream and resulted in 
congruent stream temperature regime variability between regulated and non-regulated rivers. Aeration 
techniques have previously been demonstrated as an effective management technique for this purpose 
(see Olden and Naiman, 2010). Significant differences in macroinvertebrate communities between 
regulated and non-regulated systems (Figure 4.4) were predominantly driven by hydrological controls 
(Table 4.6 and 4.7). Specifically, the magnitude of low-flows during summer months exerted a 
significant influence on specific functional properties of faunal assemblages (including taxa with 
specific egg laying properties) in regulated systems and was positive correlated with multiple ecological 
responses (Figure 4.5). This highlights the potential ecological benefits of greater water releases in 
regulated environments during low-flow conditions (e.g. Growns, 2016). Findings from Chapter 4 
highlighted that functional traits were marginally more responsive to flow regulation compared to 
taxonomic compositions and were also more spatially and temporally comparable (i.e. consistent 
between watercourses, years and seasons). This highlights the potential use of functional traits in 
guiding regional environmental flow (e-flow) strategies (Poff et al., 2010; Poff, 2017).  
The subsequent three results chapters (Chapter 5, 6 and 7) focussed on groundwater dominated 
ecosystems underlain by a chalk lithology (a calcareous, fine-grained limestone). For these chapters, a 
regional groundwater model was utilised to quantify the influence of hydrological variability and 
anthropogenic flow alterations arising from groundwater abstraction and hydrological inputs (effluent 
water returns, low-flow alleviation strategies). Chapters 5, 6 and 7 examined macroinvertebrate 
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community responses to both antecedent hydrological conditions and anthropogenic flow alterations 
and each directly addressed the second research objective:  
2) Utilise a regional groundwater model to quantify anthropogenic flow alterations associated with 
subsurface (e.g. groundwater abstraction) and surface water (e.g. effluent water returns) 
management activities 
Chapter 5 examined the influence of observed hydrological controls and groundwater abstraction 
influences on macroinvertebrate communities inhabiting intermittent and perennial reaches of 
headwater chalk streams, specifically addressing the third research objective of the thesis:  
3) Examine macroinvertebrate community responses to hydrological variability and management 
activities across intermittent and perennial headwater streams 
Increasing flow intermittency has been shown to exert a negative effect on the richness and diversity of 
aquatic macroinvertebrate communities globally (e.g. Datry et al., 2014b; Garcia et al., 2017). Biotic 
communities inhabiting temporary rivers have been regularly highlighted as ‘nested’ subsets of 
communities sampled within connected perennial environments (Datry, 2012; Hill and Milner, 2018). 
However, other studies have highlighted distinct community compositions between temporary and 
perennial systems, whereby temporary water ‘specialists’ cannot survive within perennial reaches as 
they are often predated upon or outcompeted for habitats and food resources (Punchard and House, 
2009; Armitage and Bass, 2013; Bogan et al., 2013). Results from Chapter 5 highlighted that the 
temporary reaches examined in this research supported a number of temporary water specialists of high 
conservation value (Figure 5.2f) which are rare in many areas of Europe (e.g. Ephemeroptera: 
Paraletophlebia werneri – see Armitage and Bass, 2013) or possess limited geographical distribution 
across the United Kingdom (e.g. Trichoptera: Limnephilus bipunctatus – see Chadd et al., 2004; Tables 
5.4 and 5.5). Such fauna typically inhabited sites which dry for approximately 6-months of the year and 
located at greater distances (>c. 2.5km) above the perennial source (the most upstream point of 
permanent flow within a given year). Studies examining the ecological implications of flow alterations 
within temporary rivers have been limited globally (notable exceptions being Benejam et al., 2010; 
Brooks et al., 2011). Findings from Chapter 5 demonstrated that a suite of faunal community diversity 
indices were highly responsive to the duration of antecedent flow and the distance of sampled site from 
the perennial source (Table 5.6; ‘observed hydrological properties’ derived from a wet-dry mapping 
procedure – see Chapter 5.2.2). Taxonomic richness responded most profoundly and exhibited a strong 
positive correlation with the distance from the perennial source and the antecedent flow duration 
(observed hydrological properties), although responded more markedly to the latter (Figure 5.4). 
Several taxa were significantly associated with changes in the observed flow controls, particularly those 
predominantly inhabiting perennially flowing systems (Table 5.7), although the distance fauna could 
migrate upstream into intermittent reaches differed between taxa (Figure 5.5). However, the results 
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indicated that instream communities were not sensitive to the effects of groundwater abstraction (Table 
5.6). 
Chapter 6 examined how communities inhabiting three ‘habitat groups’ (HGs) consisting of (i) coarse 
substrates, (ii) fine sediments and (iii) ‘Ranunculus sp.’ (a fine-leaved macrophyte which widely occurs 
across the study region) responded to different flow-related controls. Community responses to a suite 
of indices characterising the hydrological variability, anthropogenic flow alteration and hydraulic 
conditions were examined. Furthermore, the influence of HG on modifying ecological responses to 
these flow-related controls was tested. This specifically addressed the fourth research objective of the 
thesis:  
4) Quantify macroinvertebrate community responses to antecedent hydrological variability, 
anthropogenic flow alterations and hydraulic conditions across distinct lotic habitats 
Lotic habitats are known to modify how instream biota respond to the flow of the river, such as through 
the provision of refuges during extreme hydrological conditions (Jellyman et al., 2013; Stubbington 
and Datry, 2013). Faunal assemblages occupying distinct lotic habitats may respond differently to 
anthropogenic flow alterations, including marginal habitats (which become disconnected from the 
channel - Storey and Lynas, 2007) and riffles (due to the loss of rheophilic taxa - Brooks et al., 2011). 
Establishing habitat specific flow-ecology relationships can provide a greater understanding of the 
causal mechanisms shaping instream communities at small spatial scales. The results from Chapter 6 
demonstrated that the structural and functional composition of macroinvertebrate communities differed 
significantly between HGs (Figures 6.4 and 6.5). Macroinvertebrate communities were largely 
unresponsive to the antecedent hydrological variability (discharge) when habitat-scale influences were 
not accounted for, with hydrological indices explaining a low proportion of statistical variation (<10%; 
Table 6.4), as reported in previous studies (e.g. Worrall et al., 2014). Faunal assemblages were most 
sensitive to localised, point specific hydraulic conditions (characterised by the Froude number; Table 
6.5), highlighting that ‘real time’ habitat-scale flow forces exert a greater ecological influence compared 
to antecedent hydrological controls. The interaction between HGs and Froude significantly influenced 
faunal assemblage compositions (Table 6.5), demonstrating that local habitat conditions modify how 
faunal assemblages respond to hydraulic conditions. This may reflect instream habitats supporting 
distinct communities that respond differently to flow velocities and/or providing unique ecological 
functions that alter how biota interact with local hydraulic controls. 
Chapter 7 examined long-term (1995-2016) macroinvertebrate community responses to a suite of 
indices characterising the antecedent hydrological conditions and anthropogenic flow alterations, 
addressing the fifth research objective of the thesis:  
5) Examine long-term (>20 years) macroinvertebrate community responses to the hydrological 
variability and anthropogenic flow alterations 
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The study period of Chapter 7 (1995-2016) encompassed periods of extreme high- (2001, 2013, 2014 
– Monk et al., 2008; Huntington et al., 2014; Figure 7.2a) and low-flows (1995, 2005, 2006, 2011, 2012 
– Monk et al., 2008; Marsh, 2006; Parry et al., 2013; Figure 7.2a). Faunal assemblages were more 
responsive to extreme low-flows than to high discharges, in direct contradiction to the findings of Suren 
and Jowett (2006) and Piniewski et al (2017). Various macroinvertebrate community responses 
(particularly functional trait metrics) exhibited significant quadratic responses over a short temporal 
scale (< 25 days) after the termination of extreme low-flow periods (Table 7.3 and Figure 7.3a). This 
highlights that short-term, unimodal ecological responses occurred following extreme low-flow events, 
suggesting that lower functional diversity values arose immediately after the onset hydrological 
recovery, which was likely due to communities only comprising taxa exhibiting strong resistance 
capabilities (Chadd et al., 2017). Subsequently, a rapid influx of taxa possessing key resilience 
strategies occurred within c. 1 to 3 weeks after the termination of extreme low-flows (e.g. Ledger and 
Hildrew, 2001), before the slower recovery (c. 3 weeks) of larger bodied taxa and the onset of intense 
biotic interactions prompted the domination of competitively superior fauna (Bogan et al., 2013; 2015). 
Instream communities were more responsive to indices characterising anthropogenic flow alterations 
compared to those denoting hydrological indices (Table 7.4) and often exhibited unimodal (quadratic) 
responses. This highlights that the ecological characteristics of macroinvertebrate communities (defined 
through a suite of structural and functional metrics) typically peaked at low-moderate abstraction 
influences (c. 10-15% reduction in discharge) and negative ecological responses only occurred at higher 
abstraction levels (c. >25% reduction in discharge – Figure 7.4). This provides empirical evidence 
supporting the ‘presumptive standard’ outlined by Gleeson and Richter (2018), who outlined that when 
appropriate hydrogeological and ecological information is not available, groundwater abstraction rates 
should be limited so that river baseflows are only reduced by up to 10% in order to conserve riverine 
ecosystems. 
8.3 Key themes 
8.3.1 Linking together key themes 
Throughout the research presented within this thesis, three key themes arose recurrently: (i) community 
responses hydrological controls – ‘flow-ecology relationships’; (ii) community responses to the 
proportion of discharge added or removed from the river via anthropogenic activities – ‘flow alteration-
ecology relationships’ and (iii) water resource management and environmental flows (e-flows) – the 
provision of water for environmental and societal needs. These correspond closely with the procedures 
outlined within the ‘Ecological Limits of Hydrological Alteration’ (ELOHA) established by Poff et al 
(2010; Figure 8.1), which is widely recognised within e-flow literature globally (McManamay et al., 
2013; Solans and García de Jalón 2016; Poff, 2017, Wheeler et al., 2017).   
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Figure 8.1 – The ‘Ecological Limits of Hydrological Alteration’ (ELOHA) framework with 
correspondingly numbered key themes of this thesis. Adapted from Figure 1 in Poff et al (2010).  
Findings from this thesis span various spatial and temporal scales and provide a novel perspective on 
how flow-ecology and flow alteration-ecology relationships could be used to guide effective water 
resource management operations. Figure 8.2 provides a conceptual framework illustrating how these 
themes are linked. Establishing flow-ecology relationships within ‘minimally altered’ environments 
(i.e. as close to ‘reference’ conditions as possible) allows key hydrological properties that instream biota 
depend on to be characterised in more ‘natural’ settings. Such statistical associations could be used to 
underpin the identification and implementation of key flow events required to sustain river ecosystems 
within hydrologically altered environments (as outlined within the ‘building block’– King et al., 2003 
and ‘functional flows’ methodologies –Yarnell et al., 2015). Flow-ecology relationships within 
hydrologically modified environments allows community responses to unnatural aspects of the flow 
regime to be quantified. For example in Chapter 4 of this thesis, different ecological responses were 
significantly influenced by the minimum flows during July within regulated environments, but not 
within non-regulated systems. Modified hydrological properties may have beneficial or detrimental 
implications for lotic ecosystems which could be conserved or modified within e-flow frameworks, 
respectively. In many cases anthropogenically modified flow regimes may yield positive effects for 
instream biota, outlining a need to embrace ‘reconciliation ecology’ within e-flow research and 
implementation (see Arthington et al., 2014; Moyle, 2014), whereby modified hydrological properties 
should be conserved in select cases. Deriving ‘flow alteration-ecology’ relationships provides a greater 
understanding for river managers regarding the limits that river discharges can be changed from 
reference (or minimally altered) conditions without negatively effecting biotic communities, as 
described in the ELOHA framework (see Poff et al., 2010).  
i ii 
iii 
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Figure 8.2 – Conceptual framework highlighting the linkages between flow-ecology and flow alteration-ecology relationships with water resource 
management activities and environmental flows.  
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8.3.2 Flow-ecology relationships 
Research undertaken within this thesis has highlighted the use of hydrological (surface water and 
groundwater) models for characterising the flow regime variability occurring across entire river 
networks. This enhances the number of ecological study sites which can be used to examine flow-
ecology relationships, as opposed to being restricted to specific locations (ecological sampling sites) 
positioned in close proximity to a stream gauge (Poff et al., 2010; Wilby et al., 2017; see Chapter 7.1). 
Hydrological models outputting continuous discharge time-series allows antecedent flow conditions to 
be characterised through a suite of indices encompassing the five facets of the ‘natural flow regime’ 
(Poff et al., 1997; see also Richter et al., 1996; 1997 and Chapter 2.2). Olden and Poff (2003) 
demonstrated high levels of redundancy and collinearity between hydrological indices used by scientists 
globally and outlined a multivariate statistical procedure which could be used to reduce such statistical 
limitations while capturing the dominant forms of hydrological variability (utilised within Chapters 4 
and 6 of this thesis). However, Monk et al (2007b) demonstrated how this statistical procedure can 
potentially exclude ecologically influential hydrological indices. Alternative statistical techniques 
capable of simultaneously modelling highly correlated independent variables have been applied to 
examine macroinvertebrate community responses to numerous environmental variables, including 
propensity modelling (Pearson et al., 2016) and gradient boosting within additive modelling techniques 
(Maloney et al., 2012). Statistical procedures undertaken within Chapter 7 of this thesis provides an 
alternative methodology to circumvent the exclusion of ecologically influential hydrological indices, 
whereby the individual effect of each flow index was separately modelled (before subsequently 
checking for collinearity between ecologically influential flow indices). Alternatively, Stewart-Koster 
et al (2014) demonstrated how functional linear models can be utilised to construct robust flow-ecology 
relationships. This statistical technique incorporates antecedent discharge time series as an independent 
variable which is modelled as a series of functions. As such, a functional linear model can be used to 
test an ecological response to the multi-dimensionality of the hydrograph, as opposed to specific 
hydrological attributes (Stewart-Koster et al., 2014; Chen and Olden, 2017b). While there are 
limitations and benefits to the use of hydrological indices versus functional linear models when 
constructing flow-ecology relationships (see Stewart-Koster et al., 2014), findings from this thesis 
demonstrated the benefits of testing community responses to specific hydrological indices to guide 
regional water resource management operations (see Figure 8.2). 
8.3.3 Flow alteration-ecology relationships 
Studies examining ecological responses to indices characterising hydrological alterations are limited 
compared to those constructing flow-ecology relationships (Bradley et al., 2017), despite being a 
fundamental part of the ELOHA framework (Poff et al., 2010; see Figure 8.1). For example, in an 
exhaustive literature review search, Poff and Zimmerman (2010) identified 165 papers reporting the 
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ecological implications of a specific hydrological alteration, but only 34 of these studies reported a 
reliable ecological response to the proportion of flow altered by an anthropogenic activity. Due to the 
long-standing influence of hydrological alterations on fluvial environments, which frequently pre-dates 
the collection of ecohydrological data, a ‘space-time substitution’ is regularly adopted by scientists 
(Chen and Olden, 2017b). However, many studies qualitatively attribute hydrological alterations as the 
cause of ecological differences between systems or sites impacted and unimpacted (control) by a certain 
water resource management activity (e.g. Bickerton et al., 1993; Gillespie et al., 2015b - see Poff and 
Zimmerman, 2010). Alternatively, many studies construct flow-ecology relationships within fluvial 
systems subjected to hydrological alterations and infer the effects of modified flows from this (e.g. 
Chapter 4; Armanini et al,. 2014; Kennen et al., 2014), as opposed to directly quantifying an ecological 
response to the proportion of discharge added to or removed from the river. Flow-ecology relationships 
are commonly adopted within fluvial environments affected by flow regulation as a factorial design (i.e. 
control or non-regulated versus impacted or regulated). This can be readily established by targeting sites 
positioned upstream or downstream of an impoundment (as conducted within Chapter 4), or by 
comparing similar river systems where flow regulation activities are assumed to be the only (or major) 
environmental difference driving ecological differences (Gillespie et al., 2015b). However, establishing 
sites unimpacted (control) by groundwater abstraction can be experimentally challenging as its 
hydrological implications can extend both upstream and downstream of the pumping location. In a study 
examining invertebrate community responses to groundwater abstraction, Bickerton et al (1993) 
established control sites that were positioned at distant downstream locations, whereby inflowing 
tributaries minimised the hydrological effects of groundwater abstraction. Such fluvial discontinuities 
could produce natural ecological differences irrespective of upstream anthropogenic flow alterations 
(as discussed by Bickerton et al., 1993 - also see Rice et al., 2001 and discussed further below). 
Accounting for longitudinal variations of groundwater abstraction influence on instream river 
discharges requires intense fieldwork observations (e.g. Bradley et al., 2014) or detailed groundwater 
modelling techniques (utilised within Chapters 5, 6 and 7). This probably explains the lack of studies 
examining ecological responses to groundwater abstraction compared to other forms of hydrological 
alteration (Poff and Zimmerman, 2010). As a result, utilising groundwater models to derive the 
proportion of discharge removed via groundwater abstraction provides a reliable and robust technique 
to derive hydrological information underpinning flow alteration-ecology relationship, as demonstrated 
within Chapters 5-7 of this thesis. 
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8.3.4 A hierarchical, multi-scale framework for establishing flow- and flow 
alteration-ecology relationships 
A spatially organised hierarchical model has been widely advocated within the context of river 
management (e.g. Frissell et al., 1986; Armitage and Cannan, 1998; Gurnell et al., 2016). This is 
somewhat (but not wholly) advocated within the ELOHA framework, which outlines that a ‘user-
defined region’ should be identified as a basis to guide spatially comparable flow-ecology and flow 
alteration-ecology relationships, as well as the implementation of e-flows (Poff et al., 2010; also see 
Arthington et al., 2006). Figure 8.3 provides a conceptual framework comprising a multi-scale, spatially 
hierarchical structure to guide the establishment of flow-ecology and flow alteration-ecology 
relationships which could underpin effective water resource management and e-flow strategies. The 
conceptual framework highlights the need to establish appropriate spatial scales and environmental 
contexts from which transferrable flow-ecology and flow alteration-ecology associations can be 
quantified (see Chen and Olden, 2017b).  
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Figure 8.3 – Conceptual framework underpinned by results from this thesis highlighting a multi-scale, spatially 
hierarchical structure. The framework highlights the environmental contexts from which flow-ecology and flow 
alteration-ecology relationships could be established to guide water resource management activities and e-flows. 
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Accounting for anthropogenic (e.g. water resource operational boundaries) controls (in addition to 
natural influences – e.g. climate, geology) is vital when establishing distinct e-flow ‘regions’ because 
environmental regulators and water companies often adopt different water resource management and e-
flow strategies (Acreman et al., 2008; Bowles and Henderson, 2012). Within this thesis, Chapter 7 
accounted for both natural (i.e. comparable climate, groundwater dominated environments) and 
anthropogenic (i.e. all rivers under the operational management of Wessex Water plc.) factors for 
establishing a region-wide approach to guide e-flow strategies (as outlined in Figure 8.3).  
Subsequently, the research within this thesis highlights the need to classify river segments (sensu 
Frissell et al., 1986) based on its longitudinal connectivity along the watercourse. This can be shaped 
by natural and anthropogenic controls (see Chapters 4 and 5), including catchment wide drying patterns 
(see Lake, 2003), impoundments restricting the dispersal and migration of lotic flora and fauna (Satake 
and Ueno, 2012; Harris et al., 2017) and anthropogenically induced hydrological transitions (i.e. 
perennial to intermittent, or vice versa – Figure 8.3). The ‘Serial Discontinuity Concept’ (sensu Ward 
and Stanford, 1983b) prompted widespread ecological research on how impoundments impinge the 
downstream longitudinal progression of biotic communities within river systems (see Stanford and 
Ward, 2001; Ellis and Jones, 2016). Rice et al (2001) highlighted that many of these principles could 
be applied to alternative disruptions to the longitudinal progression of riverine ecosystems, namely 
tributaries which significantly alter biotic communities (also see Katano et al., 2009). However, the 
importance of the connectivity and spatial proximity between intermittent and perennial reaches has not 
been widely incorporated and adapted into such theories, despite its control on the dispersal and biotic 
interactions between riverine organisms (Gore, 1982; Bogan et al., 2013; Hill and Milner, 2018; see 
Chapter 5). In addition, accounting for longitudinal drying patterns is important for understanding the 
rate at which taxa can colonise temporary waterbodies (e.g. Storey and Quinn, 2008). Rivers drying 
from the mid-reaches may require alternative management strategies to conserve river ecosystems 
compared to those drying longitudinally downstream from the headwaters (see Lake, 2003; Appendix 
C). It is important to consider how anthropogenic activities modify the longitudinal connectivity of river 
networks through transitions in hydrological states (i.e. perennial to intermittent and vice versa) and 
how this may act as barriers to migration and dispersal of aquatic organisms. As such, establishing river 
segments bounded by major hydrological disruptions should be considered in future e-flow frameworks 
when considering the transferability of flow-ecology and flow alteration-ecology relationships (see 
Mims and Olden, 2013; Chen and Olden, 2017b). This process could also allow river segments with 
minimally altered hydrological conditions to be identified, with flow-ecology relationships established 
in such environments informing water resource management activities (see Figure 8.2).   
Establishing a hydromorphological classification at the reach-scale is important for understanding the 
physical properties of river channels at a spatial unit which practitioners and regulators can most easily 
manage (Roni et al., 2008; Gurnell et al., 2016). Understanding reach-scale ecological responses to 
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flow controls provides an important bridge between hydrological and hydraulic controls (see Monk et 
al., 2007a) as both flow-ecology and flow alteration-ecology relationships are likely to vary between 
different morphological settings. In the ELOHA framework, a geomorphic ‘sub-classification’ is 
advocated as identical water volumes may have substantially different ecological effects within river 
channels possessing different refuges (Poff et al., 2010). The heterogeneity of habitats at the reach-scale 
has been shown to govern the resistance and resilience of biotic communities to extreme hydrological 
events (Negishi et al., 2002; Dunbar et al., 2010a; 2010b). Various morphological typologies have been 
outlined historically by geomorphologists and can incorporate natural (e.g. valley confinement, 
planform, bed material) and anthropogenic (e.g. bank channelisation, instream artificial structures) 
physical features (e.g. Rosgen, 1994; Gurnell et al., 2016).  
Building on the morphological classification within the ELOHA framework, this thesis highlights the 
need to establish flow-ecology and flow alteration-ecology associations (encompassing both 
hydrological and hydraulic principles) across specific habitats (see Chapter 6). The spatial scale of lotic 
habitats can range from channel areas defined by hydraulic properties (e.g. pool-riffle sequences - 100m; 
Frissell et al., 1986) to habitat complexity (surface crevices on benthic substrata – 10-4m; Barnes et al., 
2013) often depending on the size of the taxonomic group being studied (e.g. diatoms, macrophytes, 
macroinvertebrates, fish - Newson and Newson, 2000; Rice et al., 2010). Habitat typologies identified 
within e-flow frameworks partially depend on the ecological asset(s) being studied, which is often 
driven by societal perceptions and needs for certain ecosystem services (Arthington et al., 2010; Poff 
et al., 2010). As such, habitats defined by hydraulic properties are often utilised within e-flow strategies 
which exert significant influences on fish populations (Armstrong et al., 2003; Lamouroux and Olivier 
2015). However, results from Chapter 6 of this thesis demonstrated significant macroinvertebrate 
community responses to flow properties across different mineralogical coverings (e.g., gravel and sand 
substrate patches) and organic habitats (e.g., macroalgae and macrophyte stands). Although the 
identification of such habitat features were originally designed for monitoring macroinvertebrate 
communities (Kemp et al., 1999), they can be readily incorporated to ecological assessments of larger-
bodied organisms, such as fish (e.g. Storey and Creagh, 2014) which utilise different mineralogical and 
organic habitat patches across different stages of their life-cycle (Gosselin et al., 2010; 2012). 
Moreover, examining organic habitat patches, such as macrophytes and filamentous algae, can provide 
direct evidence of how flow controls shape the presence and heterogeneity of different primary 
producers (e.g. Armitage and Pardo, 1995). As such, establishing flow-ecology and flow alteration-
ecology relationships across small-scale habitat features could provide robust, ecological information 
which can be readily utilised by river managers (Kemp et al., 1999; White et al., 2017) and could guide 
effective water resource management operations and e-flow strategies.  
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8.3.5 Water resource management operations and environmental flows 
Different forms of water resource management activities have variable influences on river flow regimes 
and subsequently require distinct hydrological considerations when designing and implementing e-
flows (Figure 8.4). Flow regulation can reduce or elevate discharges at different times and this varies 
widely depending on the type of reservoir and its intended purpose (see Richter and Thomas, 2007; 
Chapter 2.4). Despite this, e-flows below impoundments have been historically centred on sustaining a 
minimum flow required for a target species (Petts, 2009; Poff et al., 2010; Figure 8.4). This has still 
been widely practised in recent examples of flow restoration projects conducted globally (Petts, 2009), 
including the Rhône (France - Lamouroux and Olivier, 2015) and Hawkesbury-Nepean (Australia - 
Growns, 2016) systems. Ecological responses to increased river discharges have proven to be highly 
variable (Poff and Zimmerman, 2010). Rewetting unnaturally dry riverbeds below reservoirs may 
prompt the recolonisation of taxa sensitive to flow cessation (e.g. Bradford et al., 2011) and should be 
routinely implemented within e-flow strategies. However, the ‘artificial perennialisation’ of temporary 
watercourses may produce different biotic communities than would naturally occur (Moyle, 2014). 
Scientists and practitioners now recognise the need to account for the full variability of river flow 
regimes within e-flow strategies, rather than just a minimum discharge threshold (Poff, 2017; 
Thompson et al., 2017). For example, the building block methodology (King et al., 2003) and functional 
flows approach (Yarnell et al., 2015) highlights how specific hydrological events which are beneficial 
to riverine ecosystems should be emulated. This could include enhancing the variability of low-flows 
through freshet triggers for salmonids (Acreman and Ferguson, 2010) or mimicking peak flow 
discharges to remove fine sediments or connect river floodplains (Yarnell et al., 2015), which represent 
high quality water management operations outlined in Figure 8.4. Flow-ecology relationships could 
underpin these e-flow methodologies by advising on ecologically desirable hydrological events to 
imitate within modified river systems. For example, Chen and Olden (2017a) examined long-term fish 
responses to hydrological controls and statistically demonstrated that emulating specific hydrological 
events could favour native species over non-native species simultaneously, while also sustaining human 
needs for water. However, evidence demonstrating positive ecological responses to the implementation 
of e-flows below impoundments is sparse globally and mixed ecological benefits have been reported 
from flow releases downstream of reservoirs (Poff and Zimmerman, 2010; Olden et al., 2014; Gillespie 
et al., 2015b). In addition, impoundments often do not possess the necessary infrastructure to release 
additional volumes of water other than those required for its original purpose (Richter and Thomas, 
2007; Acreman et al., 2014). For example, Growns (2016) highlighted how specific dams and weirs 
across the Hawkesbury-Nepean system could not convey the necessary volume of water and alternative 
flows had to be released from elsewhere.  
Research examining the ecological benefits of e-flows centred on groundwater resource management 
is sparse globally. Owen (1991) highlighted that minimising or restoring the hydrological effects of 
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groundwater abstraction practices could be achieved through artificially enhancing stream flows, 
replacing groundwater supplies or reducing pumping rates (through stricter environmental legislation). 
Establishing an ecologically acceptable proportion of flow alteration guided by expert opinion is the 
most commonly practised technique for informing groundwater abstraction limits globally (see 
Acreman et al., 2008). For example, across England and Wales, the Environment Agency established 
‘Catchment Abstraction Management Strategies’ (CAMS) to guide water resource allocations across 
river basins and this is used to establish licensed abstraction limits for all water abstraction points 
(including groundwater boreholes - Acreman et al., 2008). The ‘stream support’ low-flow alleviation 
strategies adopted by Wessex Water (see Chapter 3) represents one e-flow technique specifically aimed 
to mitigate the potential ecological implications of groundwater abstraction on riverine ecosystems. 
Stream support relies on augmenting groundwaters directly into select river channels during periods of 
low-flow (Figure 8.4). It was initially explored within chalk environments across southern England 
following the major drought in 1976 (Berrie and Wright, 1984). Wright and Berrie (1987) tested the 
ecological implications of such techniques and highlighted immediate ecological recovery following a 
major drought, while Strevens (1999) utilised a habitat simulation e-flow methodology (Physical 
Habitat Simulation, PHABSIM – see Chapter 2.3) to demonstrate that increased discharges from stream 
support increased the availability of habitats utilised by brown trout (Salmo trutta). However, Haley 
(2009) demonstrated that although stream support raised water-levels during extreme droughts, it also 
led to reaches flowing continuously which would naturally dry and precluded the establishment of 
wetland zones adjacent to the river channel. Haley (2009) highlighted that this resulted in various 
aquatic species increasing substantially, but wetland flora decreased significantly because of stream 
support activities. As such, ecological responses to regional low-flow alleviation strategies (stream 
support) have been inconsistent, in keeping with similar findings reported on a global scale (see Poff 
and Zimmerman, 2010). However, alternative e-flow strategies recognising how groundwater 
abstraction influences all components of the flow regime has not been widely explored, although Figure 
8.4 articulates how hydrographs influenced by groundwater abstraction could be modified to emulate 
specific hydrological conditions, including enhanced variability of low-flow events and mimicking peak 
discharges (discussed above).  
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High Figure 8.4 – Hypothetical hydrographs highlighting how flow regulation and groundwater abstraction 
influence flow regime variability in a perennial river system. It highlights how water resources can be 
managed to emulate specific (ecologically beneficial) hydrological events (in this example characterised 
through low-flow variability and natural flood magnitudes). 
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8.4 Future research 
The research undertaken within this thesis has highlighted how coupling macroinvertebrate community 
data together with hydrological information can be used to guide water resource management 
operations. Notwithstanding, studies undertaken within this thesis have highlighted various aspects of 
e-flow research which could be further advanced to guide future water resource management operations.  
8.4.1 The availability of ecological and hydrological data 
A greater amount of ecological and hydrological information underpinning flow-ecology and flow 
alteration-ecology relationships would provide more robust scientific baseline information to guide 
river management practices. This is particularly necessary within temporary watercourses, whereby 
biotic communities have not been as widely as sampled compared to perennial environments (Leigh et 
al., 2016b; Acuña et al., 2017). This is in part due to temporary watercourses often being publicly 
perceived as supporting a poor ecosystem health (Stubbington et al., 2017). Systems experiencing 
hydrological transitions between permanent and temporary flowing systems are often positioned in 
catchment headwaters, particularly in Temperate climate regions (Stubbington et al., 2017). The 
quantity of hydrological data being collected globally is declining and this is most evident in upland 
environments because of lowland hydrological monitoring stations being prioritised as they are more 
likely to capture extreme floods associated with significant socioeconomic implications (Hannah et al., 
2011; Wilby et al., 2017; Ruhi et al., 2018). Water resource management activities are most likely to 
have a greater proportional influence within headwater streams due to lower water volume availability 
and shifts in hydrological states being most likely to occur. Within the UK, 80% of water abstracted for 
human consumption are harvested from upland environments (Durance et al., 2016) and this has the 
potential to directly influence the length of temporary river reaches and the variability of flowing 
conditions. However, greater uncertainties occur when hydrologically modelling flows in upland 
environments compared to lowland perennial environments (Soley et al., 2012b). Greater research is 
required to more accurately model the longitudinal distribution of drying patterns, the duration of 
flowing conditions (e.g. Larned et al., 2011; Yu et al., 2018) and account for anthropogenic flow 
alterations (e.g. Soley et al., 2012a; Soley et al., 2012b). As such, increasing the quantity and quality 
of ecohydrological information in the future is going to be essential for establishing reliable flow-
ecology and flow alteration-ecology relationships. This will be particularly necessary within upland 
environments and watercourses likely to transition between perennial and temporary hydrological 
states.  
8.4.2 Establishing flow alteration-ecology relationships 
Studies constructing flow alteration-ecology relationships are limited globally (Bradley et al., 2017), 
despite providing essential evidence regarding how water resource management operations modify 
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aquatic ecosystems (see above and Poff et al., 2010). Results from Chapter 7 highlight that the 
calculation of metrics characterising different aspects of how flow alteration time series (e.g. percentage 
of discharge added or removed during different months) can provide robust flow alteration-ecology 
relationships, which could guide water resource management operations. As such, deriving continuous 
measurements of flow alterations (as opposed to proportional changes associated within single 
experimental hydrological events – see Olden et al., 2014) should be more widely utilised within e-flow 
research (e.g. Bradley et al., 2017; also see Zimmerman et al., 2017). While this was used exclusively 
for groundwater model outputs within this thesis, comparing proportional alterations in river discharges 
between regulated and non-regulated systems could be readily implemented and linked with ecological 
information. In addition, quantifying changes in biotic communities between samples taken over time 
(i.e. ‘rates’ of ecological change) in relation to hydrological controls is rarely adopted within e-flow 
research (see Wheeler et al., 2017). Quantifying the rate of change of an ecological response variable 
associated with an flow alteration index would provide a greater causal understanding of how human 
alterations to flow regimes are directly altering river ecosystems and should be more widely explored 
in future studies.  
8.4.3 Ecological responses to multiple environmental controls  
The need to account for multiple environmental controls (e.g. physico-chemical properties, channel 
morphology) in addition to hydrological properties has been widely advocated within e-flow research 
(Poff et al., 2010; Acreman et al., 2014; Poff, 2017; Thompson et al., 2017). Examining the influence 
of various abiotic and biotic variables can potentially highlight whether such influences have negligible, 
additive, subtractive or synergistic influences on community compositions (Vaughan et al., 2009; 
Acreman et al., 2014). For example, Durance and Ormerod (2009) highlighted long-term invertebrate 
community compositions were more responsive to water quality and hydrological controls compared to 
stream temperatures; thus providing evidence for regional management practices to target nutrient 
pollution levels and manage the influence of extreme hydrological events on riverine ecosystems. In 
addition, flow regimes exert significant indirect influences on instream community compositions 
through regulating key environmental controls, such as water quality properties (e.g. pollution dilution) 
or channel morphology (e.g. through sediment entrainment or deposition; Poff et al., 1997; Monk et al., 
2006; Poff et al., 2010). As such, future research should appraise the additive and interactive effects of 
hydrological indices and other environmental controls on community compositions; as well as 
accounting for the indirect influences of changing flow regimes on the ecological quality of lotic 
environments through modifying different environmental influences.  
In addition, understanding the causal mechanisms underpinning direct controls of hydrological 
variability requires greater consideration within future research (see Lancaster and Downes, 2010). 
Translating large-scale hydrological processes to local hydraulic controls and its subsequent influence 
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on instream communities remains challenging for river scientists and practitioners (e.g. Turner and 
Stewardson, 2014). Such complexities are magnified when considering the modifying influences of 
instream habitats. Figure 8.5 examines such complexities by conceptually highlighting the role of 
hydrological, hydraulic and habitat influences on macroinvertebrate communities. Hydrological 
processes can operate across large spatial scales (catchment- to region-wide) and control smaller-scale 
hydraulic controls and habitat features, which in turn structure floral and faunal community 
compositions (as well as hydrological influences directly shaping community compositions – Figure 
8.5). Some hydraulic-habitat-ecology linkages are widely recognised in e-flow research, such as depth-
velocity (hydraulic) profile controls on instream community compositions (Westwood et al., 2006; 
Silva et al., 2016), as well as mineralogical and organic habitat patches (Kemp et al., 1999). The 
influence of substrate size classes on biotic communities has also received widespread research 
attention (e.g. Westwood et al., 2006; Chadd et al., 2013; Buendia et al., 2014). However, many of the 
individual and interactive effects of hydraulic and habitat controls on biotic communities are often 
neglected and require consideration within future e-flow research. These include (but are not limited 
to) the interactive effects of hydraulic influences and habitats on instream communities (see Chapter 6); 
how the biodiversity of macrophyte communities and their life-cycles influence local hydraulic controls 
(e.g. Baartrup-Pedersen et al., 2018 – Ranunculus sp. coverings enhance local river depths by >50% in 
the study region – Wessex Water, 2008, see also Biggs et al., 2016); the influence of flora and fauna on 
localised sediment distributions (e.g. Rice et al., 2012) and how these hydraulic-habitat-ecology 
linkages and feedbacks are shaped by wider hydrological controls and anthropogenic flow alterations. 
Gaining detailed measurements and an improved understanding of these linkages would enable 
scientists and practitioners to recognise the causal mechanisms underpinning ecosystem responses to 
flow (hydrological and hydraulic) and habitats controls (Lancaster and Downes, 2010), which could be 
used to guide future e-flow methodologies.  
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Figure 8.5 – Conceptual framework demonstrating the link between macroinvertebrate communities and hydrological, hydraulic and habitat controls. 
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8.5 Concluding remarks 
Flow is widely recognised as the ‘master’ variable shaping river ecosystems. Water resource 
management operations have drastically modified the hydrological variability exhibited by fluvial 
systems globally. Scientists and practitioners widely advocate the need to quantify ecological responses 
to flow controls within riverine environments in order to inform how water resources can be 
manipulated to optimise lotic ecosystem health. This thesis has demonstrated the role of various flow 
controls in shaping macroinvertebrate community compositions in river systems subjected to various 
hydrological alterations across a range of spatial (habitat-regional) and temporal (season-decadal) 
scales. It has highlighted how quantifying ecological responses to different aspects of the flow regime 
(i.e. flow-ecology) and metrics denoting anthropogenic alterations to stream discharges (i.e. flow 
alteration-ecology) can be used to guide water resource management operations. Findings from this 
thesis demonstrate how integrating flow controls on riverine ecosystems operating across various spatial 
and temporal scales could underpin environmental flows.  
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Appendix A 
The following appendix contains published article within the journal Ecohydrology underpinning the 
results of Chapter 4 of the thesis. 
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Abstract
Flow regulation via impoundments threatens lotic ecosystems and the services they provide
globally. Impoundments drastically alter flow and stream temperature variability within fluvial
environments, but efforts to quantify ecohydrological and ecothermal responses to flow regula-
tion in conjunction have been sparsely explored to date. This study examined macroinvertebrate
community responses to antecedent flow (discharge) and stream temperature variability across
paired regulated and non‐regulated systems associated with three reservoirs located in adjacent
catchments. Community abundances, functional traits, and biomonitoring indices were exam-
ined, and ecological differences between non‐regulated and regulated sites were quantified, with
the most sensitive faunal response being correlated against a suite of flow and thermal indices.
Regulated sites exhibited reduced low‐flow variability and rapid increases in discharge during
peak flows that regularly exceeded those conveyed by non‐regulated sites, while stream temper-
ature variability was highly congruent between sites. Macroinvertebrate functional traits were
particularly sensitive to flow regulation, and incorporating biomonitoring indices marginally
improved the ecological discrimination between regulated and non‐regulated sites. Unlike
community abundances, functional traits did not vary spatially between catchments, highlighting
that such information could guide the implementation of regional environmental flows.
Macroinvertebrate communities responded significantly to various hydrological parameters,
particularly those associated with the timing of extreme flows, but were less sensitive to thermal
controls. Future research should explore ecological responses to antecedent hydrological and
stream temperature variability associated with flow regulation to provide a better understanding
of the underlying mechanisms driving biotic alterations, which could guide future environmental
flow methodologies.
KEYWORDS
environmental flows, hydrology, impoundment, invertebrate, thermal
1 | INTRODUCTION
Hydrological modifications to the natural flow regime via river regula-
tion (Richter, Baumgartner, Powell, & Braun, 1996; Armanini et al.,
2014) and particularly impoundment threaten the integrity of fluvial
ecosystems globally (Nilsson, Reidy, Dynesius, & Revenga, 2005; Poff
& Zimmerman, 2010; Cortez, Growns, Mitrovic, & Lim, 2012; Gillespie,
Desmet, Kay, Tillotson, & Brown, 2015b). The construction of
impoundments disrupts the longitudinal continuity of fluvial ecosys-
tems, as illustrated by the “Serial Discontinuity Concept” (sensu Ward
& Stanford, 1983). Such barriers often compromise the biotic integrity
of rivers by restricting the downstream transport of sediments and
trophic resources (Growns & Growns, 2001; Katano et al., 2009), as
well as the migration of lotic fauna including iconic fish populations
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(Pelicice, Pompeu, & Agostinho, 2015) and other taxa such as
macroinvertebrates (Satake & Ueno, 2012). In addition, river regulation
modifies downstream channel morphologies (Carling, 1988; Petts &
Gurnell, 2005) and the physico‐chemical properties of impounded
waters and their tailwaters, including dissolved oxygen (Nürnberg,
2002; Satake & Ueno, 2012) and stream temperature variability (Webb
& Walling, 1996; Casado, Hannah, Peiry, & Campo, 2013). Such
modifications have potentially significant ecological implications (see
Ward & Stanford, 1983, 1995; Ellis & Jones, 2013), although the num-
ber of studies quantifying the long‐term biotic responses to multiple
environmental variables modified by flow regulation has been limited.
Hydrological and thermal modifications downstream of impoundments
have been found to persist over greater longitudinal distances
compared to other environmental variables, such as periphyton con-
centration and substrate composition (Ellis & Jones, 2014). As such,
quantifying ecological responses to flow and stream temperature vari-
ability across multiple years would allow key drivers of biotic change to
be observed and quantified on an interannual basis, which could
underpin the development of future “environmental flow” strategies
(Olden & Naiman, 2010; Acreman et al., 2014; Gillespie et al., 2015b;
King et al., 2015).
Environmental flows (e‐flows) refer to the sustainable delivery of
water capable of supporting aquatic ecosystems and the services they
provide (Arthington, Naiman, McClain, & Nilsson, 2010; Acreman et al.,
2014). Approaches to e‐flows associated with impoundments have
been historically centered on sustaining a minimum flow that is capable
of supporting a target species (Petts, 2009). However, the develop-
ment of the “Indicators of Hydrologic Alteration” (sensu Richter et al.,
1996) and the “Range of Variability Approach” (sensu Richter,
Baumgartner, Wigington, & Braun, 1997) prompted the development
of novel methods for quantifying hydrological modifications induced
by anthropogenic activities (such as river regulation) centered around
the five facets of the natural flow regime: “magnitude,” “frequency,”
“duration,” “timing,” and “rate of change” (Poff et al., 1997). Such
frameworks have underpinned the identification and examination of
over 200 “ecologically relevant” flow indices (Olden & Poff, 2003;
Monk, Wood, Hannah, & Wilson, 2007) that have been related to eco-
logical responses in lotic environments across a wide range of studies
(e.g., Englund & Malmqvist, 1996; Clausen & Biggs, 1997; Monk
et al., 2006; Kennen, Riva‐Murray, & Beaulieu, 2010; Belmar et al.,
2013; Worrall et al., 2014). Such ecohydrological relationships have
also been established to quantify the biotic alterations driven by differ-
ent forms of hydrological modification, including river impoundments
(Armanini et al., 2014) and groundwater abstraction (Kennen, Riskin,
& Charles, 2014).
Although there has been a historical emphasis on the volume of
water available to the environment, there is increasing acknowledge-
ment that e‐flow methodologies should also consider stream tempera-
ture variability within lotic systems (e.g., Olden & Naiman, 2010).
Recent research has illustrated this through the exploration of stream
temperature variability occurring across the five facets that comprise
the natural flow regime (Chu, Jones, & Allin, 2010; Casado et al.,
2013), implying that both thermal and hydrological indices share signi-
ficant ecological relevance. Considering and quantifying ecological
responses to flow and stream temperature variability in unison have
the potential to provide a greater understanding of what mechanisms
are driving instream community responses to river regulation and a
platform for guiding the development of e‐flow frameworks, which has
seldombeenexploredtodate(butseeJackson,Gibbins,&Soulsby,2007).
The functional traits (biological properties and ecological
preferences) of macroinvertebrate communities are being increasingly
utilized by scientists and practitioners to provide a greater causal
understanding of biotic responses to a range of anthropogenic
stressors (see Statzner & Bêche, 2010), including hydrological
alterations (Tupinambás et al., 2014; Dolédec et al., 2015). However,
the examination of taxonomic compositions may provide additional
insights into how individual taxa respond to hydrological modifications,
including non‐native organisms that frequently proliferate in systems
with modified flow regimes (Bunn & Arthington, 2002). In addition, a
number of routine biomonitoring indices based on faunal preferences
and tolerance ranges to different environmental parameters have been
used to quantify macroinvertebrate community responses to flow
regulation (e.g., Armanini et al., 2014; Gillespie, Brown, & Kay,
2015a). Evidently, ecological information can be processed in various
forms, but these may not respond consistently to the construction of
impoundments and few studies have quantified their relative sensiti-
vity to flow regulation (but see Tupinambás et al., 2014).
This paper examines medium‐term ecological responses to
antecedent flow and stream temperature variability across paired
regulated and non‐regulated (control) sites associated with three
reservoirs. The study aims are threefold: (a) to assess how reservoirs
with comparable operational regimes influence stream temperature
and flow (discharge) variability; (b) to examine how impoundments have
modified the macroinvertebrate communities (community abundances,
functional traits, and biomonitoring indices) compared to adjacent non‐
regulated sampling sites; and (c) to quantify macroinvertebrate
responses to flow and stream temperature variability across paired
regulated and non‐regulated sampling sites over multiple years.
2 | METHODS
2.1 | Study area
Six sampling sites were examined across three impoundments
(Clatworthy, Durleigh, and Sutton Bingham reservoirs) within the
county of Somerset, UK (Figure 1) across the study period
(2003–2011). Paired non‐regulated and regulated sampling sites were
located <2 km upstream and downstream of the impounding structures,
respectively. The reservoirs studied displayed differing trophic statuses
and physical properties (Table 1) but were selected for comparison due
to (a) their geographical proximity within the same region (all sites
experience a comparable climate, overlay similar geologies, and are
operated by Wessex Water plc.); (b) the availability of ecological
(macroinvertebrate) and antecedent abiotic (flow and stream tempera-
ture) information from the same sampling sites across multiple years;
and (c) all reservoirs being subject to comparable reservoir operational
regimes. Each impoundment releases a continuous compensation flow
downstream and all possess a spill weir that facilitate rapid increases
in discharge downstream when water levels reach maximum capacity.
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In addition, all of the reservoirs operate continuous aeration systems
that prevent thermal stratification throughout the year.
2.2 | Flow and temperature data
Hydrological variability at regulated sampling sites was measured by
gauges at each of the reservoir outflows that provided average daily
discharge values (m3/s). Flows at all non‐regulated sampling sites were
derivedviahydrologicalmodels (mass‐balanceorarea‐runoff)developed
by the regional water company (WessexWater plc.). Themodels output
an average weekly discharge value (m3/s) and have been approved as
accurate representations of non‐regulated flows by the Environment
Agency (EA—the statutory environmental regulator in England;Wessex
Water, 2013). Stream temperature records were collected from each
sampling site at 15‐minute intervals using “Tinytag” temperature loggers
for aminimumof12monthsbetween2011and2012.For thepurposeof
extending stream temperature time‐series across the study period, daily
maximumair temperatureswereobtained fromthe “BritishAtmospheric
DataCentre” forYeoviltonandNettlecombeweather stations (Figure1),
which were locatedwithin 25 km of the three impounding structures.
2.3 | Macroinvertebrate sampling
Macroinvertebrate samples were collected by the EA and Wessex
Water as part of routine biomonitoring programs along the three
watercourses (six sampling sites—paired non‐regulated and regulated).
All samples were collected using a standardized 3‐min kick method,
supplemented with a 1‐min hand search following the standard proce-
dure specified by the EA (Murray‐Bligh, 1999). Macroinvertebrate
communities were subsequently identified to family‐level, except for
Hydracarina, Microtubelleria, Nematoda, Ostracoda, and Oligochaeta,
which were identified as such. Ecological data included in this study
were screened so that for a given year, only samples taken in both
spring and autumn from respective pairs of non‐regulated and
regulated sampling sites were included for analysis (n = 44).
2.4 | Data analysis
The following section is subdivided into three parts to outline the
analytical procedures used to address each of the study aims and is
presented schematically in Figure 2.
2.4.1 | Flow and temperature regimes
Flow, air, and stream temperature time series were initially screened so
that any missing values accounted for <10% of the total record (Monk
et al., 2006). Missing values were subsequently interpolated using the
“na.approx” function within the “zoo” package (Zeleis, Grothendieck,
Ryan, & Andrews, 2015) using R studio version 3.0.2 (R Development
Core Team, 2014). The hydrological models used for non‐regulated
flows provide an average weekly discharge value. As such, gauged
flow, air, and stream temperature time series were aggregated to aver-
age weekly values to ensure equivalent temporal resolutions were
used for all hydrological and thermal datasets. Air temperatures were
converted using the environmental lapse rate to account for differ-
ences in sampling site altitudes following the approach outlined in
Durance and Ormerod (2007). These were subsequently modeled
against stream temperatures, whereby nonlinear relationships were
evident due to asymptotic relationships arising at extreme
FIGURE 1 Reservoirs (circles) studied across Somerset and BADC air stations (triangles)
TABLE 1 Environmental characteristics of the reservoirs examined in this study
Reservoir Trophic state* Altitude (m aod) Max depth (m) Area (km2)
Clatworthy Mesotrophic (26.1) 255 29.3 0.49
Sutton Bingham Eutrophic (94.97) 20 12.2 0.53
Durleigh Hyper‐eutrophic (466.13) 53 7.9 0.33
*Average total phosphorus (μg l−1) between 2005 and 2011.N.B. Classification based on OECD (1982).
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temperatures (see Mohseni & Stefan, 1999). As such, “Generalized
Additive Models” were constructed between air and stream tempera-
tures within the “mgcv” package in R studio (Wood, 2015). These
models accounted for 91.6–96.6% of the variation between air and
stream temperature time series and were highly significant (all p‐values
≤2 × 10−16), which allowed stream temperature values to be
reconstructed for all periods when air temperature data was available.
Although both flow and stream temperature time series were avail-
able across the whole study period for a subset of the six sampling sites,
this abiotic information was only obtainable for all sampling sites
between 2005 and 2011. As such, flow and stream temperature time
series across this period were used as separate inputs to address the
first aim of the study (see Figure 2), with quantile–quantile (QQ) plots
highlighting non‐normality when this abiotic information was inputted
within linear models. Thus, a Spearman's rank correlation coefficient
(r) was used as a measure of association between flow and stream tem-
perature time series between all pair combinations of the six sampling
sites. Statistical differences between flow and stream temperature time
series exhibited by regulated and non‐regulated sampling sites were
examined using a Kruskal–Wallis test (a non‐parametric one‐way
analysis of variance), using “site position” (i.e., upstream—non‐regulated
and downstream—regulated) as a primary factor.
2.4.2 | Ecological responses
Relative community abundances (“relative” due to kick samples
representing a semi‐quantitative approach), functional traits, and biotic
indices (denoting the extent of different abiotic stressors based on faunal
communities) of macroinvertebrate samples were explored in relation to
flow regulation. The nomenclature of functional traits is reported herein
by their “grouping features” and “traits” (see Schmera, Podani, Heino,
Erős, & Poff, 2015). Grouping features represent a functional trait cate-
gory (e.g., “maximum body size” and “feeding groups”), while traits signify
modalities residing within these (e.g., maximum body size—“≤0.25 cm,”
FIGURE 2 A flow chart depicting the analytical framework adopted within this study. Rectangles with dashed lines represent outputs correspond-
ing to each of the specific study aims. Italicized text represents the statistical techniques used
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“≥8 cm”; feeding groups—“filter‐feeder,” “predator”). Macroinvertebrate
functional traits were processed from a database initially developed in
France, which possesses trait information typically available at
species or genus level (Tachet, Bournaud, Richoux, & Usseglio‐Polatera,
2010). This database utilizes a “fuzzy‐coding” approach, whereby
macroinvertebrate affinities for individual traits range from zero (indicat-
ing no affinity) to three or five (indicating strong affinity—the maximum
value depending on the level of information available in existing
literature—see Chevene, Doléadec, & Chessel, 1994; Tachet et al.,
2010). Prior to the processing of functional traits, specialist freshwater
macroinvertebrate ecologists across various academic and industrial
institutions within the UK were consulted to provide their expert input
on utilizing the traits database within the context of this research (full
details of this procedure are summarized in Appendix A).
Following consultation with national experts, a total of 12 grouping
featurescomprising82traitswereutilizedfromthefunctional traitsdata-
base in subsequent analyses (Table2). Theprocessingof functional traits
initially involved removing taxa that do not occur within the UK (guided
by Davies & Edwards, 2011) from the database (sensu Demars, Kemp,
Friberg,Usseglio‐Polatera, &Harper, 2012), aswell as thosenot sampled
within this study. In addition, Chironomidae and all specimens recorded
at a taxonomic resolution coarser than family‐level were excluded (as
suggestedby freshwatermacroinvertebrate specialists consultedduring
the development process) due to high species diversitywithin these tax-
onomic groups. Trait values were then standardized so that each group-
ing feature summed to 1. Subsequently, each genus/species examined
within the traits database (i.e., thosecomprising familiesobservedwithin
this study) was weighted by a proportional likelihood of occurrence (as
suggested by freshwater macroinvertebrate specialists). This was based
on 61 macroinvertebrate samples (identified predominantly to species‐
level and used only to facilitate a weighted family average within this
study) collected as part of routine biomonitoring from both regulated
and non‐regulated watercourses across the study area (see Appendix
A). For this, trait valuesweremultipliedbythepercentageof samples that
each genus/species was found within out of the 61 samples from the
species‐level dataset. This allowed abundant taxa in lotic environments
across the region to be given a higher weighted influence. Family‐aver-
aged trait values were calculated and then standardized (as above) to
account for taxa expressing no affinity for all traits within a specific
grouping feature. Subsequently, a trait by taxonomic abundance array
was created by multiplying trait values by ln(x + 1) transformed taxo-
nomic community abundances, each trait was averaged across all taxa
and standardized (as above) to account for differences in abundances
between sites (Gayraud et al., 2003).
Three biomonitoring indices used widely in the UK were
explored to summarize the ecological sensitivity of macroinvertebrate
communities to abiotic variables potentially influenced by flow regu-
lation. Specifically, the “Lotic‐invertebrate Index of Flow Evaluation”
(LIFE—Extence, Balbi, & Chadd, 1999); the “Proportion of Sediment‐
sensitive Invertebrates” (PSI—Extence et al., 2013); and the “Average
Score per Taxon” (ASPT—a temporally robust derivate of the
“Biological Monitoring Working Party” score—Armitage, Moss,
Wright, & Furse, 1983) were used to explore the structure of
macroinvertebrate communities based on flow (discharge), substrate
composition, and the trophic status, respectively.
To examine the most sensitive taxa and traits (univariate
responses) to flow regulation, similarity percentages (SIMPER) analysis
was implemented using regulated versus non‐regulated sites (“site
position” herein) as a primary factor (see Figure 2). Its significance
was tested using 999 permutations within the “Vegan” software
package (Oksanen et al., 2016). This procedure was also undertaken
for biomonitoring indices to comparatively quantify the sensitivity of
these community metrics to flow regulation.
Four matrices comprising representations of different
macroinvertebrate compositions were explored via multivariate
analyses to quantify the sensitivity of each of these “multivariate
ecological responses” (MERs) to flow regulation, as well as spatial and
temporal variability (see Figure 2): (a) relative community abundances
– “taxonomic”; (b) functional traits comprising only biological proper-
ties (see Table 2)—“biological traits”; (c) functional traits from all 12
grouping features—“all functional traits”; and (d) “functional traits and
biomonitoring indices.” The latter comprised the same inputs as “all
functional traits” but with LIFE, PSI, and ASPT scores replacing all traits
within the “velocity,” “substrate,” and “trophic status” grouping
features from the functional trait database, respectively. All values
within the “taxonomic” MER were ln(x + 1) transformed to reduce
the influence of abundant taxa, while all other MERs were standar-
dized by dividing values by the standard deviation of each variable
(but not centralized as conducted with z‐scores to avoid negative
values), thus ensuring comparability between different responses.
Non‐metric multidimensional scaling (NMDS) was used to visualize
differences of MERs between each “site position” (i.e. regulated and
non‐regulated) using the “metaMDS” function within Vegan. Differences
inMERswerequantitatively explored in relation to flow regulation, aswell
as spatial and temporal controls,with the additive effects of “site position,”
“reservoir” (separate river systems hosting each impoundment), “season,”
and “year”being testedwithin apermutationalmultivariate analysisof var-
iance (PERMANOVA) via the “adonis” function within the Vegan package
(it should be noted alternative forms of PERMANOVA, including nested
designs and interactive effects, were also conducted and are summarized
in Appendix B). The variance explained by site position within the
PERMANOVAfor eachMER, aswell as the aforementionedSIMPERanal-
ysis, was used to guide which ecological responses were to be included in
the following analyses (see Figure 2).
2.4.3 | Ecohydrological and ecothermal analysis
Two hundred and twenty‐four abiotic indices (114 flow and 110
thermal) based around the five facets of the natural flow regime
identified in previous studies (Olden & Poff, 2003; Monk et al., 2007
—see Appendix C, Table C1) were calculated and used to summarize
the antecedent flow and stream temperature variability exposed to
macroinvertebrate communities. These were derived from flow and
stream temperature time series from up to 1 year prior to the date of
each macroinvertebrate sample collection. Fifty dominant flow and
thermal indices were identified through a principal component analysis
(PCA) following the procedure outlined by Olden and Poff (2003),
thus minimizing redundancy between abiotic indices and identifying
the major sources statistical variation. This reduced set of indices
was examined in a Pearson–product moment correlation matrix, and
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indices possessing r values greater than 0.95 were removed, which
was necessary where “perfect collinearity” (which occurs where vari-
ables are calculated from the same parameters) existed. Subsequently,
abiotic indices were iteratively removed until all “Variance Inflation
Factor” values were below 3 to avoid collinearity between these
explanatory variables (Zuur, Ieno, & Elphick, 2010). Dominant flow
and thermal indices were obtained separately for regulated and
non‐regulated sites, as well as for both spring and autumn sampling
periods within each of these ‘site positions’, producing six sets of
dominant abiotic indices.
Statistical outputs from the PERMANOVA were subsequently
used to highlight which MER was most sensitive to flow regulation (see
Figure 2). This was achieved by examining which MER exhibited the
highest amount of ecological variance explained by site position. This
MER was then correlated against each of the six groups of dominant
abiotic indices using the “bioenv” function within Vegan. This statistical
TABLE 2 Macroinvertebratefunctional traitsexaminedwithinthisstudy,withbiological traits innon‐italicizedtextandecological traitsbeing italicized
Grouping feature Trait Code Grouping feature Trait Code
Maximum potential size ≤0.25 cm Size.1 Respiration method Gill Respiration.1
>0.25–0.5 cm Size.2 Plastron Respiration.2
>0.5–1 cm Size.3 Spiracle Respiration.3
>1–2 cm Size.4 Hydrostatic vesicle Respiration.4
>2–4 cm Size.5 Tegument Respiration.5
>4–8 cm Size.6 Food consumed Microorganisms Food.1
>8 cm Size.7 Detritus <1 mm Food.2
Life cycle duration ≤1 year Life‐cycle.1 Dead plant ≥1 mm Food.3
>1 year Life‐cycle.2 Living microphytes Food.4
Voltinism <1 Voltinism.1 Living macrophtyes Food.5
1 Voltinism.2 Dead animal ≥1 mm Food.6
>1 Voltinism.3 Living microinvertebrates Food.7
Aquatic stages Egg Stage.1 Living macroinvertebrates Food.8
Larva Stage.2 Vertebrates Food.9
Nymph Stage.3 Feeding group Absorber Feeding.1
Adult Stage.4 Deposit feeder Feeding.2
Reproduction strategy Ovoviviparity Reproduction.1 Shredder Feeding.3
Isolated, free eggs Reproduction.2 Scraper Feeding.4
Isolated, cemented eggs Reproduction.3 Filter‐feeder Feeding.5
Clutches, cemented Reproduction.4 Piercer Feeding.6
Clutches, free Reproduction.5 Predator Feeding.7
Clutches, in vegetation Reproduction.6 Parasite Feeding.8
Clutches, terrestrial Reproduction.7
Asexual Reproduction.8 Substrate preference Coarse substrates Substrate.1
Dispersal strategy Aquatic passive Dispersal.1 Gravel Substrate.2
Aquatic active Dispersal.2 Sand Substrate.3
Aerial passive Dispersal.3 Silt Substrate.4
Aerial active Dispersal.4 Macrophytes Substrate.5
Resistance form Eggs/statoblasts Resistance.1 Microphytes Substrate.6
Cocoons Resistance.2 Twigs/roots Substrate.7
Housings against desiccation Resistance.3 Organic detritus Substrate.8
Diapause / dormancy Resistance.4 Mud Substrate.9
None Resistance.5 Velocity preference Null Velocity.1
Locomotion and
substrate relation
Flier Locomotion.1 Slow Velocity.2
Surface swimmer Locomotion.2 Medium Velocity.3
Full water swimmer Locomotion.3 Fast Velocity.4
Crawler Locomotion.4 Trophic status Oligotrophic Trophic.1
Burrower Locomotion.5 Mesotrophic Trophic.2
Interstitial Locomotion.6 Eutrophic Trophic.3
Temporarily attached Locomotion.7 Thermal tolerance Psychrophilic Thermal.1
Permanently attached Locomotion.8 Thermophilic Thermal.2
Eurythermic Thermal.3
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technique highlighted different subsets of flow and thermal indices
that best explained macroinvertebrate responses based on the rank
correlation between the Euclidean distances of environmental
variables and community (Bray–Curtis) dissimilarities (Oksanen et al.,
2016). The significance of the three models displaying the highest
correlation for each of the six groups of dominant abiotic indices was
determined via a “mantel” test within the Vegan package, with flow
and thermal indices comprising significant associations being used
within the subsequent univariate analyses (see Figure 2).
Abiotic indices comprising significant ecohydrological and
ecothermal associations were used as explanatory variables within uni-
variate regression analyses against a select number of individual
macroinvertebrate responses. These response variables were selected
based on two criteria: (a) they comprise the MER found to be most
sensitive to site position (i.e., the MER used within ecohydrological
and ecothermal associations, which was identified via PERMANOVA;
see Figure 2) and (b) they were within the five traits or taxa (whichever
is appropriate based on the aforementioned criteria—and additionally
the three biomonitoring indices if applicable based on the previous
criteria) most sensitive to site position, as indicated by the SIMPER
analysis (sensu Brown & Milner, 2012; see Figure 2). Pairwise
second‐order polynomial regressions were subsequently fitted
between all explanatory and response variables. This technique has
been shown to reliably model nonlinear associations between
macroinvertebrate responses and abiotic indices, without overfitting
models (e.g., Kennen et al., 2014). To account for large numbers of
models being constructed, the significant α level was adjusted through
an alternative to the Bonferroni correction, which multiplies the
degrees of freedom within the statistical models by 0.05, before
dividing by the total number of tests (see Dolédec, Phillips, Scarsbrook,
Riley, & Townsend, 2006—see Appendix B for statistical outputs
obtained from all models used within this univariate analysis).
3 | RESULTS
3.1 | Flow and thermal regimes
Hydrological changes driven by impoundments were evident, with
regulated sites experiencing reduced low flow variability and rapid
increases in discharge peaks frequently surpassing those exhibited by
non‐regulated sites (Figure 3). Hydrological variability displayed a lower
correlation between sites compared to thermal regimes (Table 3),
reflecting the congruency of stream temperature patterns exhibited
on an interannual basis compared to more spatially variable hydrologi-
cal variability (Figure 3). However, differences in the magnitude of
stream temperatures were evident, with regulated sites at Clatworthy
and Durleigh reservoirs being on average 1.24°C (maximum weekly
difference=+3.84°C)and2.21°C(maximumweeklydifference=+5.78°C)
warmer than their paired non‐regulated site, respectively. The regulated
site at Sutton Bingham reservoir was on average 1.61°C colder (maxi-
mumweeklydifference=−4.25°C) than its correspondingnon‐regulated
site. Kruskal–Wallis tests highlighted that flow (X2 = 45.20, p‐value
=0.001) and stream temperature (X2 = 9.87, p‐value =0.002) time series
differed between site position (non‐regulated versus regulated sites),
with the former highlighting greater differences in flow variability
(a) (b) (c)
FIGURE 3 Flow (black) and thermal (gray) time‐series at each reservoir at non‐regulated (dashed line) and regulated (solid line) sites for (a)
Clatworthy, (b) Durleigh, and (c) Sutton Bingham
TABLE 3 Spearman's rank correlation between flow (non‐italicized) and thermal (italicized) time series
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betweenregulatedandnon‐regulatedsitescomparedtothermalvariabil-
ity(as it possesses a much greater X2 value).
3.2 | Ecological responses
SIMPER analysis highlighted a range of macroinvertebrate families
(spanning across several taxonomic orders) differed significantly
between each site position, with many increasing in relative abundance
within regulated systems (Table 4). Similarly, a range of traits from sev-
eral grouping features differed significantly between each site position,
with traits related to faunal life histories and feeding strategies
responding most frequently relative to those comprising other group-
ing features (Table 4). However, the number of trait responses
displaying greater affinities for regulated sites was more varied than
those for individual taxa. All biomonitoring indices differed significantly
between regulated and non‐regulated sampling sites (Table 4).
PERMANOVA indicated that macroinvertebrate communities
were relatively insensitive to temporal variability, with no MER diffe-
ring significantly between seasons and years, while the “taxonomic”
MER was the only macroinvertebrate response to differ significantly
between watercourses (Table 5). PERMANOVA highlighted that all
MERs were significantly different between site position, with
“functional traits and biomonitoring indices” accounting for the
greatest amount of ecological variance, but this only varied by 5%
across all MERs (r2 = 0.36–0.41; Table 5). The NMDS procedure
highlighted that all MERs possessed contrasting communities between
regulated and non‐regulated sampling sites (e.g., Figure 4).
3.3 | Ecohydrological and ecothermal associations
Relating “functional traits and biomonitoring indices” (the MER most
sensitive between site position—Table 5) to abiotic parameters
indicated that macroinvertebrate community responses were most
highly correlated with 16 abiotic indices (14 flow and 2 thermal), with
significant associations existing across all six groups of dominant
abiotic indices (Table 6). All non‐regulated samples displayed one
significant association with a single hydrological index that yielded a
weak correlation (QNCRR—r = 0.22). In contrast, all regulated samples
possessed multiple significant associations that displayed higher
correlations (r = 0.38–0.39) with up to five flow and thermal indices
(Table 6). Ecohydrological associations typically displayed higher corre-
lations when each season (spring and autumn) was examined
individually (r = 0.31–0.60) and comprised only flow indices in all
instances (Table 6). For the univariate analyses, second‐order polyno-
mial regressions were constructed between 16 abiotic indices and
8 univariate ecological responses (five traits most sensitive to flow
regulation and three biomonitoring indices) and highlighted that the
majority of univariate ecological responses were not significantly
associated with dominant abiotic indices (see Appendix B). No flow
or thermal index displayed a significant association with an ecological
parameter across both regulated and non‐regulated sites, while a
moderate number (n = 23) displayed significant associations within
regulated sites (e.g., Figure 5) compared to non‐regulated sites (n = 7).
4 | DISCUSSION
4.1 | Flow regulation influences on hydrological and
stream temperature variability
Our findings demonstrate that hydrological variability differed more
profoundly between regulated and non‐regulated sites than stream
TABLE 4 SIMPER analysis of univariate macroinvertebrate responses
most sensitive to flow regulation: * = p ≤ 0.05; ** = p ≤ 0.01;
*** = p ≤ 0.001; NS = non‐significant. (a) Individual taxa; (b) Individual
traits, and (c) Biomonitoring indices
Univariate response
Average non‐
regulated
Average
regulated
a) Hydropsychidae*** 1.05 5.86
Asellidae*** 0.53 4.42
Sphaeriidae*** 1.93 4.86
Heptageniidae*** 3.47 0.66
Caenidae*** 0.43 3.10
Planariidae*** 0.72 3.11
Baetidae** 4.62 2.74
Tipulidae*** 2.70 0.37
Erpobdellidae*** 0.26 2.40
Gammaridae (NS) 3.54 2.84
b) Reproduction.3*** 0.24 0.10
Feeding.4*** 0.32 0.19
Trophic.1*** 0.41 0.29
Velocity.1*** 0.15 0.27
Reproduction.4*** 0.42 0.53
Food.8*** 0.10 0.21
Feeding.7*** 0.10 0.21
Stage.4*** 0.10 0.19
Velocity.3*** 0.35 0.27
Dispersal.4*** 0.26 0.18
c) PSI*** 66.65 37.01
ASPT*** 6.68 5.36
LIFE*** 7.59 6.48
TABLE 5 Importance of different environmental controls on various macroinvertebrate responses: NS = non‐significant statistical models
Response variables
Site position Reservoir Season Year
r2 p‐value r2 p‐value r2 p‐value r2 p‐value
Taxonomic 0.36 0.001 0.06 0.026 0.04 0.140(NS) 0.04 0.116(NS)
Biological traits 0.40 0.001 0.04 0.120 (NS) 0.02 0.395(NS) 0.04 0.131(NS)
All functional traits 0.40 0.001 0.06 0.055(NS) 0.02 0.395(NS) 0.04 0.103(NS)
Functional traits and biomonitoring indices 0.41 0.001 0.04 0.096(NS) 0.02 0.388(NS) 0.04 0.143(NS)
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temperatures. Congruent patterns of stream temperature variability
between all sites were likely due to the geographical proximity of
reservoirs (meaning they are exposed to comparable climatic regimes)
and the use of aeration systems that prevented thermal stratification
within impounded waters. This reservoir water mixing technique has
been recommended as an effective way of mitigating ecological
changes driven by thermal alterations within reservoirs (Olden &
Naiman, 2010; Miles & West, 2011). However, stream temperatures
across paired non‐regulated and regulated sites consistently displayed
differences in magnitude that ranged from an average of −1.61 to
+2.21°C. Thermal changes and differences of such magnitudes may
be sufficient to drive ecological changes (e.g., Daufresne, Roger, Capra,
& Lamouroux, 2004; Durance & Ormerod, 2007). In addition, maximum
weekly differences between paired non‐regulated and regulated sites
ranged by >10°C between reservoirs, with greater extremes likely to
drive ecological change, particularly if the thermal tolerances of aquatic
organisms are exceeded (Elliott & Elliott, 2010; Worthington, Shaw,
Daffern, & Langford, 2015). This suggests that e‐flow methodologies
aimingtomitigatethermalregimemodificationsdrivenbyimpoundments
need to incorporate combinative measures of “within‐reservoir” tech-
niques (seeOlden&Naiman,2010)and localizedstream‐basedmethods,
such as altering the degree of riparian shading to offset alterations to the
magnitude of thermal regimes (Hannah, Malcolm, Soulsby, & Youngson,
2008;Garner,Malcolm,Sadler,&Hannah,2014;Johnson&Wilby,2015).
The regulated sites examined in this study displayed reduced
hydrological variability during periods of low flow and rapid rises in dis-
charge during periods of elevated flows compared to non‐regulated
systems. As such, management strategies aiming to reinstate more
“natural” flow regimes downstream of the impoundments would
require more flexible compensation releases at low flows and water
levels within reservoirs to be managed in a way that could hold back
larger quantities of water during peak discharges. However, logistical
and economic constraints may prevent the implementation of such
water management strategies (Acreman et al., 2009), and e‐flow frame-
works involving the management of specific flow releases based on key
hydrological dependencies that lotic ecosystems require (e.g., the build-
ing block methodology—see King, Brown & Sabet, 2003; the functional
flows approach—see Yarnell et al., 2015) may provide a more pragmatic
solution (Acreman et al., 2009). However, such strategies are often hin-
dered by limited knowledge of the nature of the “building blocks”
required (Acreman et al., 2014), and modeling biotic responses to
hydrological variability could underpin such strategies, as proposed
within the “Ecological Limits of Hydrological Alteration” (ELOHA)
framework (Poff et al., 2010) and conducted within this study.
4.2 | The sensitivity of different ecological responses
to flow regulation
This study recorded various univariate ecological contrasts between
non‐regulated and regulated systems. Several macroinvertebrate
FIGURE 4 NMDS plot for regulated and non‐regulated samples
across all sites for functional traits and biomonitoring indices. Grey
circles = non‐regulated sites and black circles = regulated sites
TABLE 6 Subsets of abiotic indices that possess the highest rank correlation between dominant abiotic indices and community dissimilarities:
* = p ≤ 0.05; ** = p ≤ 0.01; *** = p ≤ 0.001; NS = non‐significant statistical models
Model Abiotic indices r
All non‐regulated samples QNCRR 0.22*
QNCRR, TDAYMIN35 0.12 (NS)
QNCRR, QPORR, TDAYMIN35 0.10 (NS)
All regulated samples QCVANNMAX, QSEPMIN, QPORR, TDAYMAX91 0.39***
QCVANNMAX, QSEPMIN, TDAYMAX91 0.39**
QCVANNMAX, QSEPMIN, QPORR, TDAYMAX91, TNERR 0.38**
Spring non‐regulated samples QJUNMIN, QSTDMAXJW, QSTDMINJW 0.42**
QJUNMIN, QSTDMAXJW 0.38*
QJUNMIN 0.36*
Spring regulated samples QJULMIN, QMEPOS 0.42**
QJULMIN 0.39*
QJULMIN, QD35MAX50, QMEPOS 0.31*
Autumn non‐regulated samples QLPC, QD91MAX50 0.60***
QLPC, QD91MAX50, QMAXJW 0.53**
QLPC, QD91MAX50, QMAXJW, QMEMAXJW 0.45**
Autumn regulated samples QJUNMIN 0.44**
QCVANNMAX, QJUNMIN 0.35*
QCVANNMAX, QJUNMIN, QMEMAXJW 0.25 (NS)
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families were found to increase in relative abundance at regulated
sites, with the number of the caseless caddisfly larvae family
Hydropsychidae increasing most markedly at downstream sites, while
two Ephemeroptera families (Baetidae and Heptageniidae) displayed
significant reductions. These findings are broadly in keeping with
results recorded in previous research (e.g., Gillespie et al., 2015a).
Although a number of traits responded significantly to flow regula-
tion, biological traits associated with life histories and feeding strate-
gies were prominently affected. Tupinambás et al. (2014) not only
found that comparable traits responded to hydro‐peaking operations
but also observed changes in faunal resistance strategies not
recorded within this study, probably due to markedly different reser-
voir management operations. We found that biomonitoring indices
reflecting ecological preferences for substrate composition, trophic
status, and flow parameters differed significantly between non‐regu-
lated and regulated systems. This is in contrast to the findings of
Gillespie et al. (2015a), who reported that the LIFE score responded
negatively to regulation but that PSI and ASPT scores were largely
unaffected. Moreover, our study found that incorporating
biomonitoring indices within a multivariate context alongside func-
tional traits resulted in a slightly higher proportion of ecological vari-
ance being accounted for between regulated and non‐regulated
systems. Incorporating such biomonitoring indices could therefore
provide a more robust indication of community responses when con-
sidered alongside functional traits.
Macroinvertebrate functional traits have not been extensively
utilized in aquatic ecological studies within the UK thus far (notable
exceptions being Larsen & Ormerod, 2010; Demars et al., 2012). Due
to the functional traits database utilized in the present study being
developed outside of the UK (although applicable to other European
freshwater systems—Usseglio‐Polatera, Bournaud, Richoux, & Tachet,
2000), incorporating expert knowledge of national specialists helped
confirm the assignment of trait values (see Appendix A). We would
strongly encourage future research utilizing macroinvertebrate
functional traits from databases initially developed within alternative
biogeographic regions to account for the opinions and recommenda-
tions of regional or national experts . This would help improve the
biological and ecological information underpinning functional traits
across different study regions.
Functional traits are being increasingly used within aquatic
ecological studies and provide various advantages compared to tra-
ditional taxonomic‐based approaches including (a) spatially consis-
tent ecological patterns, (b) enhanced statistical discrimination
between tested environmental variables, and (c) a causal understand-
ing of community responses to a wide range of parameters and
stressors (see Menezes, Baird, & Soares, 2010; Statzner & Bêche,
2010). The results of this study supported such notions, with (a)
different river systems supporting comparable trait compositions,
(b) multivariate ecological responses comprising functional traits
accounting for the greatest amount of ecological variance between
non‐regulated and regulated systems, and (c) individual (univariate)
trait responses providing insights into the mechanisms underlying
ecological responses to flow regulation. On the other hand,
macroinvertebrate relative community abundances exhibited the
weakest ecological discrimination between regulated and non‐regu-
lated sites (albeit minimally) and differed significantly between
watercourses. This suggests that the utilization of functional traits
may provide more robust river management solutions across wider
geographical regions (Statzner & Bêche, 2010), highlighting how
such information could underpin the implementation of regionally
uniform e‐flows, an integral component of the Ecological Limits of
Hydrological Alterations framework (Poff et al., 2010; see also
Arthington, Bunn, Poff, & Naiman, 2006).
4.3 | Flow and thermal controls on
macroinvertebrate communities
A number of studies have explored ecosystem responses to a suite of
flow indices based around the five facets of the natural flow regime
(e.g., Monk et al., 2006; Belmar et al., 2013; Kennen et al., 2014). While
there is increasing recognition that fluvial ecosystems respond to
comparable forms of stream temperature variability (Olden & Naiman,
2010), few studies have explored the ecological implications of this,
FIGURE 5 Scatterplots of univariate ecological responses to hydrological indices, with second‐order polynomial regressions fitted and model
summaries presented (NS = non‐significant associations). Circles = non‐regulated samples, crosses = regulated samples. Dashed line = non‐regu-
lated fitted model, solid line = regulated fitted model. (a) Fauna reproducing by laying isolated eggs down on the river bed against QJULMIN and (b)
LIFE score against QJULMIN
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and even less have examined biotic responses to flow and stream tem-
perature variability together (a notable exception being Jackson et al.,
2007). Results from this study highlighted that macroinvertebrate
communities from all non‐regulated samples were weakly associated
with a single flow parameter, suggesting that they may be sensitive
to a wider range of environmental parameters (e.g., water quality or
channel morphology), as reported by Worrall et al. (2014). Communi-
ties from regulated sites were significantly associated with antecedent
maximum stream temperatures and a range of hydrological indices
corresponding to different facets of the flow regime. The latter has
been reported in previous studies centered on regulated watercourses
(e.g., Englund & Malmqvist, 1996; Armanini et al., 2014). However,
macroinvertebrate communities being significantly associated with
maximum stream temperatures within regulated systems contrasts to
the results of previous studies highlighting ecological responses to
colder stream temperatures caused by hypolimnetic flow releases into
the tailwaters of impoundments (e.g., Phillips, Pollock, Bowman,
MMaster, & Chivers, 2015). Webb and Walling (1996) conducted a
detailed long‐term study on stream temperature variability of sites
upstream and downstream of a reservoir within southwest England
(close to the area of this study) that also operates an aeration system
to prevent thermal stratification. The authors recorded instances of
warming within the regulated stream that was attributed to solar radi-
ation heating the impounded surface area. Webb and Walling (1996)
also described changes in stream temperatures ensuing from discharge
variations downstream of the impoundment caused by compensation
flow releases, springflow inputs, and the mixing of runoff sources.
The association of faunal communities with antecedent maximum
stream temperatures observed in this study probably reflects a combi-
nation of these controls and highlights a need to consider different
sources of thermal alteration associated with flow regulation within
e‐flow frameworks.
The strength of associations between abiotic indices and
macroinvertebrate community responses typically improved when sea-
sonal models were considered, with no thermal indices comprising the
most highly correlated models. This is in contrast to research highligh-
ting that comparable ecological variance could be explained by flow
and stream temperature variability within some regulated systems
(Jackson et al., 2007; Rolls et al., 2013). This study found that hydrolo-
gical indices relating to the timing of extreme flows were of high
ecological significance across both regulated and non‐regulated sites.
The timing of hydrological controls within regulated environments will
have implications for the life‐history traits of macroinvertebrates, such
as univoltine species that may take longer to recover if extreme events
occur during a sensitive part of their life cycle (e.g., Robinson, Uehlinger,
&Monaghan, 2004). The ecological implications of the timing of hydro-
logical extremes were observed within this study, which highlighted
significant associations between several univariate ecological
responses and abiotic indices, including fauna reproducing by laying
isolated eggs on the riverbed being positively associated with minimum
flows in July. This could be attributed to different reasons, including the
resistance of such eggs to higher flows, or increased amounts of phyto-
plankton being flushed downstream, whichmay otherwise encrust eggs
and prevent embryonic development (Bovill, Downes, & Lancaster,
2013); the latter is plausible given high productivity within the
reservoirs studied that results in large quantities of organic matter
being deposited within the tailwaters (House, Beatson, Martin, &
Bowles, 2015; White, Wilding, House, Beatson, & Martin, 2016).
4.4 | Study implications
The need to explore ecological responses to multiple environmental
variables has been advocated to advance the development of future
e‐flow strategies (Olden & Naiman, 2010; Acreman et al., 2014).
Integrating flow and thermal regimes could underpin e‐flow methodo-
logies because they both respond profoundly to flow regulation (Ellis &
Jones, 2014) and possess comparable forms of variability that have
been found to exert unique ecological controls (Poff et al., 1997; Olden
& Naiman, 2010). In addition, such information can be measured over
long‐term periods at high temporal resolutions via data logging
devices, while a comparatively lower amount of ecological information
is often available from freshwater environments to quantify biotic
responses to flow and thermal alterations (e.g. Solans & García de
Jalón, 2016) and guide e‐flow frameworks (Acreman et al., 2014). Such
limitations were recognized within this study, but a rigorous screening
process of ecological data was necessary despite reducing the total
number of samples available for analysis. Nevertheless, utilizing
macroinvertebrate data collected by routine biomonitoring programs
represents a powerful tool in assessing key drivers of ecosystem health
over long‐term periods (Vaughan & Ormerod, 2010), which even at
coarser taxonomic resolutions (such as family‐level data used within
this study) can provide robust relationships between environmental
conditions and ecological responses across multiple years (e.g., Monk,
Wood, Hannah, & Wilson, 2008; Durance & Ormerod, 2009; Worrall
et al., 2014). The methods adopted within this study could be readily
applied to river systems impacted by flow regulation worldwide.
Establishing ecohydrological and ecothermal associations within regu-
lated systems allows primary mechanisms driving biotic alterations to
be quantified; while such information in non‐regulated systems pro-
vides an understanding of key hydrological and stream temperature
dependencies that lotic ecosystems require in more natural environ-
ments. Such information could guide future e‐flow methodologies by
targeting specific aspects of regulated systems that should be altered
or preserved to mitigate alterations to instream biota, as well as how
flow and stream temperature variability could be manipulated to reha-
bilitate or restore lotic ecosystems.
5 | CONCLUSIONS
Flow regulation alters various components of fluvial environments,
including hydrological and stream temperature variability, which has
been found to alter river ecosystems globally. This study explored
the controls of flow and stream temperature variability on
macroinvertebrate communities across paired regulated and non‐regu-
lated systems associated with three reservoirs. Thermal regimes were
comparable between all sites (albeit with consistent differences in
the magnitude of stream temperature variability), while regulated sites
typically exhibited reduced low‐flow variability and peak flows that
regularly exceeded discharges at non‐regulated sites. The functional
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traits of macroinvertebrate communities responded significantly to
flow regulation (specifically when biomonitoring indices were consi-
dered) but did not differ significantly between river catchments,
while community abundances did not display such spatial consis-
tency, highlighting contrasting taxonomic compositions between
watercourses. As such, functional traits could provide reliable ecolog-
ical information for guiding the implementation of regionally uniform
e‐flow methodologies. Macroinvertebrate communities responded
significantly to various flow indices, particularly the timing of
extreme flows, while stream temperature variability was not found
to be a key driver of biotic change in this study. Currently, few stud-
ies have explored ecological responses to flow and thermal regimes
within river systems and specifically regulated environments; thus,
further research is required to unveil long‐term ecological responses
to changes in antecedent flow and stream temperature variability
associated with impoundments. This could facilitate comparisons
between key drivers of ecological variability within regulated (impact)
and non‐regulated (control) systems, which could go some way to
informing e‐flow frameworks on key ecosystem dependencies and
drivers of biotic change associated with flow regulation.
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APPENDIX A
A. Introduction
The following appendix summarizes the procedure used to incorpo-
rate the input of specialist freshwater macroinvertebrate ecologists
in the UK to refine the functional trait values used in this study.
Due to the initial traits database being developed within France, this
expert opinion approach was conducted to improve the relevance of
trait values for UK taxa at the taxonomic resolution available for this
study.
A. Methodology and analysis
Specialists across various academic and industrial institutions within
the UK were consulted on the use of the traits database used within
this study (Tachet et al., 2010). The inputs of macroinvertebrate spe-
cialists were utilized within two broad categories. Firstly, generic com-
ments were considered for procedures involved with processing
functional traits. Secondly, specialists were asked to confirm, validate,
and (where necessary) propose revisions to trait values (indicated by
whether values should be increased or decreased) of taxa most sensi-
tive to flow regulation within this study. Taxa most sensitive to flow
regulation were identified across spring and autumn samples by
conducting “Similarity Percentages” (SIMPER) analysis on ln(x + 1)
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transformed taxonomic abundances (Table A1). The values of 82 traits
(across 12 grouping features ‐ see Table 2 and the main body of text
for the nomenclature of functional traits) of these sensitive taxa were
obtained by conducting a family‐average (where all genus/species
within the database were equally weighted) of standardized trait
values (whereby all grouping features summed to 1) and subsequently
multiplied by 100, with these values being sent to freshwater special-
ists. The influence of different family‐average weighting techniques
was assessed based on the 44 macroinvertebrate samples used within
this study (“family‐level” dataset herein). Three sets of family‐average
trait values were considered (a) equally weighted, (b) regionally
weighted, and (c) nationally weighted. The initial processing of all
three sets of trait values involved removing non‐UK taxa from the
database, as well as Chironomidae and taxa recorded at a taxonomic
resolution coarser than family‐level and values were subsequently
standardized (as above). Equally weighted trait values were then cal-
culated by averaging trait values across each macroinvertebrate fam-
ily. Regionally weighted trait values were calculated based on the
likelihood of sampling different taxa from river systems (both regulated
and non‐regulated) across the Somerset region. This was obtained from
a dataset including 61 macroinvertebrate samples taken by the Envi-
ronment Agency and Wessex Water (within both non‐regulated and
regulated systems) across Somerset (“species‐level” dataset herein).
Specimens were identified to genus or species level at a taxonomic res-
olution equal to or greater than that recorded within the traits data-
base, with the exception of Cladocera, Collembola, Hydracarina,
Microturbellaria, Nematomorpha, Nematoda, and Oligochaeta that
were identified as such and excluded from subsequent analyses. Trait
values were multiplied by the percentage of samples that each taxa
was located within from the species‐level dataset. Where all species
within a specific family were absent from the species‐level dataset, trait
values were maintained (thus meaning they were equally weighted) and
subsequent values were averaged across each family. A nationally
weighted family average was calculated using the same procedure as
before, only using species occurrence data taken as part of developing
River Invertebrate Prediction and Classification System (Wright et al.,
1996) in place of the taxonomic percentage occurrences obtained in
the species‐level dataset.
Subsequently, the values from all three types of trait calculations
were standardized (as above). A trait by taxonomic abundance array
was then created by multiplying trait values by ln(x + 1) transformed
taxonomic abundances, and each trait was averaged across all taxa
and standardized (as above).
The reliability of calculating functional traits by weighting taxa by
regional and national percentage occurrence datasets was assessed
by subtracting each of these matrices by the equally weighted family
average and reviewing how trait values responded (i.e., increased,
decreased, or no change) compared to the suggestions proposed by
macroinvertebrate specialists (Table B2). Non‐metric multidimensional
scaling (NMDS) was used to visualize differences of trait compositions
outputted from the three different family‐average weighting proce-
dures using the “metaMDS” function and were statistically explored
using a permutational multivariate analysis of variance (PERMANOVA)
via the “adonis” function within the Vegan package.
A. Results
Macroinvertebrate specialists provided several comments, although
only three were consistently reported. Firstly, experts commented on
the general validity of trait values within a UK context, supporting
the use of this traits database within this research. Secondly, specialists
discouraged conducting averages for Chironomidae and Oligochaeta,
due to high levels of species diversity within these taxonomic groups.
As such, these taxa, along with any other taxa recorded at a taxonomic
resolution coarser than family‐level, were excluded from the traits pro-
cedure. Thirdly, specialists discussed how a family average based on
equal weights may give more weight to rare species and less influence
to common taxa within fluvial environments. This shaped the results
TABLE A1 SIMPER outputs showing the most sensitive macroinvertebrate families to flow regulation across spring and autumn. The average
contribution of each taxa towards the overall dissimilarity is displayed, alongside the average ln(x + 1) transformed abundance in non‐regulated and
regulated systems
Spring Autumn
Taxa
Overall
dissimilarity
Average non‐
regulated
Average
regulated Taxa
Overall
dissimilarity
Average non‐
regulated
Average
regulated
Hydropsychidae 0.032 0.75 5.24 Hydropsychidae 0.041 1.35 6.49
Asellidae 0.029 0.30 4.38 Sphaeriidae 0.032 1.93 5.48
Heptageniidae 0.023 3.50 0.64 Asellidae 0.029 0.77 4.45
Sphaeriidae 0.022 1.93 4.23 Caenidae 0.023 0.34 3.23
Planariidae 0.022 0.84 3.56 Heptageniidae 0.023 3.44 0.69
Baetidae 0.019 5.32 3.10 Tipulidae 0.021 3.07 0.29
Lymnaeidae 0.019 0.00 2.64 Gyrinidae 0.019 0.34 2.77
Caenidae 0.018 0.51 2.96 Planariidae 0.019 0.59 2.66
Taeniopterygidae 0.018 2.51 0.00 Gammaridae 0.018 3.62 2.66
Erpobdellidae 0.016 0.29 2.40 Erpobdellidae 0.018 0.24 2.41
TABLE A2 Percentage of trait value alterations that matched between
UK specialist moderations and different family averages based on
different weighting procedures
Regional National
Correct 42.7 27.3
No change 39.2 42.0
Incorrect 18.2 30.8
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reported in the rest of this appendix based on different family‐aver-
aged weighting procedures.
Macroinvertebrate specialists proposed 143 alterations out of
1,066 trait values (13%), highlighting the congruency of the traits data-
base with the opinions of UK specialists. Family‐averaged trait values
were in greater agreement with the moderations of expert opinions
when the weighting of species was based on a regional likelihood of
occurrence, compared those obtained from the River Invertebrate
Prediction and Classification System national dataset (Table A2).
The NMDS procedure showed no discernible shifts in the
multivariate location between the trait compositions obtained from
the different family‐averaged weighting procedures (Figure A1), and
PERMANOVA highlighted that these did not differ significantly
(F = 2.00, p‐value =0.083).
The results highlight that family‐average trait values based on a
likelihood of occurrence obtained from regional biomonitoring
practices improved the congruency between trait values and the opin-
ions of macroinvertebrate specialists. However, no discernible changes
in trait compositions could be obtained from weighting family averages
differently, showing that all three types of trait family averages pro-
duced statistically comparable compositions.
APPENDIX B
B. Introduction
The following appendix displays statistical outputs from different
analyses conducted within this study. It firstly reveals the full set
of results obtained from permutational multivariate analysis of
variance (PERMANOVA) processed in alternative forms from those
included within the main body of text. Secondly, results are displayed
from second‐order polynomial regression analyses between a subset
of flow and thermal indices and univariate macroinvertebrate
responses.
B. Data analysis
This study conducted PERMANOVA to assess how four multivariate
ecological responses (MERs—comprising different ecological informa-
tion obtained from macroinvertebrate samples, details of these are
described in the main body of text) responded to flow regulation, as
well as spatial and temporal controls. The additive and interactive
effects of “site position” (i.e., upstream—non‐regulated and down-
stream—regulated sites), “reservoir” (i.e., separate river systems hosting
each impoundment), “season,” and “year” were assessed via the “ado-
nis” function within the Vegan package. In addition, a nested
PERMANOVA was conducted to test for the influence of “site
FIGURE A1 NMDS plot for functional trait compositions obtained
from different family‐averaged weighting procedures. White circles =
equally weighted, gray circles = regionally weighted, black circles =
nationally weighted
TABLE B1 Results from PERMANOVA between different primary factors and MERs. Stars denote significant models: *p ≤ 0.05; **p ≤ 0.01;
***p ≤ 0.001
Primary factor combinations Taxonomic Biological traits All functional traits Functional traits and biomonitoring indices
r2 p‐value r2 p‐value r2 p‐value r2 p‐value
Site position 0.36 0.001*** 0.40 0.001*** 0.40 0.001*** 0.41 0.001***
Reservoir 0.06 0.026* 0.04 0.120 0.06 0.055 0.04 0.096
Season 0.04 0.140 0.02 0.395 0.02 0.395 0.02 0.388
Year 0.04 0.116 0.04 0.131 0.04 0.103 0.04 0.143
Site position:reservoir 0.03 0.046* 0.03 0.054 0.03 0.079 0.03 0.045*
Site position:season 0.01 0.31 0.01 0.603 0.01 0.578 0.01 0.625
Reservoir:season 0.01 0.848 0.01 0.5 0.01 0.592 0.01 0.525
Site position:year 0.01 0.25 0.01 0.375 0.01 0.415 0.01 0.468
Reservoir:year 0.03 0.042* 0.03 0.053 0.03 0.039* 0.03 0.039*
Season:year 0.01 0.657 0.01 0.57 0.01 0.649 0.01 0.605
Site position:reservoir:season 0.01 0.716 0.01 0.468 0.01 0.492 0.01 0.482
Site position:reservoir:year 0.02 0.277 0.01 0.339 0.01 0.33 0.01 0.356
Site position:season:year 0.01 0.513 0.01 0.381 0.01 0.464 0.01 0.395
Reservoir:season:year 0.01 0.671 0.01 0.572 0.01 0.508 0.01 0.606
Site position:
Reservoir:season:year 0.02 0.207 0.02 0.191 0.02 0.171 0.02 0.206
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position” (primary factor) along different watercourses (with “reser-
voir” being used as a blocking factor) to account for potential spatial
differences in macroinvertebrate communities, which were not a func-
tion of flow regulation.
Second‐order polynomial regressions were conducted between 16
flow and thermal indices and 8 individual macroinvertebrate responses
(criteria for selecting these explanatory and response variables are sum-
marized in the main body of text ‐ see Figure 2). The p‐values of these
models are summarized within this appendix, with the model signifi-
cance being determined by adjusting the significant α level via an alter-
native to the Bonferroni correction, which multiplies the model's
degrees of freedom by 0.05 before dividing by the total number of tests.
TABLE B2 p‐values highlighting the significance of univariate ecohydrological and ecothermal assocations from second‐order polynomial
regressions for (a) regulated samples and (b) non‐regulated samples. Significant α‐level = 7.42 × 10−3, with significant associations highlighted in
bold
(a)
Univariate
macroinvertebrate
responses
QNCRR QPORR QCVANNMAX QSEPMIN QJUNMIN QSTDMAXJW QSTDMINJW QJULMIN
Reproduction.3 NS NS NS S S NS NS S
Feeding.4 NS NS NS NS NS NS NS NS
Trophic.1 NS NS NS S S NS NS S
Velocity.1 NS NS NS S S NS NS S
Reproduction.4 NS NS NS S NS NS NS NS
LIFE NS NS NS S S NS S S
ASPT NS NS NS S S NS S S
PSI NS NS NS S S NS NS S
Univariate
macroinvertebrate
responses
QMEPOS QD35MAX50 QLPC QD91MAX50 QMAXJW QMEMAXJW TDAYMAX91 TNERR
Reproduction.3 NS NS NS NS NS NS NS NS
Feeding.4 NS NS NS NS NS NS NS NS
Trophic.1 NS NS NS NS NS NS NS NS
Velocity.1 NS NS NS NS NS NS S NS
Reproduction.4 NS NS NS NS NS NS NS NS
LIFE NS NS NS NS NS NS NS NS
ASPT NS NS NS NS NS NS S NS
PSI NS NS NS NS NS NS NS NS
(b)
Univariate
macroinvertebrate
responses
QNCRR QPORR QCVANNMAX QSEPMIN QJUNMIN QSTDMAXJW QSTDMINJW QJULMIN
Reproduction.3 NS NS NS NS NS NS NS NS
Feeding.4 NS NS NS NS NS NS NS NS
Trophic.1 NS NS NS NS NS NS NS NS
Velocity.1 NS NS NS NS NS NS NS NS
Reproduction.4 NS NS NS NS S NS S NS
LIFE NS NS NS NS NS NS NS NS
ASPT S NS NS NS NS NS NS NS
PSI S NS NS NS NS NS NS NS
Univariate
macroinvertebrate
responses
QMEPOS QD35MAX50 QLPC QD91MAX50 QMAXJW QMEMAXJW TDAYMAX91 TNERR
Reproduction.3 NS NS NS NS NS NS NS NS
Feeding.4 NS NS NS NS NS NS NS NS
Trophic.1 NS NS NS NS NS NS NS NS
Velocity.1 NS NS NS NS NS NS NS NS
Reproduction.4 NS NS NS S NS NS S NS
LIFE NS NS NS NS NS NS NS NS
ASPT NS NS NS NS NS NS NS NS
PSI NS NS NS NS NS NS S NS
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TABLE C1 Flow and thermal indices used within this study. They are organized by which facet of the natural flow or thermal regime they pre-
dominantly correspond to
Flow indices. Description Thermal indices. Description.
Magnitude.
QMEAN Mean average discharge TMEAN Mean average temperature
Q50 Median discharge T50 Median temperature
QCVANN Coefficient of variation of discharges TCVANN Coefficient of variation of temperature
QDFRANGE Range of discharges TDFRANGE Range of temperatures
QMR Mean annual runoff. QMEAN ÷ catchment area
QJAN Mean January discharge TJAN Mean January temperature
QFEB Mean February discharge TFEB Mean February temperature
QMAR Mean March discharge TMAR Mean March temperature
QAPR Mean April discharge TAPR Mean April temperature
QMAY Mean May discharge TMAY Mean May temperature
QJUN Mean June discharge TJUN Mean June temperature
QJUL Mean July discharge TJUL Mean July temperature
QAUG Mean August discharge TAUG Mean August temperature
QSEP Mean September discharge TSEP Mean September temperature
QOCT Mean October discharge TOCT Mean October temperature
QNOV Mean November discharge TNOV Mean November temperature
QDEC Mean December discharge TDEC Mean December temperature
Q1 Discharge exceeded 1% of the time T1 Temperature exceeded 1% of the time
Q5 Discharge exceeded 5% of the time T5 Temperature exceeded 5% of the time
Q10 Discharge exceeded 10% of the time T10 Temperature exceeded 10% of the time
Q20 Discharge exceeded 20% of the time T20 Temperature exceeded 20% of the time
Q25 Discharge exceeded 25% of the time T25 Temperature exceeded 25% of the time
Q75 Discharge exceeded 75% of the time T75 Temperature exceeded 75% of the time
Q80 Discharge exceeded 80% of the time T80 Temperature exceeded 80% of the time
Q90 Discharge exceeded 90% of the time T90 Temperature exceeded 90% of the time
Q95 Discharge exceeded 95% of the time T95 Temperature exceeded 95% of the time
Q99 Discharge exceeded 99% of the time T99 Temperature exceeded 99% of the time
Q10Q90 Ratio of 10th and 90th discharge percentile. Q10 ÷
Q90
T10 T90 Ratio of 10th and 90th temperature percentile. T10 ÷
T90
Q20Q80 Ratio of 20th and 80th discharge percentile. Q20 ÷
Q80
T20 T80 Ratio of 20th and 80th temperature percentile. T20 ÷
T80
Q25Q75 Ratio of 25th and 75th discharge percentile. Q25 ÷
Q75
T25 T75 Ratio of 25th and 75th temperature percentile. T25 ÷
T75
Q1Q50 Ratio of 1st and 50th discharge percentile. Q1 ÷
Q50
T1 T50 Ratio of 1st and 50th temperature percentile. T1 ÷ T50
Q5Q50 Ratio of 5th and 50th discharge percentile. Q5 ÷
Q50
T5 T50 Ratio of 5th and 50th temperature percentile. T5 ÷ T50
Q10Q50 Ratio of 10th and 50th discharge percentile. Q10 ÷
Q50
T10 T50 Ratio of 10th and 50th temperature percentile. T10 ÷
T50
Q20Q50 Ratio of 20th and 50th discharge percentile. Q20 ÷
Q50
T20 T50 Ratio of 20th and 50th temperature percentile. T20 ÷
T50
Q25Q50 Ratio of 25th and 50th discharge percentile. Q25 ÷
Q50
T25 T50 Ratio of 25th and 50th temperature percentile. T25 ÷
T50
Q75Q50 Ratio of 75th and 50th discharge percentile. Q75 ÷
Q50
T75 T50 Ratio of 75th and 50th temperature percentile. T75 ÷
T50
Q80Q50 Ratio of 80th and 50th discharge percentile. Q80 ÷
Q50
T80 T50 Ratio of 80th and 50th temperature percentile. T80 ÷
T50
Q90Q50 Ratio of 90th and 50th discharge percentile. Q90 ÷
Q50
T90 T50 Ratio of 90th and 50th temperature percentile. T90 ÷
T50
Q95Q50 Ratio of 95th and 50th discharge percentile. Q95 ÷
Q50
T95 T50 Ratio of 95th and 50th temperature percentile. T95 ÷
T50
Q99Q50 Ratio of 99th and 50th discharge percentile. Q99 ÷
Q50
T99 T50 Ratio of 99th and 50th temperature percentile. T99 ÷
T50
(Continues)
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TABLE C1 (Continued)
Flow indices. Description Thermal indices. Description.
QS100 Range discharge variability. QDFRANGE ÷ Q50 TS100 Range temperature variability. TDFRANGE ÷ T50
QS50 Interquartile discharge variability. (Q75‐Q25) ÷ Q50 TS50 Interquartile temperature variability. (T75‐T25) ÷ T50
QS80 90th and 10th percentiles discharge variability (Q90‐
Q10) ÷ Q50
TS80 90th and 10th percentiles temperature variability (T90‐
T10) ÷ T50
QSK1 Discharge skewness one. QMEAN ÷ Q50 TSK1 Temperature skewness one. TMEAN ÷ T50
QSK2 Discharge skewness two. (QMEAN‐Q50) ÷ Q50 TSK2 Temperature skewness two. (TMEAN‐T50) ÷ T50
QSMED Specific median discharge. Q50 ÷ Catchment area
QSTDEV Standard deviation of discharges TSTDEV Standard deviation of temperatures
QMAX Maximum discharge TMAX Maximum temperature
QSMAX Specific maximum discharge QMAX ÷ Catchment
area
QAMAX Annual maximum discharge. QMAX ÷ Q50 TAMAX Annual maximum temperature TMAX ÷ T50
QJANMAX Maximum January discharge TJANMAX Maximum January temperature
QFEBMAX Maximum February discharge TFEBMAX Maximum February temperature
QMARMAX Maximum March discharge TMARMAX Maximum March temperature
QAPRMAX Maximum April discharge TAPRMAX Maximum April temperature
QMAYMAX Maximum May discharge TMAYMAX Maximum May temperature
QJUNMAX Maximum June discharge TJUNMAX Maximum June temperature
QJULMAX Maximum July discharge TJULMAX Maximum July temperature
QAUGMAX Maximum August discharge TAUGMAX Maximum August temperature
QSEPMAX Maximum September discharge TSEPMAX Maximum September temperature
QOCTMAX Maximum October discharge TOCTMAX Maximum October temperature
QNOVMAX Maximum November discharge TNOVMAX Maximum November temperature
QDECMAX Maximum December discharge TDECMAX Maximum December temperature
QCVANNMAX Coefficient of variation of monthly maximum
discharge
TCVANNMAX Coefficient of variation of monthly maximum
temperature
QDFMEDMAX Median maximum monthly discharge ÷ Q50 TDFMEDMAX Median maximum monthly temperature ÷ T50
HQ High discharge volume. Mean maximum monthly
discharge ÷ Q50
HT High temperature. Mean maximum monthly
temperature ÷ T50
QMAX90 Maximum discharge for the previous 90 days TMAX90 Maximum temperature for the previous 90 days
QMAX180 Maximum discharge for the previous 180 days TMAX180 Maximum temperature for the previous 180 days
QMAX270 Maximum discharge for the previous 270 days TMAX270 Maximum temperature for the previous 270 days
QMIN Minimum discharge TMIN Minimum temperature
QJANMIN Minimum January discharge TJANMIN Minimum January temperature
QFEBMIN Minimum February discharge TFEBMIN Minimum February temperature
QMARMIN Minimum March discharge TMARMIN Minimum March temperature
QAPRMIN Minimum April discharge TAPRMIN Minimum April temperature
QMAYMIN Minimum May discharge TMAYMIN Minimum May temperature
QJUNMIN Minimum June discharge TJUNMIN Minimum June temperature
QJULMIN Minimum July discharge TJULMIN Minimum July temperature
QAUGMIN Minimum August discharge TAUGMIN Minimum August temperature
QSEPMIN Minimum September discharge TSEPMIN Minimum September temperature
QOCTMIN Minimum October discharge TOCTMIN Minimum October temperature
QNOVMIN Minimum November discharge TNOVMIN Minimum November temperature
QDECMIN Minimum December discharge TDECMIN Minimum December temperature
QCVANNMIN Coefficient of variation of monthly minimum
discharge
TCVANNMIN Coefficient of variation of monthly minimum
temperature
QSMIN Specific minimum discharge. QMIN ÷ catchment
area
Frequency.
QFRE1 Number of flow events greater than Q50 TFRE1 Number of temperature events greater than T50
QFRE3 Number of flow events greater than 3 x Q50 TFRE3
(Continues)
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B. Results
The PERMANOVA highlighted that the inclusion of interaction terms
did not improve the variance explained by different environmental
controls and few of these models differed significantly (Table B1). In
addition, a nested PERMANOVA revealed statistically identical out-
puts to those produced by a non‐nested design, using “site position”
as a primary factor (see the first row in Table B1).
TABLE C1 (Continued)
Flow indices. Description Thermal indices. Description.
Number of temperature events greater than three times
T50
QHPC High pulse count. Number of flow events greater
than Q25
THPC High pulse count. Number of temperature events
greater than T25
QLPC Low pulse count. Number of flow events less than
Q75
TLPC Low pulse count. Number of temperature events less
than T75
Duration
QDAYMAX35 Average 35‐day (7 week) maximum discharge TDAYMAX35 Average 35‐day (7 week) maximum temperature
QDAYMAX91 Average 91‐day (13 week) maximum discharge TDAYMAX91 Average 91‐day (13 week) maximum temperature
QDAY35MAX50 QDAYMAX35 ÷ Q50 TDAY35MAX50 TDAYMAX35 ÷ T50
QDAY91MAX50 QDAYMAX91 ÷ Q50 TDAY91MAX50 TDAYMAX91 ÷ T50
Q5MEAN Monthly high flow duration index. Q5 ÷ QMEAN T5MEAN Monthly high temperature duration index. T5 ÷ TMEAN
QDAYMIN35 Average 35‐day (7‐week) minimum discharge TDAYMIN35 Average 35‐day (7‐week) minimum temperature
QDAYMIN91 Average 91‐day (13‐week) minimum discharge TDAYMIN91 Average 91‐day (13‐week) minimum temperature
QDAY35MIN50 QDAYMIN35 ÷ Q50 TDAY35MIN50 TDAYMIN35 ÷ T50
QDAY91MIN50 QDAYMIN91 ÷ Q50 TDAY91MIN50 TDAYMIN91 ÷ T50
Q95QMEAN Monthly low flow duration index. Q95 ÷ QMEAN T95TMEAN Monthly low temperature duration index. T95 ÷
TMEAN
QZEROWEEK Number of weeks possessing zero flow TZEROWEEK Number of weeks possessing frozen conditions
QZEROMON Number of months possessing zero flow TZEROMON Number of months possessing frozen conditions
Timing
QMAXJW Julian week occurrence of the maximum discharge TMAXJW Julian week occurrence of the maximum temperature
QMEMAXJW Mean average of the seven Julian weeks possessing
the highest discharges
TMEMAXJW Mean average of the seven Julian weeks possessing the
highest temperatures
QSTDMAXJW Standard deviation of the seven Julian weeks
possessing the highest discharges
TSTDMAXJW Standard deviation of the seven Julian weeks
possessing the highest temperatures
QCV7JWMAX Coefficient of variation of the seven Julian weeks
possessing the highest discharges
TCV7JWMAX Coefficient of variation of the seven Julian weeks
possessing the highest temperatures
QMINJW Julian week occurrence of the maximum discharge TMINJW Julian week occurrence of the maximum temperature
QMEMINJW Mean average of the seven Julian weeks possessing
the lowest discharges
TMEMINJW Mean average of the seven Julian weeks possessing the
lowest temperatures
QSTDMINJW Standard deviation of the seven Julian weeks
possessing the lowest discharges
TSTDMINJW Standard deviation of the seven Julian weeks
possessing the lowest temperatures
QCV7JWMIN Coefficient of variation of the seven Julian weeks
possessing the lowest discharges
TCV7JWMIN Coefficient of variation of the seven Julian weeks
possessing the lowest temperatures
Rate of change
QMEPOS Mean average positive change between flow
conditions. Nean positive changes between flow
coinweek 5
TMEPOS Mean average positive change between temperature
conditions. Nean positive changes between flow
coinweek 5
QMENEG Mean average negative change between flow
conditions. Nean positive changes between flow
coinweek 5
TMENEG Mean average negative change between temperature
conditions. Nean positive changes between flow
coinweek 5
QMEDIFF Mean average difference between positive and
negative changes in flow conditions
TMEDIFF Mean average difference between positive and
negative changes in temperature conditions
QNCRR Number of weeks with constant discharge between
weeks
TNCRR Number of weeks with a constant temperature
between weeks
QNERR Number of negative changes in flow conditions TNERR Number of negative changes in temperature conditions
QPORR Number of positive changes in flow conditions TPORR Number of positive changes in temperature conditions
QSTDDIFF Standard deviation of the difference between
positive and negative changes in flow conditions
TSTDDIFF Standard deviation of the difference between positive
and negative changes in temperature conditions
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Second‐order polynomial regression analysis highlighted that
more statistically significant associations existed between individual
macroinvertebrate responses and abiotic indices within regulated sys-
tems (n = 23; Table B2a), relative to non‐regulated samples (n = 7;
Table B2b).
APPENDIX C
The following appendix provides details of the definitions for all flow
(discharge) and thermal indices processed in this study (Table C1).
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Appendix B 
The following appendix contains published article within the journal Science and the Total Environment 
underpinning the results of Chapter 5 of the thesis. 
 
Macroinvertebrate community responses to hydrological controls and
groundwater abstraction effects across intermittent and perennial
headwater streams
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H I G H L I G H T S
• Macroinvertebrate communities dif-
fered between intermittent and peren-
nial streams.
• Intermittent streams supported species
of high conservation value.
• No negative ecological effects of
groundwater abstractionwere detected.
• Taxa richness was influenced by the
geographical proximity to the perennial
source along each watercourse.
G R A P H I C A L A B S T R A C T
Taxa migrating upstream from perennial to nearby intermittent reaches com-
pete with and predate temporary water fauna.
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Intermittent rivers comprise a significant proportion of river networks globally and their spatial extent is predict-
ed to increase with rising water abstraction pressures. Despite this, the ecological implications of hydrological
modificationswithin intermittent rivers have received limited research attention. This paper examines macroin-
vertebrate assemblages across intermittent and perennial sections of headwater streams within the Hampshire
Avon catchment (United Kingdom) over a five-year period. The composition of faunal assemblages was quanti-
fied in relation to four hydrologicalmetrics: the duration offlowing conditions, the geographical proximity to the
nearest perennial source along eachwatercourse (two observed flow parameters) and twomodelled groundwa-
ter abstraction influences. The results highlight that macroinvertebrate communities inhabiting sites which dry
periodically and are positioned at greater distances (Nc. 2.5 km) above the perennial source (themost upstream
point of permanent flow within a given year) possessed the highest conservation values. These sites supported
species that are rare in many areas of Europe (e.g. Ephemeroptera: Paraletophlebia werneri) or with limited geo-
graphical distribution across the United Kingdom (e.g. Trichoptera: Limnephilus bipunctatus). A range of faunal
community diversity indices were found to be more sensitive to the antecedent flow duration and distance
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from the perennial source, rather than any effects of groundwater abstraction. Taxonomic richness responded
most strongly to these observedflowparameters and variedmoremarkedlywith the distance from the perennial
source compared to the antecedent flow duration. Several taxa were significantly associated with the observed
flow parameters, particularly those predominantly inhabiting perennially flowing systems. However, the dis-
tance that such fauna could migrate into intermittent reaches varied between taxa. This research demonstrates
the overriding importance of antecedent flow durations and the geographical proximity to perennial sources
on macroinvertebrate communities within intermittent and perennial headwater streams.
Crown Copyright © 2017 Published by Elsevier B.V. This is an open access article under the CC BY license
(http://creativecommons.org/licenses/by/4.0/).
1. Introduction
It is estimated that over half the length of the global river network
dries periodically (Datry et al., 2014b). Although these environments
have historically received limited research attention, the number of
studies on intermittent rivers has dramatically increased in recent
years (Datry et al., 2016; Leigh et al., 2016), reflecting an increasing
awareness of the landscape-scale biodiversity they support and ecosys-
tem services they provide (Acuña et al., 2014; Boulton, 2014; Williams,
2006; Stubbington et al., 2017). The periodic drying of a channel may
benefit some aquatic taxa exhibiting traits which make them resistant
and/or resilient to flow cessation, including egg or larval diapause,
rapid life-cycles and a high dispersal potential (e.g. Bonada et al.,
2007; Cid et al., 2016; Garcia et al., 2017). Such taxa may thrive in inter-
mittent rivers due to reduced biotic competition and predation they ex-
perience compared to perennial waterbodies (Arscott et al., 2010; Datry
et al., 2014b; Fritz and Dodds, 2004; Wood et al., 2005). The spatial
proximity and connectivity of intermittent waterbodies to adjacent pe-
rennial watercourses has been shown to influence faunal assemblages
by controlling the ability of taxa to colonize from perennially flowing
refuges and modify the nature of biotic interactions within temporary
waterbodies (Bogan et al., 2013).
There have been recent calls for the wider conservation of intermit-
tent rivers internationally (Acuña et al., 2014; Leigh et al., 2016), but the
infrastructure and frameworks underpinning river management strate-
gies have traditionally been focussed on perennial systems. For example,
flow gauges are typically located on perennial waterbodies situated on
lower regions of fluvial basins (Hannah et al., 2011) leading to a paucity
of hydrological data on headwater temporary systems (e.g. Carlisle
et al., 2010). In addition, intermittent rivers are grossly underrepresented
within environmental policies, although they are beginning to receive
wider consideration (Acuña et al., 2017; Leigh et al., 2016). The majority
of existing biomonitoring indices used to assess the health of river ecosys-
tems in accordance with environmental policy are based on the sensitiv-
ity of taxa to the degree of nutrient enrichment (such as within the EU
Water Framework Directive - Birk et al., 2012). However, these water
quality designations do not reflect the vulnerability of fauna to hydrolog-
ical variability or drying events (Acuña et al., 2017) and there have been
calls to adapt existing biological metrics or to develop new indices to
more accurately represent the ecological status of intermittent rivers
(e.g. Arthington et al., 2014; Prat et al., 2014). As such, there is a lack of
baseline ecohydrological information on intermittent streams,which cur-
rently limits our scientific understanding of how lotic ecosystems respond
to flowmodifications, including groundwater abstraction practices.
Groundwater contributions to flow variability within fluvial envi-
ronments has been acknowledged globally (e.g. Carlisle et al., 2010;
Hannah et al., 2005; Sear et al., 1999) and is widely acknowledged as
a key driver of biotic communities within lotic systems (e.g. Kath
et al., 2016;Monk et al., 2006; Solans andGarcía de Jalón, 2016). Despite
this, the ecological implications of groundwater abstraction have been
understudied relative to other forms of hydrological modification (e.g.
impoundments – see Poff and Zimmerman, 2010). Studies centred on
low flows and droughts have provided mechanistic insights into how
ecosystems may respond to increased groundwater abstraction pro-
cesses (Bogan and Lytle, 2011; Ledger et al., 2011; Wood and
Armitage, 2004). However, limited empirical evidence exists regarding
ecological responses to such hydrological alterations (but see Bradley
et al., 2014; Kennen et al., 2014), in part due to logistical issues associated
with establishing a gradient of groundwater abstraction pressures, aswell
as the presence of non-impacted (reference) sites (Acreman et al., 2014;
Bickerton et al., 1993; Soley et al., 2012a). The development of groundwa-
ter models allows the influences that such subterranean pressures have
on surfacewaters to bequantified. These can subsequently be usedwithin
water resource management strategies for the development of environ-
mental flow frameworks (Soley et al., 2012b; Wilby et al., 2011).
Within the United Kingdom (UK), the chalk geology (CaCO3), which
underlies large areas of eastern and southern England, is subject tomore
groundwater abstraction than any other aquifer (Soley et al., 2012b).
Headwater chalk streams are typically characterized by stable flow re-
gimes and exhibit consistent wet/dry cycles on an inter-annual basis
due to large seasonal fluctuations in the water table (Sear et al., 1999).
These intermittent rivers are regionally referred to as ‘winterbournes’
and are of national scientific importance within the UK due to their
unique hydrology which supports nationally rare flora and fauna
(Armitage and Bass, 2013; Casey and Ladle, 1976; Punchard and
House, 2009; Berrie and Wright, 1984). However, most ecological re-
search on temporary rivers in the UK has predominantly focussed on
the highly fissured karstic limestone systems in the English Midlands
(e.g. Smith et al., 2003; Stubbington et al., 2016; Wood et al., 2005),
which responds more rapidly to rainfall compared to the chalk and
their remains a need to characterize the ecological and hydrological
characteristics of winterbourne streams.
This paper examinesmacroinvertebrate community responses to ob-
served hydrological parameters and modelled groundwater abstraction
influences on intermittent and perennial reaches of chalk headwater
streams in southern England (UK). The study aimed to: (i) characterize
ecological and hydrological differences between ‘ecohydrological’
groupings used to guide river management strategies across intermit-
tent and perennial headwater chalk streams (Punchard and House,
2009); (ii) quantify the sensitivity of variousmacroinvertebrate commu-
nity diversity indices to the antecedent flow duration, distance from the
closest perennial source along each watercourse and groundwater ab-
straction influences and (iii) examine the responses of selected widely
occurring taxa to observed hydrological parameters.
2. Materials and methodology
2.1. Study area
A total of 62 sites situated along 12 streams in the Hampshire Avon
catchment were examined (Hampshire, UK; Fig. 1). The catchment is
primarily underlain by a chalk lithology (BGS, 2016) and the landuse
is predominantly arable agriculture (NRFA, 2016), resulting in broadly
comparable physico-chemical properties between streams (see Supple-
mentary material, Appendix A). The Hampshire Avon is of international
significance and has been designated as a Special Area of Conservation
(SAC) under the EU Habitats Directives (92/43/EEC), with large areas
of the catchment also being classified as a ‘Site of Special Scientific Inter-
est’ (SSSI; Natural England, 1996). All of the rivers studied dry longitu-
dinally downstream from the headwaters. The length of river subject
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to drying events on an inter-annual basis varies from 4 km to 32 kmbe-
tween the watercourses studied. The regional water company (Wessex
Water plc.) operates 21 groundwater public water sources across the
study region, which collectively extracted ~63Ml/d over the study peri-
od (2002–2007). Sampling sites were located along intermittent sec-
tions of each river and up to 5 km downstream of the source of
permanent flows along each watercourse within a given year (the pe-
rennial source). Samples were collected across the study period during
spring (March–May),whenmost intermittent systems across the catch-
ment should typically be flowing.
2.2. Biological data
All macroinvertebrate samples were collected using a standardised
3-minute kick method, supplemented with a 1-minute hand search
(Murray-Bligh, 1999). All samples were preserved using 70% ethanol in
the field for subsequent processing and identification in the laboratory.
Most samples (n = 116) were identified predominantly to species or
genus level, but some taxa were resolved to family level (primarily Dip-
tera larvae); while Nematoda (phylum), Hydracarina, Microturbelleria,
Oligochaeta, Oribatei (class), Ostracoda (subclass), Cladocera, Collembola
and Lepidoptera (order)were identified as such. Three datasetswere de-
rived from these samples to be used in subsequent analyses: (i) a ‘pres-
ence/absence’ matrix was constructed because a small number of taxa
(notably the early instars of some aquatic insects) could not be consis-
tently resolved to the lowest taxonomic resolution (a full list of taxa sam-
pledwithin this study is presented in Supplementarymaterial, Appendix
B); (ii) a total abundance ‘species/genera’ level datasetwas used to gain a
greater understanding of the community structure and diversity (species
or genus that could not be consistently resolved with confidence were
Fig. 1. The location of the study sites within the Hampshire Avon. Square = study region, dashed line = Hampshire Avon catchment boundary (Source: NRFA, 2016) and circles =
sampling sites.
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aggregated to a coarser taxonomic level; see Supplementary material,
Appendix B); (iii) a ‘family-level’ dataset (total n=171 -which included
55 historic samples that could not be included in ii).
2.3. Hydrological data
Four hydrological metrics were utilized within this study based on
observed flow conditions and modelled groundwater abstraction influ-
ences. Drying patterns along each watercourse were observed on an
inter-annual basis by surveyors monitoring the longitudinal extent of
flowing conditions and dry reaches. All biological sampling sites along
each streamwere visitedmonthly for at least one year prior to sampling
and the presence/absence of flow was recorded. This wet/dry mapping
procedure (known as a ‘winterbourne signature’) allowed two ‘ob-
servedflowparameters’ to be quantified that characterized hydrological
conditions in the year prior to each biological sample: the duration of
Fig. 2. Average (±1 standard error) values for various diversity indices and hydrological metrics exhibited by each EHC group. a) Total abundance; b) Taxonomic richness; c) Simpson's
diversity index; d) Berger-Parker index; e) %EPT taxa; f) CCI; g) Antecedentflowdurations and h)Distance from the perennial source. P= 'Perennial'; T= 'Transitional'; S= 'Seasonal';W
= 'Winterbourne' and I = 'Intermittent'.
Table 1
Description ofmacroinvertebrate community clusters (EHCgroups) reported by Punchard
and House (2009) and used within this study.
Punchard and
House (2009)
This study Description
Perennial Perennial Permanent flows except during extreme drought
and located ~2 km or more downstream of the
perennial source.
Transitional A Transitional 0–3 months dry and located within ~0.5 km of the
perennial source.
Transitional B Seasonal 6–9 months dry and located ~1 km upstream of
the perennial source.
Winterbourne A Winterbourne 6–9 months dry and located ~2.5 km upstream of
the perennial source.
Winterbourne B
Winterbourne C
Intermittent Intermittent At least 9 months dry and located ~7.5 km
upstream of the perennial source.
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antecedent flow and the distance (km) of eachmacroinvertebrate sam-
ple site from the perennial source along eachwatercourse. These ranged
from negative (upstream) to positive (downstream) values.
The ‘Wessex Basin’ regional groundwater model was utilized to
quantify groundwater abstraction influences on macroinvertebrate
communities in the year preceding each biological sample. TheWessex
Basin model is a time variant numerical groundwater flow model. It
combines representations of rainfall, routed runoff, evapotranspiration
and recharge rates adapted from the ‘MODFLOW’ groundwater model
(for full details, see ENTEC UK, 2010; Soley et al., 2012b). The model
covers the Wessex Water plc. region overlaying Upper Greensand and
chalk lithologies. The groundwater model divides the area into
250x250mgrid cells which have been assigned specific geological prop-
erties (permeability and storage) and groundwater can leave (or enter)
the aquifer via stream cells, which are located along perennial and
winterbourne stream valleys. For each stream cell, the model outputs
a historical (subject to water losses and abstraction) and naturalised
(flows with no hydrological alterations) discharge time series at ap-
proximately 10-day intervals (3 modelled outputs per month). Model
outputs have been calibrated against observed groundwater levels and
river flow data (Soley et al., 2012b). The location of each biological sam-
pling sitewas spatially joined to its respective streamcell usingGIS soft-
ware (ArcMap 10.1). Subsequently, historical and naturalised discharge
time series were obtained from themodel for up to 1-year prior to each
macroinvertebrate sample collection date from each respective stream
cell. Twomeasures of groundwater abstraction influences were derived
from these time series: (i) the average difference between the historical
and naturalised discharge time series when values were N0 (i.e. the re-
duction in total water volume due to groundwater abstraction when
there was a modelled stream flow) and (ii) the number of model out-
puts when the historical and naturalised discharge time series equalled
and exceeded 0, respectively (i.e. the reduction in the duration of
flowing conditions due to groundwater abstraction); thus accounting
for potential anthropogenic modifications to flow magnitude (i) and
duration (ii - see Poff et al., 1997). Groundwater abstraction influences
reduced discharge magnitudes by 0–67.03% (mean = 12.04%) and
flow durations by 0–8 model outputs (~0–2.7 months; mean = 0.84
or ~0.3 months).
Fig. 2 (continued).
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3. Data analysis
3.1. Characterising ecohydrological classification groups
Preliminary analyseswere undertaken to examine the statistical var-
iation accounted for by different hydrological groupings and clustering
techniques on macroinvertebrate communities (for both family- and
species/genus-level data). This demonstrated that the ‘ecohydrological
classification’ (EHC) groups reported by Punchard and House (2009)
accounted for the greatest amount of ecological variance (see Supple-
mentarymaterial, Appendix A). The authors established the EHC groups
by clustering the composition of the ‘family-level’ macroinvertebrate
dataset examined within this study into seven groups (see Table 1)
using ‘Two-Way Indicator Species Analysis’ (Hill, 1979) and attributed
ecological differences between these groups to variable hydrological
characteristics (see Table 1). The nomenclature of these groups has
been established in accordance with existing flow permanence classifi-
cations and denote specific hydrological conditions; although 'intermit-
tent' and 'winterbourne' are used elsewhere in the manuscript as
collective terms for rivers which periodically cease flows globally and
within UK chalk regions, respectively (see Introduction). The ‘Intermit-
tent’ EHC group displays a lower degree of flow permanence than
Table 2
Macroinvertebrate taxa significantly associated with different EHC groups based on IndVal analysis. IV = Indicator value. Stars indicate the degree of significance: * = p ≤ 0.05; ** = p ≤
0.01; *** = p ≤ 0.001.
Taxa IV p-value Taxa IV p-value
Perennial Transitional
Hydropsyche siltalai 0.885 0.001*** Helobdella stagnalis 0.619 0.001***
Ephemera danica 0.864 0.001*** Bathyomphalus contortus 0.424 0.005**
Limnius volckmari 0.827 0.001*** Dendrocoelum lacteum 0.375 0.023*
Leuctra sp. 0.824 0.001*** Nebrioporus sp. 0.374 0.01**
Rhyacophila sp. 0.794 0.001*** Polycelis nigra 0.342 0.025*
Sericostoma personatum 0.786 0.001*** Gammarus pulex 0.309 0.040*
Athripsodes sp. 0.756 0.001***
Hydroptila sp. 0.756 0.001***
Mystacides sp. 0.708 0.001***
Sialis lutaria 0.678 0.001***
Orectochilus villosus 0.663 0.001***
Potamopyrgus antipodarum 0.655 0.001***
Silo nigricornis 0.653 0.001***
Chaetopteryx villosa 0.644 0.001***
Lepidostoma hirtum 0.632 0.001***
Caenis sp. 0.627 0.001***
Elmis aenea 0.622 0.001*** Seasonal
Polycelis felina 0.597 0.001*** Dolichopodidae/Rhagionidae 0.293 0.037*
Paraleptophlebia submarginata 0.594 0.001***
Agapetus sp. 0.582 0.001***
Glossiphonia complanata 0.579 0.001***
Potamophylax cingulatus/latipennis 0.56 0.001***
Dicranota sp. 0.559 0.001***
Ancylus fluviatilis 0.536 0.001***
Ecdyonurus sp. 0.532 0.001***
Polycentropus flavomaculatus 0.508 0.002**
Elodes sp. 0.502 0.001***
Hydracarina 0.501 0.001***
Anisus vortex 0.498 0.001***
Oreodytes sanmarkii 0.497 0.002** Winterbourne
Riolus subviolaceus 0.48 0.001*** Paraleptophlebia werneri 0.717 0.001***
Oecetis testacea 0.48 0.001*** Limnephilus bipunctatus 0.629 0.001***
Valvata sp. 0.461 0.001*** Nemoura cinerea/lacustris 0.607 0.001***
Piscicola geometra 0.455 0.007** Isoperla grammatica 0.515 0.001***
Oulimnius sp. 0.455 0.005** Aplexa hypnorum 0.493 0.004**
Gyraulus crista 0.445 0.003** Dryops sp. 0.491 0.002**
Asellus aquaticus 0.425 0.005** Anisus leucostoma 0.474 0.001***
Bithynia tentaculata 0.421 0.004** Agabus sp./Ilybius sp. 0.413 0.006**
Serratella ignita 0.416 0.008** Niphargus aquilex 0.406 0.008**
Limoniidae 0.408 0.012* Limnephilus vittatus 0.366 0.017*
Lype sp. 0.403 0.010** Radix balthica 0.312 0.017*
Drusus annulatus 0.397 0.007** Hydroporus sp. 0.296 0.041*
Baetidae 0.391 0.001*** Galba truncatula 0.294 0.046*
Physa fontinalis 0.382 0.011*
Planorbis carinatus 0.354 0.028*
Calopteryx splendens 0.354 0.03*
Micronecta sp. 0.354 0.028*
Ithytrichia sp. 0.354 0.033*
Tinodes waeneri 0.354 0.031*
Heptagenia sulphurea 0.343 0.027*
Halesus digitatus 0.343 0.017*
Sphaeriidae 0.332 0.018*
Halesus radiatus 0.323 0.026*
Empididae 0.322 0.027* Intermittent
Oxyethira sp. 0.315 0.043* Microturbellaria 0.354 0.008**
Hydropsyche pellucidula 0.315 0.023* Sciomyzidae 0.338 0.026*
Erpobdella octoculata 0.302 0.029* Hydrophilidae 0.318 0.033*
Ceratopogonidae 0.294 0.023* Ostracoda 0.264 0.038*
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‘Seasonal’ flow regimes (see Williams, 2006). The three ‘Winterbourne’
EHC groups established by Punchard and House (2009) were combined
in the statistical analyses presented within this study (see Table 1) and
possess similar flow durations to the Seasonal group, but are typically
positioned further upstream of the perennial source. The ‘Transitional’
EHC group only dries for short-term periods (sensu Stubbington et al.,
2009) and is located within a close proximity to ‘Perennial’ reaches.
All subsequent analyses were conducted using R studio version 3.3.1
(R Development Core Team, 2014). To comparatively examine structur-
al differences in macroinvertebrate compositions between EHC groups,
five community diversity indices were derived from the family-level
community dataset: total abundance, taxonomic richness, inverse
Simpson's diversity index (Oksanen, 2016), Berger-Parker index
(Seaby andHenderson, 2007) and the percentage abundance of Ephem-
eroptera, Plecoptera and Trichoptera taxa (%EPT). Each of these diversi-
ty indices were then linearly modelled against the EHC groups
(independent variable). Subsequently, model residuals were plotted
against fixed values to assess the homogeneity of variances and
Quantile-Quantile (QQ) plots were inspected to ensure that the data
was normally distributed (which was conducted for all statistical
models herein). Community abundances were log10(X + 1) trans-
formed to ensure these assumptions were met. Differences in each of
these community diversity indices between EHC groups were statisti-
cally analysed using a one-way ‘Analysis of Variance’ (ANOVA). The
four hydrological metrics (i.e. two observed flow parameters and two
modelled groundwater abstraction indices) were tested for collinearity
by ensuring all ‘Variance Inflation Factors’ were below 3 (Zuur et al.,
2010). Differences in each of these between the EHCgroupswere exam-
ined via a Kruskal-Wallis (KW) test (a non-parametric one-way ANOVA
that approximates a Χ2 distribution) given that the data was not nor-
mally distributed.
To test which taxa were significantly associated with a specific EHC
group, a group-equalized ‘Indicator Value’ (IndVal) analysis was per-
formed using Pearson's phi coefficient of association as a fidelity value
(see Tichy and Chytry, 2006). This was conducted via the ‘multipatt’
function in the ‘indicspecies’ package (De Caceres and Jansen, 2016),
which iteratively measures the correlation between two binary
vectors and was undertaken using the ‘presence-absence’ (species/
genus-level) matrix. The same dataset was used to examine the conser-
vation value of each EHC group via the Community Conservation Index
(CCI) (sensu Chadd and Extence, 2004). The CCI reflects the national
conservation status of aquatic macroinvertebrate communities based
on the designated rarity of taxa and the community richness of samples.
Differences in CCI values between each of the EHC groupswas examined
via a KW test. The multivariate composition of macroinvertebrate com-
munity abundances and contrasts between the EHC groups was visual-
ized using an ‘Non-metric Multidimensional Scaling’ (NMDS). This was
conducted via the ‘metaMDS’ function within the ‘Vegan’ package
(Oksanen et al., 2017), using the Bray-Curtis dissimilarity measure.
3.2. Hydrological controls on macroinvertebrate community diversity
indices
The five macroinvertebrate community indices examined within
this study (see above) were derived from both the family- and
species/genus-level community datasets. These were used as fixed ef-
fects and modelled against the four hydrological metrics within
mixed-effect models. Z-scores were derived for each hydrological met-
ric to standardize the influences of each fixed effect between rivers. The
year of sample collection and the identity of each watercourse were
used as random effects to account for any potential lack of spatial or
temporal independence between samples. Random slope models were
fitted in all instances using a maximum-likelihood approximation.
The taxonomic richness was examined using a ‘generalized linear
mixed-effect model’ (GLMM) modelled with a Poisson distribution,
which was conducted via the ‘glmer’ function in the lme4 package
(Bates et al., 2016). The ‘dispersion_glmer’ function within the ‘blmeco’
package (Korner-Nievergelt et al., 2015) was used to ensure that
GLMM'swere not under- or overdispersed (by ensuring valueswere be-
tween 0.75 and 1.4). To validate the assumptions of each GLMM, simu-
lated residuals (whichworks comparably to parametric bootstrapping –
see Hartig, 2016) were plotted using the ‘simulateResiduals’ function in
the ‘DHARMa’ package (Hartig, 2017). All other diversity indices were
tested using linear mixed-effect models (LMM) via the ‘lmer’ function
in the lme4 package. Community abundances were log10(X+1) trans-
formed and %EPT was square-root transformed to normalize residuals
and equalize variances. Subsequently, the ‘dredge’ function within the
‘MuMIn’ package (Bartoń, 2017) was used to derive the optimal set of
hydrological metrics influencing the diversity index tested within each
LMMandGLMM. This function fits differentmodels comprising all com-
binations of the fixed effects and ranks them by the corrected Akaike in-
formation criterion (AICc). Themost parsimonious model within 2 AICc
units of the model exhibiting the lowest AICc value was selected as the
‘optimal’ model. The significance of each optimal model was obtained
via likelihood ratio tests (Winter, 2013). The explanatory power of the
statistical models was derived from marginal pseudo r-squared values
(r2m; see Nakagawa and Schielzeth, 2013), which quantifies the vari-
ance explained by the fixed effects and were obtained using the
‘rsquared.glmm’ function in MuMIn. Graphics for the GLMM outputs
were prepared using raw hydrological values and confidence intervals
were constructed using the framework outlined in Jamil et al. (2013).
3.3. The responses of specific taxa to observed hydrological parameters
The influence of the antecedent flow duration and distance from the
perennial sourcewere tested against specific taxa using ‘generalized ad-
ditive mixed-effect models’ (GAMMs) via the ‘gamm’ function in the
‘mgcv’ package (Wood, 2017). These were constructed to account for
a potential lack of temporal and spatial independence (as above), as
well as non-linear responses. GAMMs were derived for taxa which
were: (i) consistently identified to species- or genus-level; (ii) present
within at least 25% of samples; and (iii) found to be significantly associ-
ated with a specific EHC group (previously identified through IndVal).
Fig. 3. NMDS plots of macroinvertebrates species-level community abundances between
EHC groups. Triangles = ‘Perennial’; Diamonds = ‘Transitional’; Squares = ‘Seasonal’;
Circles = ‘Winterbourne’; Inverted triangles = ‘Intermittent’.
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The raw abundances of these taxa were log10(X + 1) transformed and
modelled against the additive effects of the antecedent flow duration
and distance from the perennial source (fixed effects; with z-scores
being obtained for these parameters), with the year of sample and wa-
tercourse identity being used as random effects. GAMMs were fitted
using a maximum-likelihood approximation in all instances and plots
were constructed using raw hydrological series.
4. Results
4.1. Biological and hydrological characteristics of EHC groups
Community abundances (F = 128.77, p b 0.001), family richness
(F = 122.70, p b 0.001), Simpson's diversity (F = 10.09, p b 0.001),
Berger-Parker (F = 11.65, p b 0.001) and %EPT (F = 43.06, p b
Fig. 4. Occurrence probability of taxonomic richness in relation to observed flow parameters obtained by mixed-effect models. a) Family richness versus the distance from the perennial
source; b) Family richness versus the antecedent flow duration; c) Species richness versus the distance from the perennial source and d) Species richness versus the antecedent flow
duration.
Table 3
Outputs from themixed-effectmodels containing the optimal combinations of hydrological metrics influencing eachmacroinvertebrate community diversity index. Stars indicate the de-
gree of significance: * = p ≤ 0.05; ** = p ≤ 0.01; *** = p ≤ 0.001.
Dataset Response Model Χ2 p-value r2m
Family Total abundance Antecedent flow duration 2721.93 b0.001*** 0.29
Taxonomic richness Antecedent flow duration + Distance from perennial source 508.51 b0.001*** 0.66
Simpson's diversity Distance from perennial source 16.55 b0.001*** 0.08
Berger-Parker Distance from perennial source 10.50 0.001** 0.05
%EPT taxa Antecedent flow duration + Distance from perennial source 60.75 b0.001*** 0.24
Species/genus Taxonomic richness Antecedent flow duration + Distance from perennial source 469.54 b0.001*** 0.59
Simpson's diversity Antecedent flow duration + Distance from perennial source 37.53 b0.001*** 0.21
Berger-Parker Distance from perennial source 8.84 0.002** 0.07
%EPT taxa Antecedent flow duration + Distance from perennial source 50.89 b0.001*** 0.33
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0.001) all differed significantly between EHC groups. The ‘Transition-
al’ group supported the highest number of individuals, followed by
the ‘Perennial’ group (Fig. 2a). Perennial sites supported the greatest
number of macroinvertebrate families (Fig. 2b) and along with the
‘Winterbourne’ group possessed a high community diversity
(Fig. 2c) and a large percentage abundance of EPT taxa (Fig. 2e).
The Perennial and Winterbourne groups were less influenced by
dominant taxa compared to the Transitional and ‘Seasonal’ groups,
which exhibited much higher Berger-Parker index values (Fig. 2d).
The EHC groups exhibited contrasting hydrological characteristics,
with the antecedent flow duration (H = 124.39, p b 0.001) and the
distance from the perennial source (H = 129.69, p b 0.001) differing
most markedly. Although some EHC groups displayed similar ante-
cedent flow durations prior to biological sample collection (e.g. ‘Pe-
rennial’ versus ‘Transitional’ and ‘Seasonal’ versus ‘Winterbourne’;
see Fig. 2g), differences between the distance of each site from the
perennial source were clear between all groups (see Fig. 2h). Reduc-
tions in flow magnitude (H = 11.10, p = 0.025) and duration (H =
32.19, p b 0.001) associatedwith groundwater abstraction influences
also differed significantly between EHC groups, but there was less
confidence in thesemodels (as indicated bymuch lower H values rel-
ative to the outputs from KW tests analysing the observed hydrolog-
ical parameters).
IndVal identified a range of macroinvertebrate taxa (across multiple
taxonomic orders) which were significantly associated with different
EHC groups (see Table 2). The Perennial group contained the largest
number of taxa (n = 58 – see Table 2), while the Seasonal group was
only significantly associated with the dipteran ‘Dolichopodidae/
Rhagionidae’. The CCI values differed significantly between EHC groups
(H = 53.75, p b 0.001), with those possessing shorter flow durations
and located further upstreamdisplaying the highest conservation scores
(most notably the ‘Winterbourne’ group; see Fig. 2f). The degree to
which specialist Winterbourne taxa were present within other EHC
groups varied between species/genera, although those with higher con-
servation scores were most prevalent within the Winterbourne group
(see Supplementarymaterial, Appendix A). NMDS plots highlighted dis-
tinct shifts in macroinvertebrate community compositions with EHC
groups distributed along the first axis in accordance with the duration
of antecedent flow and the distance from the perennial source (peren-
nial to intermittent – left to right on axis 1 – see Fig. 3).
4.2. Hydrological influences on macroinvertebrate community diversity
parameters
The distance from the perennial source was includedwithin 8 out of
9 optimal LMM's and GLMM's, while groundwater abstraction influ-
ences were not incorporated into any optimal model (see Table 3).
The duration of antecedent flowwas incorporated within 6 of the 9 op-
timal LMM's and GLMM's that accounted for the highest amount of the
statistical variation (24%–66%− r2m= 0.24–0.66, see Table 3). The ob-
served hydrological parameters accounted for the greatest amount of
statistical variation when modelled against taxonomic richness (for
both family- and species/genus-level data). This diversity index was
positively associated with both the duration of antecedent flow and
the proximity to the perennial source; but the former exhibited a
much shallower statistical gradient (see Fig. 4a and c) compared to
the latter (see Fig. 4b and d).
4.3. Responses of individual taxa to observed hydrological parameters
Nineteen taxa and their responses to observed hydrological param-
eters were examined via a series of GAMMs (see Table 4). Taxa from
the Perennial EHCgroup respondedmost strongly andwere particularly
sensitive to the duration of antecedent flow. Observed hydrological pa-
rameters accounted for the greatest amount of statistical variation
when modelled against ‘Elmis aenea’ (Coleoptera; adjusted r2 = 0.82)
and ‘Caenis’ sp. (Ephemeroptera; adjusted r2 = 0.73). These Perennial
taxa were all significantly associated with the duration of antecedent
flow and the distance from the perennial source. This was also observed
for ‘Gammarus pulex’ (Amphipoda; adjusted r2 = 0.69) and ‘Polycelis
nigra/tenius’ (Tricladida; adjusted r2 = 0.21), which were significantly
associated with the Transitional EHC group (samples which were typi-
cally characterized by short-term drying events and located ~2 km fur-
ther upstream of the ‘Perennial’ group; see Table 1 and Fig. 2g and h).
GAMM outputs highlighted these species exhibited higher abundances
further upstreamof the perennial source compared to other taxa associ-
ated with the Perennial EHC group (see Fig. 5). Observed hydrological
parameters accounted for the lowest amount of statistical variation
when modelled against taxa associated with the Winterbourne EHC
group, but ‘Paraleptophlebia werneri’ (Ephemeroptera) and ‘Nemoura
cinerea/lacustris’ (Plecoptera) were both significantly associated with
the duration of antecedent flow (see Table 4).
5. Discussion
5.1. Hydrological parameters and biotic compositions of the EHC groups
The results of this research demonstrate the importance of hydro-
logical controls in structuring macroinvertebrate communities across
intermittent and perennial headwater streams. The first aim of the
study examined the ‘ecohydrological classifications’ (EHCs) reported
by Punchard and House (2009) for use within a regional management
context. The EHC groups accounted for a higher amount of statistical
variance compared to alternative clustering techniques (see Supple-
mentary material, Appendix A) and supported distinct macroinverte-
brate communities. The results highlighted that the duration of
antecedent flow and the distance of sample points from the closest pe-
rennial source along each watercourse differed more profoundly be-
tween EHC groups than groundwater abstraction influences. EHC
groups characterized by a greater degree offlowpermanence supported
greater macroinvertebrate community abundances and a high taxo-
nomic richness, as widely reported in other studies (e.g. Datry et al.,
Table 4
GAMM outputs examining the responses of select taxa to observed hydrological parame-
ters. Stars indicate the degree of significance: NS= non-significant; * = p ≤ 0.05; **= p ≤
0.01; *** = p ≤ 0.001.
EHC group Taxa r2 Antecedent flow
duration
Distances from
the perennial
source
F p-value F p-value
Perennial Elmis aenea 0.82 34.00 b0.001*** 4.98 b0.001***
Caenis sp. 0.73 12.45 b0.001*** 7.31 b0.001***
Limnius volckmari 0.68 11.10 0.001** 7.46 b0.001***
Sericostoma
personatum
0.63 14.47 b0.001*** 2.70 0.030*
Seratella ignita 0.6 63.67 b0.001*** 5.39 0.010**
Agapetus sp. 0.49 8.29 0.005** 4.14 0.003**
Glossiphonia
complanata
0.48 61.84 b0.001*** 1.42 0.236(NS)
Hydroptila sp. 0.48 2.05 0.155(NS) 3.50 0.004**
Asellus aquaticus 0.40 41.86 b0.001*** 6.40 0.013*
Valvata sp. 0.30 28.14 b0.001*** 5.11 0.023*
Erpobdella
octoculata
0.18 11.51 b0.001*** 0.83 0.364(NS)
Transitional Gammarus pulex 0.69 25.27 b0.001*** 4.54 0.002**
Bathyomphalus
contortus
0.23 15.69 b0.001*** 3.10 0.081(NS)
Polycelis nigra 0.21 6.12 0.008** 10.83 0.001**
Winterbourne Anisus leucostoma 0.3 3.39 0.068(NS) 3.42 0.011*
Nemoura lacustris 0.19 24.71 b0.001*** 0.67 0.414(NS)
Paraleptophlebia
werneri
0.16 9.54 b0.001*** 2.98 0.087(NS)
Niphargus aquilex 0.15 0.11 0.745(NS) 2.23 0.064(NS)
Isoperla grammatica 0.00 1.15 0.286(NS) 0.39 0.533(NS)
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2014a; Garcia et al., 2017). Although the ‘Perennial’ EHC group was sig-
nificantly associatedwith the highest number of taxa, sites characterized
by shorter flow durations and located further upstream exhibited the
highest conservation values, particularly the ‘Winterbourne’ EHC group.
This was due to the presence of nationally rare taxa such as the
ephemeropteran ‘Paraleptophlebia werneri’, the trichopteran ‘Limnephilus
bipunctatus’ and the hypogean specialist amphipod ‘Niphargus aquilex’
which occur in the benthos of headwater streams. While macroinverte-
brate communities characterising theWinterbourne group were subject
to comparable antecedent flow durations to the ‘Seasonal’ EHC group,
sites belonging to the former were typically located approximately
2 km further upstream; suggesting that it is not only the degree of flow
intermittency driving the composition of these biotic communities, but
also their spatial proximity to perennial reaches (see below). This was
probably a key factor driving low community diversity values exhibited
by the Seasonal group, which were dominated by a small number of
taxa and supported few EPT species. Sites within the ‘Intermittent’ EHC
group were also characterized by low community diversity values, likely
due to shorter flowdurations precludingmany temporarywater special-
ists from completing their life-cycle, as reported elsewhere (e.g. Bonada
et al., 2007; Stubbington et al., 2009; Garcia et al., 2017). However, mac-
roinvertebrate communities residing within these sites displayed high
conservation values, demonstrating how such environments can support
specialist taxa with limited geographical distribution across the UK.
5.2. Macroinvertebrate community diversity responses to hydrological
controls
Several authors have recently advocated the need to examine biotic
metrics against continuous (as opposed to categorical) hydrological var-
iables to provide a mechanistic understanding of ecological processes
within intermittent rivers (e.g. Arscott et al., 2010; Datry, 2012). To ad-
dress this, the present study modelled various macroinvertebrate com-
munity diversity indices against observed hydrological parameters and
modelled groundwater abstraction influences. The duration of anteced-
entflow and the distance from the perennial source consistently yielded
all optimalmodel outputs. The influence offlow intermittency on differ-
ent macroinvertebrate alpha-diversity measures has been well docu-
mented and perennial environments have been consistently found to
support a greater taxonomic richness (e.g. Arscott et al., 2010; Santos
and Stevenson, 2011; Storey, 2016). Datry et al. (2014a) compiled re-
sults from various studies on intermittent rivers globally and highlight-
ed that taxonomic richness and %EPT taxa were negatively correlated
with flow intermittency. Results from this study demonstrated that
Fig. 5. The relationship between the log10(X + 1) transformed abundance of select taxa in relation to the distance from the perennial source outputted by the GAMM's. a) Elmis aenea;
b) Caenis. sp.; c) Gammarus pulex and d) Polycelis nigra.
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sites exhibiting longer antecedent flow durations supported a higher
number of taxa, reflecting the known effects of the extirpation of aquat-
ic taxa from sites which become dry (e.g. Cid et al., 2016; Garcia et al.,
2017; Ledger et al., 2011).
The present study found that taxonomic richness was the most re-
sponsive diversity index to observed hydrological parameters and was
particularly sensitive to the distance from the perennial source (for
both family- and species/genus-level datasets). The geographical prox-
imity of perennial and intermittent reaches in relation to sample site lo-
cation has been reported as a key factor controlling macroinvertebrate
community compositions due to is regulatory effect on the aerial and
aquatic colonization of fauna into intermittent sites (Bogan and
Boersma, 2012; Bogan et al., 2013; Cañedo-Argüelles et al., 2015;
Gore, 1982).
5.3. The responses of individual taxa to observed hydrological parameters
Variousmacroinvertebrate taxa recorded in this studywere strongly
associated with the duration of antecedent flow and distance from the
perennial source. Some species may flourish in intermittent streams
that possess specific biological traits which allow them to complete
their life-cycle in an environment with reduced biotic competition and
predation (e.g. Arscott et al., 2010; Datry et al., 2014b). In this study,
the univoltine mayfly larvae, P. werneri was significantly associated
with the duration of antecedent flow and is known to be adapted to in-
termittent flows via the production of drought-resistant eggs (Wright
et al., 1984). The stonefly larvae N. cinerea/lacustris (with the two spe-
cies being grouped in this study due to their morphological similarity)
was also significantly associated with the duration of antecedent flow.
N. cinerea is widely recognized as a temporary stream specialist due to
their eggs exhibiting a long diapause and possessing a gelatinous coat
which protects them from drying events (Berrie and Wright, 1984).
N. lacustris has only recently been discovered within the UK and have
only been identified within winterbourne streams to date (Armitage
and Bass, 2013; House and Tapia, 2014). Their persistence within inter-
mittent streams is likely to be a function of their eggs experiencing a
dormant phase after being deposited (Armitage and Bass, 2013).
The biological traits exhibited bymacroinvertebrate taxa also govern
their dispersal potential. For example, Bogan and Boersma (2012)
highlighted that some taxa (e.g. Coleoptera: Liodessus sp) could widely
colonize waterbodies at various distances from a source stream, while
other fauna (e.g. Diptera: Culex sp.) were less likely to colonize isolated
habitats. Results from this study demonstrated that the distance that se-
lect perennial fauna couldmigrate into intermittent reaches differed be-
tween taxa. Notably, the flatworm (Platyhelminth: Polycelis nigra/
tenuis) and freshwater shrimp (Amphipoda: Gammarus pulex) were
often sampled from sites upstream of the perennial source. Punchard
and House (2009) proposed that the persistence of ‘Winterbourne’
communities is dependent on temporary stream sections being long
enough to restrict the upstreammigration of G. pulex, whichwould oth-
erwise predate on specialist intermittent taxa and/or compete for their
habitats and resources. Given the influence thatG. pulexhas been shown
to have on macroinvertebrate community compositions within river
systems (e.g. Kelly et al., 2006), the length of temporary reaches is likely
to be highly influential in regulating the distance this fauna can migrate
upstream. Various other studies have reported that although G. pulex
can successfully colonize intermittent reaches, they have not been
able to colonize the headwater reaches of winterbourne streams posi-
tioned at greater distances from perennial sources (Armitage and Bass,
2013; Berrie and Wright, 1984; Wright et al., 1984).
5.4. Study implications
Although the ecological implications of groundwater abstraction
practices have been examined on chalk river systems within the UK,
such research has been confined to perennial systems (e.g. Bickerton
et al., 1993; Castella et al., 1995). The influences of groundwater abstrac-
tion on instream communities has been rarely examined due to difficul-
ties quantifying the influences that such water management practices
have on surfacewaters. This study examinedmacroinvertebrate commu-
nity responses to groundwater abstraction influences on the magnitude
and duration of flow events. These two facets of river flow regimes (see
Poff et al., 1997) have been proven to have widespread ecological effects
across intermittent and perennial river systems (Chinnayakanahalli et al.,
2011; Belmar et al., 2013; Solans and García de Jalón, 2016). This study
utilized a regional groundwater model to compare historic and
naturalised discharge time series from the same section of river (i.e.
each individual model stream cell), rather than flow outputs between
different reaches/stream cells. As such, this approach does not wholly
consider the spatial implications of groundwater contributions to flow
variability along intermittent rivers (see Konrad, 2006; Kath et al.,
2016). However, this approachwas adopted due to local hydrogeological
influences on flow variability not always being reliably accounted for by
the groundwater model; whereas differences between model runs from
the same stream cell are driven exclusively by anthropogenic activities,
which can be more readily incorporated into the groundwater model.
As such, this approach was deemed to be the most reliable method of
quantifying the effects of groundwater abstraction on instream commu-
nities. To date, few studies have examined any formof hydrological alter-
ation within temporary waterways and greater research attention is
required to address this knowledge gap. A notable exception to this is
Chessman et al. (2010), who examined macroinvertebrate responses to
water extraction influences (as well as other hydrological alterations)
and reported similar ecological trends to those observed within this
study, with biotic differences between intermittent and perennial sys-
tems being greater than those associatedwithflowmodifications. Recent
studies have highlighted that establishing flow-ecology relationships can
be related to modelled groundwater abstraction influences in order to
predict biotic responses along a gradient of hydrological disturbance
(Bradley et al., 2014; Kennen et al., 2014). Given the vulnerability of in-
termittent rivers to increased water extraction globally (Datry et al.,
2014b; Larned et al., 2010), further studies are needed to examine the
ecological implications of groundwater abstraction influences within in-
termittent rivers.
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A B S T R A C T
Temporary rivers comprise a significant proportion of river networks globally and their prevalence is expected to
increase as a result of future climate change and anthropogenic water resource pressures. Despite this, the
influence of drying events on freshwater biomonitoring tools within temporary rivers has received limited re-
search attention within temperate environments. This study examines the effects of flow permanence and
longitudinal drying patterns on selected biomonitoring indices used within the United Kingdom to assess the
ecological status of waterbodies within the context of the Water Framework Directive. These indices are based on
faunal tolerances and preferences to nutrient enrichment (BMWP, ASPT and Ntaxa) and flow velocity (Family
LIFE). Long-term biomonitoring data from four rivers within southern England were examined, two of which dry
longitudinally from the headwaters and two that dry within the mid-reaches. The results demonstrate that all of
the biomonitoring indices examined differed significantly between each ‘hydrological class’ (i.e. temporary
versus perennial reaches), with those based on absolute scores (BMWP and Ntaxa) displaying greater differences
compared to those derived using scores standardized by the number of taxa recorded (ASPT and Family LIFE).
The individual influence of drying pattern did not have a significant effect on any biomonitoring index.
However, the interaction between the hydrological class and drying pattern significantly influenced all bio-
monitoring indices, indicating that the effect of flow intermittency on the metrics examined differed between
drying patterns. Flow permanence explained a greater amount of statistical variation compared to the hydro-
logical class and highlights the importance of the duration of flowing conditions on biomonitoring indices. The
results indicate that flow intermittency has a significant effect on freshwater biomonitoring tools and highlights
the need to incorporate this knowledge into existing management and environmental policy frameworks to
prevent the misclassification of the ecological status of temporary streams.
1. Introduction
Temporary rivers, also referred to as intermittent, non-perennial, or
ephemeral, are lotic ecosystems that experience the cessation of surface
flows partially or completely for a period of time (Leigh et al., 2016).
Temporary rivers are widely distributed across drainage basins span-
ning all climatic zones, where they make a substantial contribution to
the total channel length and discharge volume of the global river net-
work (Larned et al., 2010; Datry et al., 2014b). The total channel length
of temporary streams within river networks is predicted to increase in
response to rising volumes of water abstraction and future climate
change, resulting in a greater frequency and duration of channel drying
events (Palmer et al., 2008; Acuña et al., 2014). However, temporary
streams are often not specifically recognised or incorporated within
environmental policy frameworks and there remains a need to examine
the influence of flow intermittency on the biomonitoring indices cur-
rently employed in the implementation of environmental legislation
(Leigh et al., 2016; Acuña et al., 2017).
The flora and fauna supported by temporary streams display a range
of adaptions to the variations between wet and dry periods (Stanley
et al., 1994; Boersma et al., 2014). The duration of flowing conditions
will govern the survival of temporary water specialists as this will
dictate whether taxa can complete their life-cycle (Bogan et al., 2013;
Garcia et al., 2017). In addition, catchment-wide longitudinal drying
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patterns (sensu Lake, 2003) potentially regulate fauna being able to
colonize and persist within temporary streams. For example, rivers that
dry within the mid-reaches possess upstream and downstream per-
ennial sources from which taxa can migrate (aquatically or aerially)
into temporary reaches once flows resume (Storey and Quinn, 2008;
Arscott et al., 2010). In contrast, the (re)colonization of taxa from
permanent waterbodies may require longer periods of time within
rivers that dry from the headwaters as fauna are forced to migrate
aquatically upstream or aerially disperse (Wright et al., 1984; Wood
et al., 2005; White et al., 2018).
Although temporary and perennial rivers support distinct faunal
assemblages, the ecological status of most lotic systems is characterised
by the same biomonitoring indices as those employed in perennial
systems internationally (Dallas, 2013; Leigh et al., 2016). Macro-
invertebrates are one of the most widely utilized freshwater biomoni-
toring indicator group globally, with a large number of biotic indices
and tools available based on faunal tolerances and preferences in re-
lation to specific pressures (Rosenberg and Resh 1993; Buss et al.,
2015). Within Europe, the majority of macroinvertebrate biomoni-
toring indices used in the implementation of the Water Framework
Directive (European Union, 2000) are largely based on the sensitivity of
taxa to nutrient enrichment (Birk et al., 2012) and have been pre-
dominantly guided by evidence from perennial environments (Reyjol
et al., 2014). The inappropriate use of such metrics within temporary
streams could lead to such systems being ecologically misclassified
(Acuña et al., In Press). Although the utilization of biomonitoring in-
dices within temporary waterbodies has been researched within Med-
iterranean climates (e.g. Morais et al., 2004; Munné and Prat, 2011;
Mazor et al., 2014), it has not been explored within temperate regions,
despite the widespread geographical distribution of temporary streams
within these environments (see Stubbington et al., 2017).
Within the United Kingdom (UK), the sensitivity of macro-
invertebrates to nutrient enrichment has underpinned the biotic indices
used to characterise the ecological health and status of aquatic en-
vironments for the Water Framework Directive (Birk et al., 2012;
Paisley et al., 2014). To complement these, some national environ-
mental regulators have developed additional biomonitoring tools to
assess specific pressures, such as flow velocity/discharge (Extence et al.,
1999) or fine sediment loading (Extence et al., 2013), which may aid in
the identification of any underlying causes of failure to achieve the
required ecological target (e.g. Clews and Omerod, 2009). However,
aquatic biomonitoring indices have traditionally not considered the
effects of flow intermittency on lotic communities within the UK (but
see Chadd et al., 2017) and compliance with the Water Framework
Directive has been historically focussed on biotic communities sampled
from sites situated in lower parts of the catchment which possess per-
manent flow regimes. This study examines how macroinvertebrate
community biomonitoring indices routinely employed by environ-
mental regulators and river managers within the UK have been affected
by flow intermittency and longitudinal drying patterns over a long-term
(> 20 years) time period.
2. Methods
2.1. Study area and data collection
Four streams overlaying chalk geology (CaCO3) in southern England
(UK) were examined. The waterbodies display two distinct longitudinal
‘drying patterns’ (DP; Fig. 1): two rivers which dry longitudinally
downstream from the headwaters (River Tarrant and Chitterne Brook)
and two that dry outwards from the mid-reaches and possess upstream
and downstream sources of perennial water (Devil’s Brook and North
Winterbourne). Three of the rivers are primarily surrounding by arable
agriculture (National River Flow Archive, 2017a, 2017c), although the
Chitterne Brook is surrounding by large areas of grassland (National
River Flow Archive, 2017b). Temporary streams are widespread across
chalk headwaters due to large seasonal fluctuations in the water table
(Sear et al., 1999) and are regionally called ‘winterbournes’. The strong
geological influence of the chalk on the receiving waters produces a
highly stable flow regime which does not respond rapidly to rainfall.
This typically results in a low stream power which limits the potential
sediment transport capacity, leading to shorter riffles often being in-
terspersed by longer stretches of slow-flowing habitats (Sear et al.,
1999). The physico-chemical properties of these systems are typically
characterized by high alkalinity, conductivity and nutrient levels due to
the strong geological influence of the underlying chalk. Chalk streams
typically display high dissolved oxygen levels due to abundant macro-
phyte growths and also typically support diverse macroinvertebrate and
fish communities (Sear et al., 1999). All of the study sites are routinely
monitored by the Environment Agency (the statutory environmental
regulator within England) and all four rivers have been classified as
possessing a ‘Good’ chemical status consistently across recent years and
a hydromorphological condition regarded as ‘not being artificial or
heavily modified’ (Environment Agency, 2017). Many chalk stream
catchments are subject to groundwater abstraction practices which can
potentially influence the hydrological variability within these systems
(Soley et al., 2012). However, White et al. (2018) could not detect any
ecological implications of such flow alterations across the study region,
which indicates that such activity has minimally affected the biotic
compositions inhabiting the rivers examined within the present study.
In spite of this, the rivers have been classified as ecologically failing in
accordance with the Water Framework Directive across multiple years
during the study period (Environment Agency, 2017).
Long-term flow intermittency patterns were established along three
of the studied rivers, whereby biological sampling locations were vis-
ited on a monthly basis for ≥13 years and the presence/absence of
surface water flow was recorded. This procedure was also undertaken
along the Devil’s Brook for two years and hydrological information
obtained from this was validated using expert opinion from regional
surveyors and consultation of existing literature (e.g. Arnott et al.,
2009) to assign biological sites to flow permanence (FP) groups (see
below). Macroinvertebrate samples were collected by Wessex Water
plc. (the regional water company) and the Environment Agency as part
of routine biomonitoring between 1990 and 2014 (n = 326). Com-
parable numbers of samples were analysed from ‘perennial’ (n = 160)
and ‘temporary’ (n = 166) sites (termed as the two ‘hydrological
classes’ (HC) herein). These were defined as sites that flow continuously
(except possibly during extreme drought events) and sites which dry
periodically, respectively. Samples were collected during routine bio-
monitoring sampling periods of spring (n = 175) and autumn (n = 95),
with additional samples being collected during summer (n = 56) often
to monitor the ecological effects of low flows. Temporary sites were also
subdivided into FP categories based on the available hydrological in-
formation, which were adapted from existing hydrological classifica-
tions of chalk headwater streams in the study region (see Punchard and
House, 2009; White et al., 2018): ‘intermittent’ (sites typically flowing
for less than 4 months each year – n = 13); ‘winterbourne’ (sites nor-
mally flowing for 4–9 months each year and almost always flowing
during the winter months – December-February – n = 42) and ‘transi-
tional’ (sites typically dry for up to 3 months each year but in wetter
years may flow continuously – n = 111). These were examined
alongside samples from ‘perennial’ sites, so that four FP categories were
investigated in total.
Macroinvertebrate samples were collected following the
Environment Agency’s sampling protocol for routine biomonitoring
assessment, whereby during flowing conditions the surveyor would
disturb the river bed via a kicking motion for 3 min across all habitats
present (e.g. macrophytes, gravels), with the time designated to each
habitat being divided proportionally relative to their occupied surface
area. Following this, a 1 min hand search of instream material was
performed to obtain taxa attached to bed features difficult to disturb via
kicking (e.g. larger substrates; Murray-Bligh, 1999; ISO, 2012).
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Macroinvertebrates were predominantly identified to family-level in
accordance with the taxonomic resolution typically used for biomoni-
toring indices to fulfil legislative obligations in the environmental
sector (ISO, 2012). This was with the exception of Oligochaeta, which
were recorded as such. The ‘Biological Monitoring Working Party’
(BMWP) score and its derivatives ‘Average Score Per Taxon’ (ASPT) and
‘Number of scoring taxa’ (Ntaxa) were calculated for each sample to
represent the sensitivity of macroinvertebrate communities to nutrient
enrichment (Armitage et al., 1983; Hawkes 1998). ASPT is calculated
by dividing the BMWP scores by Ntaxa. These standard biomonitoring
indices have been historically employed by the Environment Agency (as
well as other statutory environmental bodies in the UK) to underpin the
macroinvertebrate quality element of the ecological status assessment
established within the Water Framework Directive. In addition, the
family-level ‘Lotic-invertebrate Index for Flow Evaluation’ (Family
LIFE: Extence et al., 1999) was calculated as a supplementary metric as
it characterizes the preferences and tolerances of taxa to flow velocities
and may be more sensitive to reduced surface flows and water loss. This
index is also standardized by the number of taxa recorded and in-
corporates the abundance of taxa within its derivation. Family LIFE is
routinely used by UK regulatory bodies to set water abstraction licence
conditions and track drought effects.
2.2. Data analysis
All analyses were conducted within R studio version 3.3.1 (R
Development Core and Team, 2014). Mixed-effect models were utilized
to examine the sensitivity of biomonitoring indices (dependent vari-
ables) to the hydrological class (HC), drying pattern (DP) and flow
permanence (FP), which were used as fixed effects. The influences of
HC, DP, and their interactive effects were examined in relation to each
biomonitoring index. The influence of FP on biomonitoring indices was
examined within separate mixed-effect models due to an uneven
number of samples within FP categories for each DP, which precluded a
FP × DP interaction from being reliably tested. BMWP and Ntaxa were
modelled using a Poisson distribution via ‘generalized linear mixed-ef-
fect models’ (GLMMs), while ASPT and Family LIFE were modelled with
a Gaussian distribution using linear mixed-effect models (LMMs); these
were conducted using ‘glmer’ and ‘lmer’ functions (respectively) within
the ‘lme4′ package (Bates et al., 2017). The identity of each watercourse
and sampling season were used as random effects in all models to ac-
count for any potential lack of spatial or temporal independence be-
tween macroinvertebrate samples. Random intercept models were
fitted in all instances using a maximum-likelihood approximation. The
degree of model dispersion within each GLMM was tested via the ‘dis-
persion_glmer’ function within the blmeco package and an observation-
level random effect was added when values exceeded 1.4 to ensure that
models weren’t over-dispersed (Korner-Nievergelt et al., 2015). Re-
sidual diagnostics plotted from the ‘simulateResiduals’ function in the
DHARMa package (Hartig, 2017) was used to examine the model as-
sumptions of each GLMM. For LMMs, Quantile–Quantile (QQ) plots
were inspected to ensure that the data were normally distributed and
Pearson residuals were examined against fixed values to assess the
homogeneity of variances and to identify outliers (Bolker et al., 2009; a
maximum of 4 values were removed from an individual model). The
significance of each fixed effect comprising all GLMMs and LMMs was
obtained via likelihood ratio tests. The amount of statistical variation
accounted for by each fixed effect was derived from marginal pseudo r-
squared values (R2m; see Nakagawa and Schielzeth, 2013) and were
obtained using the ‘rsquared.glmm’ function in MuMIn (Bartoń, 2017).
All graphics were prepared using the ggplot2 package (Wickham and
Chang, 2016).
3. Results
All biomonitoring indices were significantly influenced by the hy-
drological class (HC – i.e. ‘temporary’ or ‘perennial’) and its interaction
with the drying pattern (DP). However, no biomonitoring indices were
significantly affected by the individual influence of DP (see Table 1).
Perennial sites typically obtained higher BMWP scores and Ntaxa values
compared with temporary reaches along rivers which dried long-
itudinally from the headwaters, but overlapped more so within rivers
that dried from the mid-reaches (see Fig. 2a and b). ASPT and Family
LIFE scores displayed less marked differences between each HC for both
DPs, although marginally increased within perennial sites at streams
drying longitudinally from the headwaters and slightly decreased at
perennial sites positioned along watercourses which dried within the
mid-reaches (see Fig. 2c and d). The amount of statistical variance
explained by each biomonitoring index was always lower when con-
sidering HC (maximum R2m= 0.25) compared to FP (maximum
Fig. 1. The location of the studied rivers within the
United Kingdom.
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R2m= 0.41; see Table 1). All biomonitoring indices differed sig-
nificantly between FP groups, with those being calculated from abso-
lute values (BMWP and Ntaxa) accounting for a greater amount of
statistical variation compared to metrics derived from averaged values
(ASPT and Family LIFE; see Table 1). BMWP and Ntaxa scores were
always lowest within the ‘intermittent’ FP group and exhibited an
overall positive association with the degree of flow permanence. Within
rivers which dried longitudinally from the headwaters, BMWP and
Ntaxa scores increased substantially from ‘transitional’ to ‘perennial’
sites, but overlapped considerably between these FP groups on rivers
which dried in the mid-reaches (see Fig. 3a and b). ASPT and Family
LIFE scores increased more consistently across FP groups within rivers
drying longitudinally from the headwaters, but peaked within the
transitional FP group in rivers drying from the mid-reaches (Fig. 3c and
d). Family LIFE scores displayed the greatest amount of variability
within intermittent sites (Fig. 3d).
4. Discussion
4.1. The use of biomonitoring indices within temporary streams
Despite a recent increase in international interest, temporary rivers
remain largely understudied compared to their perennial counterparts
(Datry et al., 2014a, 2014b; Leigh et al., 2016). It is widely recognised
that temporary and perennial environments support distinct biotic
communities (e.g. Stubbington et al., 2009; Arscott et al., 2010; Bogan
et al., 2013; White et al., 2018). However, the ecological status of
temporary streams is usually characterised using the same metrics as
those designed and utilized within perennial systems (Reyjol et al.,
2014; Leigh et al., 2016). The influence of flow intermittency on ex-
isting biomonitoring indices has been more widely explored within
Mediterranean environments (e.g. Morais et al., 2004; Munné and Prat,
2011; Mazor et al., 2014) due to the widespread occurrence of tem-
porary waterbodies within such climates (Dallas, 2013; Cid et al.,
2017). However, the reliability of ecological metrics on temporary
streams within temperate environments has been comparatively un-
derstudied (Stubbington et al., 2017) and has not been widely con-
sidered beyond this study.
4.2. Differences in biomonitoring indices between temporary and perennial
streams
The results of this study indicated that the biomonitoring indices
used to assess the ecological status of UK waterbodies for the Water
Framework Directive differed significantly between hydrological
classes (HC; i.e. ‘temporary’ or ‘perennial’) and also varied as a function
of longitudinal drying patterns (DP). Temporary reaches supported
macroinvertebrate communities characterized by a lower number of
taxa (Ntaxa) and BMWP scores. The former might be anticipated given
the greater number of macroinvertebrate species that perennial wa-
terbodies typically support compared with temporary systems (e.g.
Wood et al., 2005; Datry, 2012; Datry et al., 2014a). Higher BWMP
scores associated with perennial flows highlights that such environ-
ments supported taxa which are sensitive to drying events and nutrient
enrichment. This can be expected given the ability of taxa to resist both
stressors is often dependent on comparable faunal traits (Mazor et al.,
2014; Acuña et al., 2017). ASPT and Family LIFE scores did not differ as
markedly between temporary and perennial sites, which probably re-
flects an averaging effect on the derivation of the final score that
standardizes natural differences in alpha-diversity between temporary
and perennial waterbodies (see Stubbington et al., 2017). Similarly,
Munné and Prat (2011) found that unlike the Iberian BMWP (IBMWP –
a regional adaptation of the BMWP score; Alba Tercedor et al., 2002),
the Iberian ASPT score was not significantly influenced by hydrological
variability and attributed this to the relative values of nutrient sensitive
taxa when compared to the IBMWP score. This standardizing effect
within the ASPT calculation has been demonstrated to control for
spatial and temporal changes in taxonomic richness, thus allowing
wider comparison between rivers than that possible using the BMWP
score (Armitage et al., 1983; Chadd and Extence, 2004). This may also
partly account for Family LIFE scores differing less profoundly between
perennial and temporary reaches. In addition, Family LIFE is likely to
be less sensitive to channel drying as it has been designed to account for
the ecological requirements of instream aquatic taxa (even for taxa
adapted to temporary waterways) and summarizes the velocity pre-
ferences of taxa present when sites are flowing, rather than their sen-
sitivity to flow cessation events (Extence et al., 1999).
4.3. The influence of drying pattern on biomonitoring indices
The longitudinal drying pattern that occurs within a river network
has the potential to structure the biotic communities via its effect on the
dispersal potential of taxa. For example, downstream aquatic dispersal
(passively or actively) has been demonstrated as the dominant me-
chanism by which taxa migrate from perennial to temporary reaches
within rivers which dry in the mid-reaches (Arscott et al., 2010; Bogan
et al., 2013). Despite none of the studied biomonitoring indices being
significantly influenced by the individual effect of DP, all indices re-
sponded significantly to the interaction between DP and HC, high-
lighting that the influence of flow cessation events on biomonitoring
tools varied between streams exhibiting different longitudinal drying
patterns (see below).
4.4. The responses of biomonitoring indices to varying degrees of flow
permanence
The results from this study demonstrated that all of the biomoni-
toring indices considered responded more strongly to flow permanence
(FP) categories compared to HC, indicating that the duration of flowing
conditions macroinvertebrate communities were exposed to was critical
to their composition and resulting biomonitoring scores. BMWP and
Ntaxa displayed an overall positive trend within increasing flow per-
manence. This reflects the widely reported pattern of sites with longer
flow durations supporting a greater number of taxa (Datry et al., 2014b)
and the association between taxa which are sensitive to channel drying
also being more vulnerable to organic enrichment (). However, the rate
at which these metrics increased with flow permanence differed be-
tween each DP. BMWP and Ntaxa values increased markedly between
‘transitional’ (sites typically drying for< 3 months annually) and
‘perennial' sites positioned along streams which dried longitudinally
Table 1
(G)LMM outputs examining the responses of biomonitoring indices to the drying pattern,
hydrological class and interaction between the two, as well as the flow permanence. Stars
indicate the degree of significance: NS = non-significant; * = p≤ 0.05; ** = p≤ 0.01;
*** = p≤ 0.001.
Indices Model Χ2 p-value r2m
BMWP DP 0.15 0.697(NS) 0.03
HC 114.02 < 0.001*** 0.25
DP × HC 85.12 < 0.001*** 0.38
FP 204.70 < 0.001*** 0.41
Ntaxa DP 0.30 0.354(NS) 0.00
HC 145.33 < 0.001*** 0.24
DP × HC 86.63 < 0.001*** 0.37
FP 228.89 < 0.001*** 0.39
ASPT DP 0.45 0.500(NS) 0.01
HC 31.47 < 0.001*** 0.10
DP × HC 80.34 < 0.001*** 0.28
FP 108.36 < 0.001*** 0.27
Family LIFE DP 0.15 0.700(NS) 0.00
HC 10.67 0.001** 0.04
DP × HC 33.46 < 0.001*** 0.14
FP 88.76 < 0.001*** 0.25
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from the headwaters, but were broadly comparable between the same
FP groups along rivers which dried in the mid-reaches. It is likely that
the presence of upstream permanent waterbodies allowed taxa to ra-
pidly migrate and recolonize downstream sites with the resumption of
flow (Arscott et al., 2010; Bogan et al., 2013), offsetting the influence of
short-term (c. < 3 months) drying events on biomonitoring scores ob-
tained from rivers which dry within the mid-reaches. In addition,
within rivers exhibiting the same DP, ASPT and Family LIFE scores were
typically higher within transitional sites compared to those recorded
within perennial sites. This suggests that certain taxa migrating
downstream from perennial refuges to transitional sites may be sensi-
tive to nutrient enrichment and adapted to higher flow velocities.
Conversely, ASPT and Family LIFE scores displayed a positive correla-
tion with a clear gradient across FP groups within rivers drying from the
headwaters, further suggesting that longitudinal drying patterns modify
the influence of channel drying on biomonitoring indices, as reported
elsewhere (e.g. Storey and Quinn, 2008).
All biomonitoring scores exhibited their lowest values within in-
termittent sites. Such environments may be dominated by taxa dis-
playing high tolerances to nutrient enrichment, such as Chironomidae
(Order: Diptera; which have a BMWP score of 2). At the family level,
Chironomidae can tolerate a wide range of environmental conditions
(Paisley et al., 2014), are able to quickly colonize temporary waters and
can complete their life-cycle rapidly following the resumption of sur-
face flow (Bogan et al., 2013; Cañedo-Argüelles et al., 2016). Average
Family LIFE scores were typically lowest within intermittent sites, al-
though this metric encountered a high degree of variability within this
FP group. Low Family LIFE scores probably reflect the predominance of
taxa that are adapted to both slow flow and lentic conditions, as well as
dry river channels; this includes some aquatic Coleoptera (e.g.
Fig. 2. Boxplots highlighting differences in biomonitoring index values between each hydrological class and drying pattern. a) BMWP; b) Ntaxa; c) ASPT; d) Family LIFE. Boxes show the
25th, 50th and 75th percentiles, whiskers indicate the minimum and maximum values within 1.5 times of the interquartile range.
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Dytiscidae and Hydrophilidae) and Gastropoda families (e.g. certain
Lymnaeidae and Planorbidae; Punchard and House, 2009; Armitage
and Bass, 2013; White et al., 2018). However, despite Family LIFE
being found to respond significantly to flow variability (Monk et al.,
2006), this association becomes unreliable when flows cease and the
velocity preferences of fauna may not correspond with thresholds in
hydrological conditions associated with drying events (see Chadd et al.,
2017). This almost certainly explains the greater degree of variability
and uncertainty associated with highly intermittent sites which typi-
cally dry for at least nine months annually.
4.5. Study implications
The watercourses examined within this study have frequently been
classified as ecologically “failing” across multiple years, despite con-
sistently possessing a ‘Good’ chemical status and hydromorphological
properties without significant anthropogenic alteration (Environment
Agency, 2017). The results of this study strongly suggest that flow in-
termittency is causing the ecological status of the studied rivers to be
misclassified. This supports the view of several authors who have called
for the ecological status of temporary river systems to be more reliably
quantified (Prat et al., 2014; Leigh et al., 2016) and highlights the need
for environmental policy to incorporate biomonitoring indices or tools
that account for the ecological implications of natural and artificial
stream drying events (see Chadd et al., 2017). Further research is re-
quired to examine how sensitive different ecological metrics are to
different degrees of flow permanence. Examining various biomoni-
toring tools designed to quantify the sensitivity of biotic communities to
different environmental pressures (including flow intermittency) may
provide a greater causal understanding of mechanisms driving ecolo-
gical change (Clews and Omerod, 2009) and potentially identify metrics
which can detect environmental pressures irrespective of channel
Fig. 3. Boxplots highlighting differences in biomonitoring index values between each flow permanence group and drying pattern. a) BMWP; b) Ntaxa; c) ASPT; d) Family LIFE. Boxes
show the 25th, 50th and 75th percentiles, whiskers indicate the minimum and maximum values within 1.5 times of the interquartile range.
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drying events (Morais et al., 2004; Mazor et al., 2014). The results of
this study demonstrate that existing biomonitoring indices, which are
routinely utilized within the UK to classify the ecological status of
waterbodies for the Water Framework Directive, are significantly af-
fected by flow intermittency and do not necessarily reflect biotic re-
sponses to a targeted environmental stressor within temporary streams.
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Appendix D 
The following appendix outlines the indices utilised within Chapter 6 and 7 within the thesis characterising  the antecedent hydrological conditions (Q) and 
anthropogenically altered flows (AF).  
Q index Description (units: m3/sec) AF index Description (units: % alteration) 
QJana Average January discharge  AFJana Average flow alteration in January 
QFeba Average February discharge  AFFeba Average flow alteration in February 
QMara Average March discharge  AFMara Average flow alteration in March 
QApra Average April discharge  AFApra Average flow alteration in April 
QMay Average May discharge  AFMay Average flow alteration in May 
QJun Average June discharge  AFJun Average flow alteration in June 
QJul Average July discharge  AFJul Average flow alteration in July 
QAug Average August discharge  AFAug Average flow alteration in August 
QSep Average September discharge  AFSep Average flow alteration in September 
QOct Average October discharge  AFOct Average flow alteration in October 
QNov Average November discharge  AFNov Average flow alteration in November 
QDec Average December discharge  AFDec Average flow alteration in December 
QMin1 Minimum 1-day average discharge AFMin1 Minimum 1-day average altered flows 
QMin3 Minimum 3-day average discharge AFMin3 Minimum 3-day average altered flows 
QMin7 Minimum 7-day average discharge AFMin7 Minimum 7-day average altered flows 
QMin30 Minimum 30-day average discharge AFMin30 Minimum 30-day average altered flows 
QMin90 Minimum 90-day average discharge AFMin90 Minimum 90-day average altered flows 
QMax1 Maximum 1-day average discharge AFMax1 Maximum 1-day average altered flows 
QMax3 Maximum 3-day average discharge AFMax3 Maximum 3-day average altered flows 
QMax7 Maximum 7-day average discharge AFMax7 Maximum 7-day average altered flows 
QMax30 Maximum 30-day average discharge AFMax30 Maximum 30-day average altered flows 
QMax90 Maximum 90-day average discharge AFMax90 Maximum 90-day average altered flows 
QJulianMinb Julian date of minimum discharge AFJulianMinb Julian date of minimum altered flows 
2 
 
QJulianMaxa,b Julian date of maximum discharge AFJulianMaxb Julian date of maximum altered flows 
QLPCa,b Number of daily flow events <Q75 AFLPCa,b Number of daily altered flow events <AF75 
QLPDb Average number of days flow events <Q75 AFLPDb Average number of days flow events <AF75 
QHPCa,b Number of daily flow events >Q75 AFHPCa,b Number of daily altered flow events >AF25 
QHPDb Average number of days flow events >Q25 AFHPDb Average number of days flow events >AF25 
QRises Number of consecutive days flows increased AFRises Number of consecutive days altered flows increased 
RR Average rate of flow increase on consecutive days AFRR Average rate of altered flow increase on consecutive days 
QFalls Number of consecutive days flows decreased AFFalls Number of consecutive days altered flows decreased 
FR Average rate of flow decrease on consecutive days AFFR Average rate of altered flow decrease on consecutive days 
QMean7 Average flow in the 7-days prior to sampling AFMean7 Average altered flow in the 7-days prior to sampling 
QMax7 Maximum flow in the 7-days prior to sampling AFMax7 Maximum altered flow in the 7-days prior to sampling 
QMin7 Minimum flow in the 7-days prior to sampling AFMin7 Minimum altered flow in the 7-days prior to sampling 
QMean30 Average flow in the 30-days prior to sampling AFMean30 Average altered flow in the 30-days prior to sampling 
QMax30 Maximum flow in the 30-days prior to sampling AFMax30 Maximum altered flow in the 30-days prior to sampling 
QMin30 Minimum flow in the 30-days prior to sampling AFMin30 Minimum altered flow in the 30-days prior to sampling 
QMean90 Average flow in the 90-days prior to sampling AFMean90 Average altered flow in the 90-days prior to sampling 
QMax90 Maximum flow in the 90-days prior to sampling AFMax90 Maximum altered flow in the 90-days prior to sampling 
QMin90 Minimum flow in the 90-days prior to sampling AFMin90 Minimum altered flow in the 90-days prior to sampling 
QMean180 Average flow in the 180-days prior to sampling AFMean180 Average altered flow in the 180-days prior to sampling 
QMax180 Maximum flow in the 180-days prior to sampling AFMax180 Maximum altered flow in the 180-days prior to sampling 
QMin180 Minimum flow in the 180-days prior to sampling AFMin180 Minimum altered flow in the 180-days prior to sampling 
Q10 Discharge exceeded 10% of the time AF10 Altered flow value exceeded 10% of the time 
Q95 Discharge exceed 95% of the time AF95 Altered flow value exceed 95% of the time 
Baseflow QMin7 / Mean discharge AFBaseflow AFMin7 / Mean altered flow 
a = Indices removed from analyses in Chapter 6. b = Indices removed from analyses in Chapter 7.  
 
